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Iron (Fe) is an essential element for the biochemical and physiological functioning 
of terrestrial and oceanic organisms. Speciation describes the chemical forms in which Fe is 
present in an aquatic environment. It is important to understand Fe speciation due to its 
existence with organic matter in a complexed form. Those complexes are causing the 
formation of different species of Fe, which affect its bioavailability and hence, 
biogeochemistry. The samples used for Fe-speciation in the present study were collected from 
freshwater (Whau River), estuarine (Mersey River estuary and Whau River estuary) and coastal 
waters (Liverpool Bay) and were measured for Fe-speciation using competitive ligand exchange–
adsorptive cathodic stripping voltammetry (CLE-AdCSV). The technique measures the Fe-binding 
complexes and conditional stability constants of those complexes in the presence of an electroactive 
artificial ligand, which is added to obtain the CSV signals and the natural ligand to determine the 
complex stability of the natural species. The strength of the so-called detection window is a function 
of stability constant and the concentration of the artificial ligand. Usually, different optimised 
windows are used to measure weaker or stronger natural Fe-binding ligands, respectively.  For 
most CLE-AdCSV methods, high concentrations of artificial ligands are added to measure strong 
ligands. However, for salicylaldoxime (SA), used as the artificial ligand for the determination of 
natural organic Fe-ligands, this rule does not apply. This is because electrochemical inactivity of 
the FeSA2 complex and the analytical sensitivity decreases with an increase in added ligand 
concentration. Despite this technical complication, this thesis was aimed at identifying 
multiple Fe-binding natural ligand classes by performing speciation analysis at more than 
one analytical window. For this purpose, multiple analytical windows (MAWs) were obtained 
by varying the concentration of added ligand (SA). The data obtained from different analytical 
windows applied to the same sample were analyzed individually and simultaneously by Excel-based 





agreed and demonstrated the presence of only one ligand class dominating in all samples and was 
in excess of the iron concentration throughout the salinity range tested. The ligand 
concentration co-varied with that of iron-binding humic substances (Fe-HS) only in 
Mersey River estuary whereas a moderate correlation was observed between dFe-
complexing ligand and Fe-HS, UVA and UVC humic-like fluorophore, suggesting that 
humic-type ligands account only a partial pool for dFe-complexing ligands within Whau 
River and Whau River estuary. Measurement of the composition of dissolved organic 
carbon (DOC) using 2-dimensional fluorescence scans indicated the presence of terrestrial 
as well as microbial sources of organic matter within the estuaries. The fraction of HS in 
the DOC amounted to between 4 and 46 % whereas in freshwater 80 %. Phytoplankton 
productivity endorses the presence of high nutrient loads within the Whau River estuary. 
Dissolved organic matter (DOM) characterization was attained at molecular levels 
for samples collected from Mersey River estuary and Liverpool Bay using electrospray 
ionization coupled to Fourier transform ion cyclotron resonance mass spectrometry technique (ESI 
FT-ICR MS). The complexity of molecular level data was resolved with the aid of advance 
multivariate statistical tools. The presence of heteroatomic containing molecular formulae in high 
abundance among total molecular formulae was evident for impact from anthropogenic inputs onto 
DOM composition.  
The detection and chemical characterization of Fe-complexes are only slowly 
progressing due to the high diversity of natural DOM in the natural aquatic environment. 
The chemical identity of naturally occurring Fe-binding complexes can only be determined 
by the direct analysis of their physical and chemical characteristics that require sufficient 
quantities of natural Fe-complexing ligands (milligram to gram quantities of isolated material). 





nanomolar), technical and economic reasons are the big hurdles toward the isolation of those Fe 
chelators and subsequently, compound-specific characterizations. In the present study, we have 
statistically combined the data obtained from molecular characterization of dissolved organic matter 
with voltammetric data. The knowledge on metal ligands and DOM molecular composition in the 
same system are essentially absent in the literature, and it is very valuable to the community by 
improving our knowledge towards trace metal cycling and subsequently, to better predict the 
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1.1 An Overview 
Fe is an essential micronutrient and plays an important role in sustaining life. The 
current understanding regarding role of Fe as limiting nutrient for primary production and 
its possible consequences for climate change has led to more scientific interest in the study 
of Fe in global marine biogeochemical cycles. Emphasis has been generated on the 
investigation of composition, sources and provenance of Fe-complexing ligands which are 
hindering further advances in the field of trace metal biogeochemistry in the aquatic 
environments. Owing to our limited understanding about the role, composition, sources and 
chemical structure of metal-binding ligands, a knowledge gap exist between accurate trace 
metal modelling and subsequently, trace metal cycle predictions which affecting our ability 
to accurately respond to projected global alteration due to climate change. Estuaries by 
rivers are the largest source of Fe to the ocean but Fe is prone to removal due to various 
physio-chemical reactions occur at land-seawater interfaces. The overall aim of this thesis 
is to study Fe speciation within estuarine and coastal waters, with a goal to improve our 
knowledge and understanding about Fe-binding ligands, their role, composition and 
sources within the study area.  
1.2 Role of oceans in climate change, the case for 
iron 
Fe is present in about 5.6 % in the earth’s crust, being in the top five most abundant 
elements (Taylor, 1964). It is an important constituent of a large number of vital 
biochemical functions such as photosynthesis and respiratory electron transport, nitrate 
reduction and detoxification of reactive oxygen species (Caprara et al., 2016; Hutchins and 
Boyd, 2016; Hutchins et al., 1999; Sunda and Huntsman, 1995). Fe addition to iron limited 




waters (Martin and Fitzwater, 1988) and creates a shift in community dominance from 
small cells toward larger diatoms (Hoffmann et al., 2006; Price et al., 1994) which are 
responsible for most of the new primary productions in the ocean. Fe regulates nitrogen 
fixation by photosynthetic diazotrophs in nutrient poor low latitude waters (Geider and La 
Roche, 1994; Hogle et al., 2014; Raven et al., 1999). However, Fe hold a unique paradox: 
In contrast to its high biological demand and its great abundance in the earth’s crust, Fe is 
one of the most insoluble metal in oxic seawater. An important control on Fe level in the 
sea is the concentration of dissolved oxygen (O2). At the high O2 concentrations found in 
most of the contemporary open ocean, combined with the pH of the seawater (7.9 – 8.2), 
Fe occurs at extremely low concentration due to the formation of thermodynamically stable 
ferric oxides and hydroxides through hydrolysis (Tian, 2006). These stable oxidized forms 
are only sparingly soluble in seawater and are not considered to the directly available for 
biological uptake (Morel et al., 1991; Rich and Morel, 1990). 
Fe is important in regulating the global carbon cycle by maximizing the efficiency 
of the biological pump during photosynthesis (Caprara et al., 2016): The greenhouse effect 
related to Earth’s radiation. The greenhouse gases (H2O, CH4, CO2, CFCs) act as a global 
blanket, preventing heat transport from the atmosphere to the space, thereby increasing the 
temperature and largely determining the climate on earth. This natural greenhouse effect 
warms the surface temperature of the earth and the troposphere by about 35 °C and thus 
maintains favourable conditions for life on the planet (the planetary surface temperature 
would be -18 °C otherwise, if no infrared trapping occurred) (Lindzen, 1990). CO2 is the 
most important of the greenhouse gases apart from H2O. Ever since the onset of the 
industrial revolution, large scale burning of fossil fuels due to human activities has caused 
a rapid rise of atmospheric CO2 concentration (Keeling et al., 1976). Nowadays the values 




are continue to rise (Boyd, 2015; Feely et al., 2004). Past CO2 values have been made from 
analysis of CO2 in air bubbles trapped in polar ice (Avendaño et al., 2016; Boyd, 2015; 
Neftel et al., 1985). There is concern that the current ≈100 ppm increased CO2 will give 
rise to an excessive global warming of similar magnitude because of the anthropogenic 
enhancement of the greenhouse effect (Avendaño et al., 2016).  
In the ocean, marine phytoplankton may be responsible for up to 50 % of the total 
primary productions on Earth, although they make up only less than 1 % of total primary 
producer biomass. This uncoupling between primary production and biomass is a 
consequence of the more than three orders of magnitude faster turnover time of marine 
plant biomass (average 2 to 6 days) (Falkowski and A., 1998) than that of terrestrial 
biomass (average 13 - 19 years) (Thompson et al., 1996). Because of the rapid turnover of 
the ocean’s biomass, the nutrients (Carbon: Nitrogen: phosphorus with Redfield ratios of 
106:16:1) that regulate primary production in the ocean have a significant effect on the 
global carbon cycle and subsequently play a key role in controlling the world’s climate 
(Falkowski et al., 1991; Field et al., 1998). In accordance with this, Martin et al. (1990) 
suggested that an increase of the biologically available Fe input to high nutrient low 
chlorophyll (HNLC) oceanic regions, by means of up to 50 - fold dust loading could have 
relieved the Fe deficiency that at present limits biological productivity and biomass. He 
further postulated that this relief from Fe limitation enabled phytoplankton to bloom, 
increasing the efficiency of the biological pump, hence causing CO2 drawdown from the 
atmosphere and significant global climate change (Martin et al., 1990). By such a 
mechanism, enhanced ‘greenhouse’ effect from increasing anthropogenic carbon emission 
may be reduced (Martin, 1990).  




The chemical species and forms of iron make the chemistry of iron difficult to 
understand yet stimulating to study. Based on the physical size, the chemical forms of Fe 
are primarily divided into truly dissolved, colloidal and particulate form (Gledhill and 
Buck, 2012; Ibisanmi et al., 2011). The different physio-chemical forms of dFe include 
Fe(II), truly soluble, and inorganic Fe in addition to organically complexed Fe and colloidal 
Fe, with different biological mobility (Hunter and Boyd, 2007; Kuma and Matsunaga, 
1995; Maldonado and Price, 2001). The colloidal Fe pool makes up between 30 and 91% 
of dFe pool. The role of this physio-chemical speciation of Fe is also important to 
understand the biogeochemical cycling of iron in the ocean. The mass balance form of Fe 
based on physical size is represented as: 
𝐹𝑒𝑡𝑜𝑡𝑎𝑙 =  𝐹𝑒𝑝𝑎𝑟𝑡𝑖𝑐𝑢𝑙𝑎𝑡𝑒  +  𝐹𝑒𝑡𝑟𝑢𝑒𝑙𝑦 𝑠𝑜𝑙𝑢𝑏𝑙𝑒  + 𝑑𝐹𝑒  
The mass balance of dFe from chemical perspective is described as: 
𝑑𝐹𝑒 =  𝐹𝑒′  +  𝐹𝑒𝐿 +  𝐹𝑒𝑖𝑛𝑒𝑟𝑡  
Where Feʹ represent labile inorganic iron complexes, FeL represent Fe organic 
ligand complexes, and Feinert represents the dissolved Fe fraction bound up in matrices that 
are essentially non-labile.  
1.4 Iron chemistry in seawater  
To get a complete understanding of trace metal biogeochemical cycling, it is 
important to fully understand its role in different spheres. Speciation is the chemical form 
of metal in which it is present. The understanding of metal cycling can only be gained after 
accurate understanding of their speciation which governs their solubility and bioavailability 
(Avendaño et al., 2016; Waska et al., 2015; Waska et al., 2016). Fe speciation is 
complicated due to its existence in two redox states i.e., Fe(II) and Fe(III), which exhibit 




dFe pool in the surface water. The dFe is the fraction of Fe that can pass through 0.2 or < 
0.45 micron filter. Though, It is the highly biologically available fraction of Fe (Gledhill 
and Buck, 2012; Kuma and Matsunaga, 1995) but it is prone to rapid oxidation by O2 and 
H2O2 in oxic water (Gledhill and Buck, 2012). Fe(III) is the thermodynamically favoured 
form of Fe, highly reactive with respect to hydrolysis, adsorption and complex formation 
(Rue and Bruland, 1995; Rue and Bruland, 1997). It can be reduced to Fe(II) 
photochemically and/or microbially (Maldonado and Price, 2001) maintaining the 
significant steady state concentration of Fe(II) in surface waters (Laglera et al., 2011). 
Due to the insolubility of oxidized Fe and its consequential removal from solution, 
which is tightly coupled to the atmospheric oxygen content, the concentration of dFe in the 
modern day oceans, on average, is very low. As a result, Fe concentrations in today’s 
oxygenated oceans are more than 3 orders of magnitude lower than in the sub-oxic Archean 
(3.8 to 2.5 billion years) ocean (Johnson et al., 1997). 
Despite being the fourth most abundant element on earth (Taylor, 1964), dFe 
concentrations in open ocean surface waters is below 0.2 nM (Boyd and Ellwood, 2010; 
Boyd et al., 2010). About 99.9% of dFe is present as complexes with organic ligands 
throughout the water column and the origin of these ligands remain largely unknown 
(Gledhill and van den Berg, 1994; Rue and Bruland, 1995; van den Berg, 1995). A 
significant fraction of these ligands are apparently bound within colloids (Boyd and 
Ellwood, 2010). These ligand help increase the solubility of Fe in seawater by counteracting 
the phenomenon of scavenging. In their absence, the Fe concentration limits would purely 
rely on the solubility of ferric hydroxide in seawater (Ibisanmi et al., 2011; Liu and Millero, 
2002; Martin et al., 1990). This led to support the suggestion that phytoplankton growth in 
HNLC waters is limited by low iron abundance coupled with low iron bioavailability due 





















Figure 1.1 Biogeochemical cycling of iron connecting river, estuarine and coastal water with seawater and atmosphere (dust). Adapted 




1.5 Iron inputs to the oceans  
The Fe supply reaches the ocean via three major pathways: fluvial inputs, 
atmospheric mineral aerosol (dust) and processes occurring on the sea floor such as 
sediment resuspension and hydrothermal venting Fig. 1.1 (Achterberg et al., 2001). 
Terrestrial runoff, mainly through river is estimated to deliver approximately half of the 
surface global Fe input to the ocean. However, fluvial inputs of the Fe are extremely 
variable and efficiently trapped in near-coastal areas (Poulton and Raiswell, 2002; Tian, 
2006). Hydrothermal inputs are rapidly precipitated at depth in the oceans. Hence, the 
dominant external input of Fe to the surface of the open oceans is Aeolian dust transport 
(Boyd and Ellwood, 2010; Tian, 2006). The distribution of Fe in oceanic waters is a result 
of the complex interactions between Fe inputs, internal cycling, Fe chemistry, biological 
uptake and release, physical transport and removal processes (Achterberg et al., 2001; Tian, 
2006). 
1.6 Estuaries, coastal areas and Fe cycling 
Estuaries are at the interface where land meets the sea and are important conduits 
of nutrients and organic matter to the ocean (Dittmar et al., 2009). Although, riverine inputs 
of dissolved weathering products are the largest source of Fe to the ocean (Su et al., 2016) 
but estuaries and coasts are the Fe traps (Boyle et al., 1974; Boyle et al., 1977; Eckert and 
Sholkovitz, 1976; Mayer, 1982). The major sources of Fe to coastal areas include river 
waters (Powell and Wilson-Finelli, 2003; Su et al., 2016), rainwaters (Kieber et al., 2001; 
Su et al., 2016) and may include a seasonal input by monsoon winds (Su et al., 2016; 
Tsunogai and Uematsu, 1978).  
The distribution of dFe is complex within an estuarine environment due to the 
strong gradients of various physico-chemical-biological properties such as salinity, 




concentration (Daneshvar, 2015). In addition to this, various other processes such as 
adsorption-desorption, precipitation/-dissolution, sedimentation/-resuspension and 
flocculation/-coagulation influencing the behaviour of Fe within the estuarine system 
(Eckert and Sholkovitz, 1976; Head, 1985; Murray, 1983; Olausson and Cato, 1980; 
Sholkovitz et al., 1978b): Fluvial dissolved Fe mostly consists of colloidal Fe phase 
(Sholkovitz et al., 1978b). From rivers, organic material in association with Fe colloids 
transported to estuaries. Upon mixing, this colloidal Fe believed to aggregate to create 
grains due to interaction with cations (i.e., Ca2+ and Mg2+) which are introduced to the 
estuary by an incoming tides (Gerringa et al., 2007; Johnston et al., 2011; Roy et al., 2011). 
This aggregation resulting in massive removal of Fe along with humic substances (HS) 
removal in the estuarine mixing zone (Boyle et al., 1977; Eckert and Sholkovitz, 1976; 
Mayer, 1982; Sholkovitz et al., 1978b). Solid phase Ferric oxides and hydroxides reduced 
to ferrous phase. This salt induced-aggregation of Fe colloids consisting of at least two 
sequential reactions (Mosley et al., 2003); the first rapid reaction occur early in river-sea 
interface by interparticle collision and is, responsible for loss of a significant portion of Fe. 
The second slowly occurring reactions take hours and occur by particle-particle collision 
(Mosley et al., 2003). 
Fe shows conservation as well as non-conservation mixing pattern within an 
estuarine mixing zone: Fe exhibit a distinctly non-conservative (no linear correlation with 
salinity) behaviour in those estuaries with high dissolved organic carbon (DOC) contents 
due to flocculation processes (Boyle et al., 1977; Figuères et al., 1978; Mayer, 1982; Powell 
et al., 1996; Windom et al., 1991; Windom et al., 1999). However, Fe has shown to 
somewhat mix behaviour within estuarine mixing zone (Paulson et al., 1989; Shiller and 
Boyle, 1991): Within most of the estuaries, Fe shows a non-conservation mixing behaviour 




behaviour in most of the systems including those with very high DOC (Figuères et al., 
1978). But exception are there. For example, Mississippi River is different from many other 
systems in that it is relatively alkaline and has a somewhat lower DOC concentration 
(Shiller and Boyle, 1991) which leads to lower Fe concentration in the River itself 
(approximately 30 nM). In addition to this, there is little or no flocculation in the mixing 
zone at high flow which leads to conservative behaviour in the estuary with only dilution 
from coastal or open ocean water controlling the dFe concentration (Powell and Wilson-
Finelli, 2003).  
Estuarine Fe removal behaviour not only on ionic strength dependent, but highly 
dependent on number of other variables such as vegetation cover of catchment area, 
position, size and quality of DOM etc. (Powell and Wilson-Finelli, 2003). The published 
literature regarding fluvial Fe removal and aggregation are mostly experimental and/or 
laboratory-based studies (Bale and Morris, 1981; Boyle et al., 1977; Eckert and Sholkovitz, 
1976; Mayer, 1982; Sholkovitz et al., 1978b). Those studies either utilized natural seawater 
or mixture of electrolyte simulating the various ions in seawater to study aggregation and 
Fe removal behaviour. Mosley et al. (2003) reported that the fluvial Fe colloids are stable 
and behave differently when present in association with natural organic matter such as HS 
than synthetic iron hydroxide colloids. Hence, the absolute compatibility between non-
conservative behaviour of Fe in natural fluvial system with experiments can barely be 
observed (Mosley et al., 2003). Without OM in freshwater, the Fe colloids can precipitate 
out early before reaching to estuarine mixing zone (Mosley et al., 2003). Hence, in the 
presence of seawater, binding with ions and OM accelerates the aggregation of Fe colloids 
(Boyle et al., 1977; Mosley et al., 2003). The fraction of Fe that survive through 
flocculation/scavenging remains stabilized in solution via colloidal association or complex 




Berg, 2009) which not only increase its solubility by 3 – 17 fold but also increase its 
residence time from few hours to several weeks, hence, increasing its recycling within 
water column (Hunter and Boyd, 2007). Hence, gaining a complete understanding of Fe 
mixing behaviour along with DOM, identifying the sources and sinks of Fe and 
transformations of Fe species on its way to ocean is essential to increase our understanding 





1.7 Method for determination of dFe-complexing 
ligands within estuarine, coastal and seawaters 
The electrochemical technique of competitive ligand equilibration-adsorptive 
cathodic stripping voltammetry (CLE-AdCSV) has been used for the determination of 
organic complexation of dFe in seawater, including organic Fe-binding ligand 
concentrations (Li) and their associated conditional stability constants (logKFeLi). The 
conditional stability constant is defined as the measure of the strength of the interaction 
between the reagents to form complex. Based on conditional stability constants 
(𝑙𝑜𝑔𝐾𝐹𝑒𝐿𝑖,𝐹𝑒ʹ
𝑐𝑜𝑛𝑑 ), two distinct classes of Fe-binding ligands, with different affinities for 
complexing iron, have been identified: a ‘stronger’ iron-binding ligand class (L1) having a 
𝑙𝑜𝑔𝐾𝐹𝑒𝐿1,𝐹𝑒ʹ
𝑐𝑜𝑛𝑑  > 12, was found to be confined to the upper water column up-to a depth of < 
200 m, whereas the ‘weaker’ iron-binding ligand class (L2) with 𝑙𝑜𝑔𝐾𝐹𝑒𝐿2,𝐹𝑒ʹ
𝑐𝑜𝑛𝑑  < 12 - 10 
observed throughout the water column  (Boyd and Ellwood, 2010; Gledhill and Buck, 2012; 
Hunter and Boyd, 2007; Ibisanmi et al., 2011; Rue and Bruland, 1995). Recent studies have 
reported more than two Fe-binding ligand classes from estuarine and coastal waters (Bundy 
et al., 2015; Bundy et al., 2014). The composition of these ligands are still largely unknown, 
and may consist of a “Ligand soup” the term ascribed for the ligands in seawater and is 
“based on the notion that almost any organic matter, after suitable ‘cooking’ will most 
likely generate metal-binding ligands” (Hunter and Boyd, 2007). The stronger ligands in 
seawater are associated to biological activity such as: 1) breakdown of sinking organic 
particulate matter (Ibisanmi et al., 2011); 2) Ligands produced by marine bacteria such as 
polysaccharides, porphyrins and siderophores (Ibisanmi et al., 2011) and/or terrestrial 
inputs (transported from rivers and continental shelves) (Macrellis et al., 2001). There is a 
growing consensus that natural organic matter (NOM) regulates Fe solubility and thus Fe 




Using CLE-AdCSV, the selection of analytical window and data analysis has key 
importance in dFe speciation results. The metal speciation can be improved by varying the 
detection window (Pižeta et al., 2015; Sander et al., 2011). The detection window (DW) is 
defined by the side reaction coefficient (αFe’L) of the artificial ligand used to compete with 
the natural ligands. The effect of varying the detection window has been studied for copper 
speciation in coastal (Van den Berg et al., 1990; van den Berg and Donat, 1992) and 
estuarine waters but for Fe, only few studies have been reported (Bundy et al., 2015; Bundy 
et al., 2014; Ibisanmi et al., 2011; Mahmood et al., 2015). Besides the detection window, 
the data analysis also has a key role in speciation results. Traditionally, the methods used 
for the determination of total ligand concentration and stability constants involve the fitting 
of titration data using linearization (Ružić, 1982; Van Den Berg, 1982) and non-linear data 
fitting (Gerringa et al., 1995). New approaches have recently been suggested for 
simultaneous data-fitting of several detection windows (Hudson et al., 2003; Sander et al., 
2011) and have been used for Cu (Sander et al., 2015a; Wells et al., 2013) and Fe (present 
study, chapter 3) (Bundy et al., 2015; Mahmood et al., 2015). A recent study of inter-
comparison of CLE–AdCSV data analysis methods has reported to produce most accurate 
and precise complexation parameters by simultaneous Multi-window analysis based on 
speciation (Pižeta et al., 2015). Hence, there is a strong need to improve the speciation 
measurement and subsequently, the interpretation of speciation data to produce most 





1.8 Dissolved organic matter (DOM) - an overview 
DOM in freshwaters is mainly derived from terrestrial sources and it is an important 
player in the global carbon cycle (Raeke et al., 2017). It is a heterogeneous mixture of HS, 
fatty acids and phenolic compounds, amino acids, nucleic acids, carbohydrates, 
hydrocarbons and other compounds (Buffle, 1988; Frimmel, 2005). By, mass, it consists of 
50 – 60 % of DOC and a significant fraction of this DOC within estuarine waters composed 
of colloidal or macromolecular organic matter (Hedges et al., 1994) which plays an 
important role in key ecosystem processes including the attenuation of solar radiation 
control of nutrient availability, alteration of contaminant toxicity (Chon et al., 2017; Jiang 
et al., 2017; Raeke et al., 2017), material and energy cycling (Chon et al., 2017; Fellman et 
al., 2010; Jiang et al., 2017; Yamashita and Jaffé, 2008) and plays a critically important 
part in food web by providing carbon and nitrogen for heterotrophic production (Chon et 
al., 2017; Fellman et al., 2010; Massicotte et al., 2017; Yamashita et al., 2017).  
DOM exists in a continuum of sizes (10−10 - 10−06 m) in seawater and includes 
colloids and high-molecular-weight macromolecules which account for ≈ 30 % of the DOC 
in the surface water (Hedges et al., 1994). Since the major fraction of the DOM is the DOC, 
the concentration of DOC decreases from freshwater to seawater through estuarine and 
coastal waters following three processses (Fig 1.2): 1) An aggregation in DOC molecule 
occur due to alteration in ionic strenght which increases the divalent cations at freshwater-
seawater interface, and bacterial colonization of the aggregated colloids and particles can 
enhance DOC decomposition which causes decrease in its concentration (Asmala et al., 
2014; Asmala et al., 2016; Forsgren et al., 1996; Sholkovitz, 1976); 2) immediate uptake 
and utilization of labile fraction of DOM by bacteria (Aarnos et al., 2012; Asmala et al., 
2016; Moran and Zepp, 1997); 3) photochemical reactions (Asmala et al., 2016; David et 




DOC sources might affect photochemical reactions and render DOC more or less 
biodegradable, but the most well investigated DOC removal reactions are the 
photochemical reactions, where DOC is degraded directly to CO2 or photo-chemically 
transformed into compounds more accessible for bacterial uptake.  
With respect to a stream, DOC can come from a variety of sources, including 
autochthonous sources and allochthonous sources. Autochthonous sources include leachate 
from dead organisms, phytoplankton, exudates etc (Asmala et al., 2016; Brylinsky, 1977; 
Castillo et al., 2010; Wiebe and Smith, 1977), while allochthonous sources may include 
leachate from surrounding soils, grasses and inputs from riparian trees (Asmala et al., 
2016). Based on the nutritional quality, DOC is divided into two components as 
 (i) Labile fraction that is available for uptake by organisms, 
(ii) Refractory or recalcitrant components that is generally more resistant to 
biological attack  
1.8.1 Humic substances and iron cycling 
DOC mainly composed of two major fractions: humic and non-humic fraction with 
humic fraction being the major fraction (Buffle, 1988). The humic fraction or humic 
substances are complex heterogeneous mixture of macromolecules with a non-repetitive 
structure, mainly polycarboxylic /polyhydroxycarboxylic acids of different aromaticity 
with unknown or only partly known compositions and high polydispersity (Buffle, 1988; 
Frimmel, 2005). With respect to composition and concentration, HS varies in different 
natural waters, having the highest concentration in wetland (10 - 30 mg C/L) and lowest in 
ground waters (0.03 - 0.10 mg C/L) (Buffle, 1988). In seawater, the concentration of HS is 
around 60 - 600 μg C /L (Laglera and van den Berg, 2009) which account for 10 – 30 % of 




Frimmel, 2005). In estuarine and coastal waters, HS accounts 20 – 60 % of the DOM pool 
(Mahmood et al., 2015; Yang et al., 2017). This supports about 30% of primary production 
in coastal environments of the world’s oceans (Fellman et al., 2010; Yamashita and Jaffé, 
2008). 
Figure 1.2: Dissolved organic matter sources and removal processes in the 
estuarine environment highlighting low salinity and turbidity maxima zone 




Being one of the most widely distributed classes of natural products on earth, HS 
are ubiquitous in water, soil and sediments and represent about 25% of total organic carbon 
(TOC) on earth and 50 – 75 % of DOC in water (Buffle, 1988). The possible sources of HS 
in the aquatic systems attribute to terrestrial sources and biological by-products (Frimmel, 
2005). Based on the solubility in water at pH 2, HS can be divided into two fractions: Humic 
acid (HA) which is insoluble at pH ≤ 2 whereas fulvic acid (FA) remains soluble at this pH 
(Frimmel, 2005; Laglera et al., 2011; Laglera and van den Berg, 2009; Yang et al., 2017). 
The general characteristics about humic substances has been illustrated in Figure 1.3. The 
molecular weights of HS reported in the literature vary from 500 to 200, 000 Da (Beckett 
et al., 1987) and 500 – 500,000 Da (Buffle, 1988). This large span in molecular weight 
could be the artefact of the analytical techniques used to characterize HS (Perminova et al., 
2003). Reviews on the recent literature conclude that at least for aquatic HS, the molecular 
weights are somewhat lower than believed in the past. Fulvic acids have a molecular weight 
of about 800 with humic acids being a little larger, 1500 - 3000. One reason for the very 
large molecular weights sometimes reported is the possibility that humic substances may 
aggregate even to the extent of forming micelle-like structures (Beckett et al., 1987). 
In trace metal complexation, only the so-called humic and fulvic acids have been 
considered on the grounds that they are ‘the most chemically significant fraction of NOM 
and are the true representatives of NOM behaviour. Wu et al. (2012) found no distinctive 
difference in the metal binding characteristics of DOM between hydrophobic and 
hydrophilic acids isolated from soil and surface water, probably because of difference on 
















Only a few studies are published about the role of HS in the iron cycling in natural 
waters since the early work of Sholkovitz et al. (1978a) and later by Boyle et al. (1977); 
Boyle (1987) who described the process of co-precipitation of iron (as iron oxyhydroxides) 
and HS during mixing of freshwaters and brackish waters at the low salinity end in 
estuaries, removing more than 99 % of the dFe and lowering its concentration from 0.5 – 
10 μmol /L in freshwaters (Nagai et al., 2007) to 1 – 20 nmol /L range in coastal water 
(Buck et al., 2007; Laglera and van den Berg, 2009). Research of the possible association 
of Fe with HS and the role of HS in biogeochemical cycling of Fe has increased since 
Laglera and van den Berg (2009) have provided evidence on geochemical control of Fe by 
HS in coastal and ocean waters (Laglera et al., 2007; Laglera and van den Berg, 2009), and 
at low concentrations, in the deep oceanic water. The fluorescence data of HS shows that 
the HS are wide-spread in the oceans (Heller et al., 2013; Ohno et al., 2008) and UVC 
humic-like and UVA humic-like components are expected to consist of an important 





1.9 Characterization of DOM-an overview 
DOM analysis, quantitative (commonly by measuring DOC concentration) and 
qualitative, is important due to its central role in aquatic environment. Characterization of 
DOM composition is important because its chemical make-up determines how it reacts in 
the environment (Hansen et al., 2016). Approximately, 700 x 1012 kg of carbon has been 
estimated to be stored as DOM in the ocean which is equivalent to the total carbon mass 
present in atmosphere as CO2 (Hansell and Carlson, 1998). However, despite this 
importance of DOM for global cycling of carbon, the molecular composition of DOM 
largely remain unknown. In the surface oceans, less than 30 % of the marine DOM consists 
of recognizable biochemical constituents, while in the deep ocean the fraction of DOM that 
has been characterized at molecular level is about 5 % (Gonsior et al., 2011a; Hansell and 
Carlson, 2014).  
The importance of estuarine and coastal waters in the global DOM cycling has been 
well understood but the sources, transport, and transformation of DOM are not understood 
due to obstacle in DOM tracing from different sources in a complex ecosystem (Dittmar et 
al., 2009). Quantitative determinations of dissolved and particulate organic carbon are 
commonly reported, but the ‘quality’, source, and the degree of degradation of organic 
matter needs to be determined to better understand organic matter dynamics in these 
ecosystems (Dittmar et al., 2009). A suite of analytical methods developed and applied for 
such purpose ranging from simple optical DOM property measurements in bulk water 
samples (Birdwell and Engel, 2010; Jaffé et al., 2004; Zsolnay et al., 1999) to complex 
molecular characterizations (Abdulla et al., 2013; D’Andrilli et al., 2013; Dittmar and 
Paeng, 2009; Koch and Dittmar, 2006; Koch et al., 2005; Osterholz, 2014; Osterholz et al., 
2014; Osterholz et al., 2016a; Osterholz et al., 2016b; Pohlabeln and Dittmar, 2015; 




1.9.1 Characterization of DOM by optical approach 
Optical measurements of absorbance and fluorescence are increasingly used to track 
DOM composition and to infer DOM source and processing due to cost and speed 
advantages over molecular level analyses (Coble et al., 2014; Fellman et al., 2010). 
Common parameters and indices derived from optical data include the absolute absorbance 
or fluorescence intensity at a specific wavelength, ratios of different wavelengths, carbon-
normalization of optical properties, and the slopes across specific regions of the optical 
spectrum (Hansen et al., 2016): A two-dimensional, fluorescence index (FI) is one among 
many indices used to quantify difference in fluorescence which provides information about 
the DOM source of autochthonous and allochthonous (e.g., microbial or terrestrial higher 
plant material) (Johnson et al., 2011; McKnight et al., 2001). Biological index (BIX) is 
another emission-based proxy, used to assess the relative contribution of microbially-
derived DOM in water samples (Huguet et al., 2009). Values > 1 correspond to freshly 
produced DOM of biological or microbial origin, whereas values of 0.6 and lower will 
contain little biological material (Huguet et al., 2009; Jaffé et al., 2004). Another emission-
based index, the humidification index (HIX) is the ratio of two integrated sections of an 
emission scan at an excitation wavelength of 255 nm. Humification of DOM alters the 
structure of the molecules of organic matter, which leads to an increase in the DOM 
aromaticity thus reducing its availability for microbial utilization (Banaitis et al., 2006; 
Birdwell and Engel, 2010; Ohno et al., 2007). UV-Vis spectroscopy, most widely used 
technique, used to characterize sources, degree of degradation, and transformation of DOM 
in many aquatic environments because ease in operation, high sample throughput, and high 
sensitivity (Birdwell and Engel, 2010; Coble et al., 2014; Helms et al., 2013; Helms et al., 
2008). Absorbance at 254 nm wavelengths has commonly been used to index NOM 




been considered as tracer of soil-derived ROM in natural waters, due to be a highly specific 
indicator of benzene carboxylic acids and phenols (Weishaar et al., 2003).  
Fluorescence excitation–emission matrix (EEM) spectroscopy is a 3-dimensional 
simple, sensitive, rapid and non-destructive technique provides valuable information on 
molecular structure of DOM. This techniques has been widely used to estimate the 
dynamics and to distinguish between allochthonous and autochthonous DOM sources in 
coastal environment as well used to distinguish between marine humic-like fluorophores 
from terrestrial humic-like (Coble et al., 2014). To date, two distinct types of DOM 
fluorescence groups, one similar to protein and other similar to humic substance in aquatic 
ecosystems have been identified (Coble et al., 2014). The protein like substances emit 
ultraviolet fluorescence related to amino acids such as tryptophan, tyrosine and 
phenylalanine which are produced by the activity of bacterial communities and the 
excitation/emission spectra of tyrosine and phenylalanine are similar (Fellman et al., 2008; 
Fellman et al., 2010; Yamashita and Jaffé, 2008). The HS fluorescence is the result of 
breakdown of plant material by biological and chemical processes in the terrestrial and 
aquatic environments (Carstea, 2012). The apparent fluorescence quantum of tyrosine are 
one order of magnitude higher than that of phenylalanine, while levels of tyrosine and 
phenylalanine follow same order of magnitude in seawater (Carstea, 2012). 
The optical measurements of absorbance and fluorescence are often used in multi-
parameter statistical approaches such as parallel factor analysis (PARAFAC) (Fellman et 
al., 2008; Kowalczuk et al., 2009; Stedmon and Markager, 2005), principal component 
analysis (PCA) (Baker et al., 2008; Fleck et al., 2014; Miller and McKnight, 2010), or 
discriminant analysis (DA) (Spencer et al., 2007b) to deconvolve complex optical signals 





1.9.2 DOM characterization by molecular approach  
FT-ICR mass spectrometry has recently being used for the prediction of molecular 
formulas of DOM components. More than ten thousand individual masses can be resolved 
with this technique at a mass accuracy of <1 ppm. Molecular formulae can be calculated 
from the exact molecular masses, allowing the differentiation between the molecular 
composition of different organic matter sources and specific processes. So far, the samples 
from wide environmental settings including rivers (Wagner et al., 2015b), terrestrial HS 
(Stenson et al., 2003), marine organic matters and ground water have been characterized 
by this technique (Hertkorn et al., 2012).  
Extracted DOM sample can be ionized by an ionization source such as electrospray 
ionization (ESI) or atmospheric pressure photoionization (APPI) sources and samples can 
be analyzed either by positive or by negative mode of ionization (Kujawinski, 2002; 
Sleighter and Hatcher, 2007). ESI is a soft ionization technique produces singly charged 
ions and keeps covalent bonds intact, outweighing the idea of molecular fragmentation 
during ionization. Depending upon the sample, each ionization mode (positive or negative) 
can give very different mass spectra for the same sample and one must consider the 
complexity evolved from each ionization mode (Kujawinski, 2002). Many investigators 
have used both modes concurrently to characterise samples to the best of their instrument’s 
ability (Gonsior et al., 2011a) and found positive ion mass spectrum of Suwannee river 
fulvic acid (SRFA) less effective than negative ion spectrum but more complicated due to 
the introduction of sodium giving numerous sodium adducts (Brown and Rice, 2000; Fievre 
et al., 1997; Rostad and Leenheer, 2004). Negative mode ions produce more ions from 
marine DOM samples, reasonably due to high content of carboxyl functional groups in 
marine DOM (Sleighter and Hatcher, 2007). These acidic functional groups are easily de-




natural organic mixtures where N concentration is negligible, metal complexes such as Na-
adducts presumably occur at the site of an ester or another electron donating functional 
groups such as an alkyl amine or an alcohol. When hydrogen and sodium adducts form for 
the same molecule, for all molecules in the sample, twice the number of peaks detected 
than normally detected if sodium was absent. Thus presence of the metal adducts 
complicates the mass spectrum and can hinder accurate interpretation (Kujawinski, 2002). 
Both spectra can be used to give complementary information about the sample, as long as 
relative abundances are not compared, due to different ionization efficiencies of the various 
molecules (Sleighter and Hatcher, 2007).  
The very complex data obtained from FT-ICR MS can be interpreted by the aid of 
visual representations and/or advance multivariate statistical tools (Abdulla et al., 2013; 
Ohno et al., 2010; Osterholz, 2014; Osterholz et al., 2014; Osterholz et al., 2016a; Osterholz 
et al., 2016b; Seidel et al., 2014; Sleighter et al., 2014).  
There are two ways to visually represent the resulting numerous molecular 
formulas: 
1) Van Krevelen (VK) diagram: The molecular formulas are plotted by their H/C 
versus O/C ratios. The obtained trend-lines represent possible ways of compound 
degradations (Fig. 1.4).  
 2) Kendrik mass defect, (KMD): In the Kendrick plot the exact mass of a molecule 
is normalized to the exact mass of a functional group such as CH2, hence, molecules 

















Figure 1.4: A typical van Krevelen (VK) plot showing the distribution of molecular formulae into different compound classes. Figure 























1.9.2.1 Characterization of metal-DOM complexes by ESI 
FT-ICR MS 
The CLE-AdCSV technique provides valuable baseline data, indicative of 
bioavailability or (bio) geographically confined “ligand regime” but it is not possible to identify 
and characterize those ambient ligands. Inclusion of other advanced techniques is 
complementary for the source identification and characterization of those Fe-binding ligands. 
Recently, advance techniques such as high performance liquid chromatography-electrospray 
ionization mass spectrometry (HPLC–ESI-MS) was applied in the detection of Fe-complex 
with siderophores (Mawji et al., 2008; McCormack et al., 2003; Velasquez et al., 2011) and 
the detection of Fe associated with more complex organic fractions was achieved by flow field 
flow fractionation-inductively coupled plasma mass spectrometry (FFFF–ICP-MS) (Baalousha 
et al., 2011; Stolpe et al., 2010). Attempts to characterize the metal-binding organic ligands on 
a molecular scale are often hampered by the high complexity of DOM composition – thousands 
of molecules in pico- or nano-molar level concentrations – and limitations in analytical 
technologies to resolve this complexity (Waska et al., 2016). A vast number of unknown natural 
organic ligands exist in DOM, which could have a direct impact on the structure of plankton 
assemblages by controlling bioavailability of associated metals (Waska et al., 2015). Recently, 
ultrahigh-resolution Fourier-transform ion cyclotron resonance mass spectrometry (FT-ICR 
MS) has become one of the most powerful techniques not only for the molecular 
characterization of DOM (Gonsior et al., 2011a; Koch and Dittmar, 2006; Pohlabeln and 
Dittmar, 2015; Seidel et al., 2014) but also for the detection but also for the quantification of 
metal-DOM complexes (Waska et al., 2015; Waska et al., 2016). Utilization of this technique 
for metal-DOM complexes characterization can provide novel insights into large number of 





1.10 Aims and objective of this dissertation 
This study aims to contribute towards the understanding of biogeochemical cycling of 
iron and DOM in estuarine and coastal waters. The project has investigated the links between 
the different measures of DOM abundance and how it is related to other biogeochemical 
processes in estuarine systems. The specific objective of the thesis are: 
 Investigating the dFe and dFe-binding ligands in freshwater, estuarine and coastal 
waters at multiple analytical windows (MAW) (chapter 3 and 5) 
 Analysing the complexation data obtained at MAWs simultaneously to obtain a precise 
and better fit of dFe-complexing parameters (chapter 3 and 5) 
 Testing the hypothesis that HS are the predominant Fe-binding ligands in freshwater, 
estuarine and coastal waters (chapter 3 and 5) 
 To trace the sources, sinks and degree of degradation of DOM within the study area 
(chapter 3 and 5)  
 Bulk characterization and distribution of DOM using spectroscopic techniques (chapter 
3 and 5) from freshwater and estuarine waters and molecular characterization by state 
of the art ESI FT-ICR mass spectrum from estuarine and coastal waters (chapter 4). 
 Statistically exploring the links between molecular abundance, environmental variables 
























2.1 Trace metal cleaning – an introduction 
Attempts to understand Fe and DOM within estuarine, coastal and seawater have 
been frustrated by analytical problem involved with collection of uncontaminated samples. 
Of all the trace elements, the determination of Fe and the elucidation of its chemical 
speciation present the greatest analytical challenges, owing to its low concentration and 
complexity of the coastal/seawater matrix. The techniques used in this thesis for the 
determination of trace dissolved metals and dissolved Fe-speciation measurement are 
technically very challenging. This chapter describes these techniques and precautions taken 
to ensure integrity of the samples and the data arising from the measurements.  
2.2 Trace metal cleaning protocol  
Before starting the experiments, all the sampling containers and lab wares were 
trace metal cleaned. An approved trace metal cleaning techniques (Bruland et al., 1979) 
were used during sample collection and preparation. To remove the dust, the cleaning 
procedure was started by rinsing the sample containers (1 L, low-density polyethylene 
(LDPE) bottles (Nalgene), Teflon bottles (1 L), 5 L and 20 L carboys), and experimentation 
lab wares with double distilled water (milli-Q). After rinsing, they were soaked in 1% 
detergent (Citranox, Fischer, UK). After one week, to completely remove the detergent 
residues, the sampling containers and lab wares were rinsed three times with milli-Q before 
being soaked in 50 % HCl (AR grade) acid bath for four weeks. Subsequently, the material 
was rinsed three times with milli-Q and was further soaked in 1 M trace metal free quartz 
distilled HCl (qHCl). After two weeks, all containers and lab wares were finally washed 
three times with milli-Q. The sampling bottles were stored filled with 0.1 % qHCl and were 




Carboys and sample bottles previously used were recycled by rinsing twice thoroughly with 
milli-Q and then underwent the above-described procedure.  
2.3 Dissolved iron and iron-speciation analysis by 
voltammetry 
The theoretical aspect of this voltammetric speciation method were first introduced 
by Ružić (1982)  and specifically for Fe by Gledhill and van den Berg (1994) and Rue and 
Bruland (1995) to gain insight into the degree of complexation of Fe (III) with natural 
organic ligands in seawater.  These methods involve a competitive ligand equilibration 
(CLE), followed by adsorption cathodic stripping voltammetry (AdCSV). The first stage is 
the formation of an equilibrium between the natural Fe complexing ligands and a known 
quantity of artificial ligand, which forms an electroactive complex with Fe and having 
verified stability constants with Fe. To date, different artificial ligands (AL) with known 
stability constants such as 1-nitroso-2napthol (1N2N) (Gledhill and van den Berg, 1994; 
Laglera et al., 2011; van den Berg, 1995), 2-(2-thiazolylazo)-p-cresol (TAC) (Croot and 
Johansson, 2000; Ibisanmi et al., 2011; Laglera et al., 2011), salicylaldoxime (SA) 
(Abualhaija and van den Berg, 2014; Mahmood et al., 2015; Rue and Bruland, 1995), 2,3 
dihydroxynaphthalene (DHN) (Laglera et al., 2011; Obata and van den Berg, 2001) have 
been used in different studies. 
The mass balance formed between all the dissolved species of iron in ambient 
seawater, in the absence of artificial ligands is expressed as: 
[𝐹𝑒𝑇] =  [𝐹𝑒ʹ] +  [𝐹𝑒𝐿𝑖] 
with Li being the natural organic ligand.  After the addition of the artificial ligands, the 
mass balance formed with all species of iron can be represented as 




Where Fe(AL)x represent the Fe-ligand complex formed upon the addition of 
artificial ligand. 
One key advantage of the voltammetric methods is their applicability to the 
measurement of the chemical speciation of Fe in seawater as well as the concentration of 
Fe. Other advantage of CSV methods are low cost, compact and portable instrumentation 
and good sensitivity, etc. Although, the technique does not require matrix removal but 
utilises a pre-concentration step in which Fe is complexed by an added ligand and this Fe-
ligand complex is adsorbed onto the working electrode at a specific potential (Gledhill and 
van den Berg, 1994; Rue and Bruland, 1995). The pre-concentration step lowers the 
detection limit, isolates the metal from the matrix and thereby enhance selectivity. Pre-
concentration is followed by a stripping step in which the complex is reduced back into 
solution during a cathodic scan (towards more negative potential) and the reduction current 
is recorded.  






The CLE-AdCSV method used in this study was adapted which was originally 
developed by Rue and Bruland (1995) and later was re-optimised by Abualhaija and van 
den Berg (2014). Hence, in the present study, we opted re-optimised method for Fe 
measurements.   
2.3.1 Voltammetric equipment 
The voltammetry setup consisted of a Metrohm 663 VA Stand connected to a 
µAutolab II Potentiostat (as shown in Fig. 2.1) which together was computer-controlled 
using GPES v4.9 software. The hanging mercury drop electrode (HMDE) was used as 
working electrode; the reference electrode was AgAgCl3M KCl, while a glassy carbon 
rod was used as an auxiliary electrode. All measurements were made using the differential 
pulse mode at room temperature (22°C) to produce a smooth and stable voltammogram. 
Each sample was scanned 3 times, and an average value was taken as a peak height. 
Measurements for pH were obtained using a Metrohm 713 pH Meter, and the values were 
calibrated against NBS pH buffers 4, 7 and 9. 
2.3.2 Reagents  
Milli-Q (Millipore U.K) of 18.2 MΩ.cm-1 resistivity was used to prepare reagents 
and dilutions. Fe solutions of different concentration were prepared by diluting 1000ppm 
atomic absorption standard solutions of FeCL3.6H2O (BDH. U.K). All working Fe 
solutions used were kept at or below pH 2 in order to keep the iron in solution. A trace 
analysis grade HCl (Fisher Optima) or qHCl and a trace metal grade NH4OH (Fisher 
Optima) or isothermally distilled NH4OH (iNH4OH) were used to adjust the pH. A stock 
solution of 0.1 M Salicylaldoxime (SA) was prepared by dissolving an appropriate amount 
of SA in 0.1 M qHCl. The SA of 98 % purity was purchased from Acros organics, Fisher 
scientific or Sigma. 1 M borate buffer was prepared by dissolving boric acid in Milli-Q and 




contained 0.4 mol /L bromate (AnalaR, BDH) was used as an oxidizing agent for the 
measurement of Fe-HS. Contaminating Fe in the bromate and buffer solution was removed 
by adsorption onto MnO2 and filtration. Suwannee River HA and FA standards were 
purchased from International Humic Substances Society (IHSS) and solution for HA was 
prepared by dilution from 1 g /L HA and for FA, was prepared by diluting from 0.2 g /L 
stock solution. 
2.3.3 Total dissolved iron quantification 
To measure dFe by voltammetry, 0.2 µm pre-filtered acidified samples were UV-
digested to remove the organic interferences from the samples. UV-digestion was carried 
out using a home-built apparatus with 125-W high pressure mercury vapour lamp either for 
1 hour using quartz tubes or up-to 48 hours for samples contained in Teflon vials 
respectively. The longer deposition time was selected for samples collected from estuary 
due to expected high concentration of surfactant which could otherwise interfere during 
measurement and linear response cannot be achieved. After digestion, the sample was 
cooled down to room temperature. Total dFe was measured by adopting the following 
procedure: a 10 ml of sample volume was transferred to the voltammetric cell and 5 µM 
SA, 100 µl of 1 M borate buffer and enough trace metal grade NH4OH was added to 
maintain the pH of the solution at approximately 8.15. The SA was used as the competing 
ligand because its complexing ability with Fe in seawater has been well characterised 
(Abualhaija and van den Berg, 2014; Rue and Bruland, 1995), and its sensitivity allows the 
detection of even the lowest ligand and for Fe concentrations. The voltammetric settings 
used for Fe determination of FeSA are given in Table 2.1. Using differential pulse mode 
for potential scanning, the adsorption time was adjusted for different samples according to 
the expected concentration of total dFe in the sample, in order to avoid electrode saturation 




in the presence of air to make use of the catalytic effect to enhance sensitivity (Abualhaija 
and van den Berg, 2014). However, dry-air was only used to blanket the solution and to 
provide pressure for the mercury drop electrode. Four mercury drops were discarded before 
a new mercury drop was extruded and used as a working electrode. After the initial 
measurement was completed, a minimum of two standard additions of Fe were made and 
the dFe concentration of the sample was determined by linear regression of the standard 
addition curve. The method has a detection limit of 0.1 nM for total dFe.  
 
Table 2.1: The AdCSV voltammetric parameters used during the measurement of 
FeSA complexes, using differential pulse mode 
 
 
2.3.4 Dissolved Fe-complexing ligands at multiple 
analytical window (MAW) analysis 
To determine Fe-complexation with organic matter, titration vials were prepared 
using the following protocol: Two ml of 1 M borate buffer and 200 ml of the neutral, filtered 
sample were added to a trace metal cleaned 250 ml PTFE bottle. 10 ml sample aliquots 
were transferred into lidded Teflon vial set for titration. For each titration window, up to 
15 vials were prepared by spiking the different concentration of dFe in each Teflon vial, 
depending upon the initial concentration of total dFe in the sample. The Fe additions were 
Voltammetry Parameters 
Deposition Time 120sec 
Modulation Time 0.004sec 
Adsorption Potential 0V 
Step Potential 6mV 
Equilibration Time 10sec 
Modulation Amplitude 0.04995 




made by keeping in mind the expected ligand concentration in the sample. This added Fe 
was allowed to equilibrate for 2 hours with the ambient ligands before making addition of 
an excess amount of SA. Individual titration sets were prepared for different detection 
windows using the same sample matrix. Once the natural ligands were equilibrated with 
spiked Fe, different concentrations of SA e.g., 5 µmol, 10 µmol 15 µmol, 25 µmol, 50 µmol 
for Mersey River estuary and 5 µmol and 15 µmol SA window for samples collected from 
Liverpool Bay, Whau River and Whau River estuary was added, depending upon the 
desired titration window. Sample vials were then left overnight to establish equilibrium 
between the natural Fe-complexing ligands and the artificial ligand. The voltammetric 
measurements were made after the competing equilibria had been established between the 
added ligand and the naturally occurring Fe-binding organic ligands. In order to minimize 
the loss of added inorganic Fe to the walls of the vials, once the ambient ligands has been 
titrated, the vials were conditioned to the specific Fe additions and sample matrix. After 
conditioning, each Teflon vial was consistently used for particular Fe additions. The linear 
current response achieved after the titration of UV digested samples and at Fe 
concentrations exceeding the ligand concentration in fresh samples indicates that the loss 
of Fe to the walls of vial or colloidal aggregates was insignificant or at least reversible such 
that any lost Fe was recovered by the titration and equilibration of SA in the samples. The 
results from initial measurements show that the optimised method repeatedly gave the same 
titration curve for same samples under same detection window.   
For samples containing high concentrations of dFe, the titrations for those samples 
were performed either by diluting the sample or by lowering the deposition time. The lower 
deposition time was useful in avoiding the saturation of the mercury drop against elevated 
concentration of Fe and Fe-complexing ligands of estuarine samples. The artificial seawater 




non-hydrated (NaCl, KBr, KCl, H3BO3, Na2SO4, NaHCO3, NAF) salts into milli-Q. The 
final salinity of artificial seawater was 34.  
2.3.5 dFe-speciation data analysis 
The dFe speciation data obtained from voltammetry was analyzed using Pro Metal 
Complexation Calculation (ProMCC) (Omanović et al., 2015) and automated multi-
window optimization approach (Hudson, 2014).  
ProMCC is a software used for the calculation of metal-ligand complexation 
parameters (ligand concentration and conditional stability constants) by fitting one window 
experimental titration data and has recently updated to analyse data obtained from multiple 
analytical windows. Depending upon the quality of data, up to 3 discrete ligand classes can 
be approximated. The software offers two linear models: Scatchard and van den Berg/Ružić 
ligand-titration models and; two non-linear models: Gerringa and Lorenzo ligand-titration 
models. However, using linear and non-linear transformations, the software can gives good 
estimate for only stronger ligands (L1). In the presence of two ligand classes, the Scatchard 
and van den Berg/Ružić transformations are biased for stronger (L1) and weaker (L2) ligand 
class respectively.  
To treat multiple detection windows data sets simultaneously, an automated multi-
window optimization approach (Sander-Wells method) has been introduced for multiple 
analytical window titrations to calculate parameters for up to five different ligand classes 
by analysing the data with unified S (Sensitivity) set by utilizing all titration data as a 
unified data set simultaneously (Wells et al., 2013). Recently, Hudson (2014) has developed 
a robust and more progressive KINETEQL model for modelling single or multi detection 
window ligand titration data that combines the calibration of sensitivity (S) and the 
estimation of concentrations (LiT) and stability constants (LogK’FeLi) for discrete natural 




a new analytical solution to the one-metal/one to three ligand equilibrium problem. This 
model is based on the earlier KINETEQL equilibrium solver models developed by Hudson 
et al. (2003) along with Sander-Wells method (Sander et al., 2011) with neither of the two 
models being end-user friendly. The new KINETEQL equilibrium solver is now accessible 
in Microsoft-Excel which has made it more user friendly and easy to use. 
2.3.6 Quantitative analysis of Fe-binding HS (Fe-HS) 
The concentration of Fe-binding HS was determined by CSV at pHNBS 8.15 in the 
presence of bromate, and calibrated on the mg/ l scale using Suwannee River HA (Laglera 
et al., 2007). A 10 ml of sample volume was transferred to voltammetric cup. Borate buffer 
with final concentration within solution 1 M was spiked. Further, Fe was added (50 nM) to 
saturate free HS to maximise the sensitivity. Differential-pulse voltammetry was adopted 
for analysis. After taking the initial scan, a minimum of two standard additions of HA were 
made and the concentration of Fe-binding HS was determined by linear regression of the 
standard addition curve. The method is pH and ionic strength sensitive and has a detection 
limit of 0.05 mg /L for total Fe-HS. Freshwater samples collected from the Whau River 
were diluted using artificial seawater whereas estuarine and coastal water samples were 
diluted using milli-Q. Voltammetric settings used are given in Table 2.2 and measurements 













Table 2.2: The CSV voltammetric parameters used during the measurement of Fe-
humics complexes, using deferential pulse mode 
Voltammetric Parameter 
Deposition Time 60sec 
Modulation time 0.004sec 
Deposition Potential 0.5V 
Step Potential  6mV 
Equilibration Time 10sec 
Modulation Amplitude 0.04995V 
 
2.4 Trace dissolved metals quantification by 
multiple collector inductively coupled plasma 
mass spectrometry (MC-ICP MS) 
The trace dissolved metals (Fe, Cu and Zn) were quantified by MC-ICPMS. The 
ICP-MS had a limit of detection (LoD) of 0.05 ng/ ml on a low matrix clean sample. The 
0.2 µm filtered samples were diluted to a salinity of one with milli-Q and then acidified to 
pH ≤ 2. Parallel measurements were obtained for dissolved Zn and dissolved Cu (only for 
samples collected from Whau River and Whau River estuary). The detailed measurement 
procedure is given in Nasemann (2016). For dFe, only the samples collected from Whau 
River (Whau River) were found within the LoD of the instrument, hence all other samples 
were measured using voltammetry.  
2.5 Chlorophyll-α quantification  
A 500 ml sample volume was vacuum filtered through a 0.2 μm polycarbonate 
filter. Vacuum pressure was regulated (less than 0.3 bar) to prevent cell rupture. 
Chlorophyll-α concentrations was extracted from the polycarbonate filter with 10 ml of 
90% v/v acetone, followed by refrigeration for subsequent dark extraction of the pigment 




Ringold et al. (2012).  Fluorescence was measured using a Turner 10-AU fluorometer. Two 
drops of 1.2 M HCl were added to the sample and the fluorescence measurement was done 
in triplicate. The concentration of chlorophyll-α is derived from expression given below.  
2.0650 ∗ 1.6009 ∗ (𝑓𝑜 − 𝑓𝑎) ∗ 𝑣/𝑉                                             (1) 
The fo and fa are the fluorescence before and after acid addition, v is the volume of 
acetone used for extraction and V is the sample volume. The values of 2.0650 and 1.6009 
are the intercept and slope respectively, obtained from the instrument calibration curve. 
2.6 Quantification of DOC and total dissolved 
nitrogen (TDN)  
DOC and TDN concentrations were analysed by high-temperature catalytic 
oxidation method using a Shimadzu TOC-Vcph + ASI-V + TNM-1instrument having a 
detection limit between 4 µg /L to 30 mg /L and the analytical accuracy (relative to the 
reference material) and precision (replicate injections) were within ± 1 µg /L. Acidified 
sample degassed for 2 min with the synthetic air to remove the inorganic carbon. Complete 
oxidation of organic carbon was achieved at high temperature in the presence of Pt-catalyst. 
L-arginine solutions ranging from 5 to 500 μmol C /L and 6.6 to 333.3 μmol N /L, 
respectively, were used for calibration and Deep Atlantic Seawater reference material 
(DSR, D.A. Hansell, University of Miami, Florida, USA) was measured during each run to 
ensure the instrumental precision and accuracy. Potassium hydrogen phthalate (KHP, 
Merck) was used for external calibration. Performance of the instrument was recorded by 





2.7 DOM characterization  
2.7.1 Introduction 
Estuaries and coastal water are functioning as diagenetic sieves (removing most of 
the terrestrial signals from the DOM as well retaining some of the terrestrially derived 
DOM signature. A very large amounts of terrestrially derived dissolved organic matter are 
exported from rivers and streams to coastal areas and may have major influence on 
estuarine ecology exerted by its optical, chemical and microbial properties. In the present 
study, we have applied both optical (UV-visible and fluorescence spectroscopic 
techniques) and advance molecular approaches to characterize the DOM in order to resolve 
the quality, source and degree of degradation of organic matter within the study area. 
2.7.2 DOM Characterization - an optical approach  
 
2.7.2.1 Absorbance and fluorescence spectroscopy 
Absorbance and fluorescence data was collected for the sample collected from 
Whau River and Whau River estuary. UV-Vis absorbance spectra were collected using a 
double-beam Lambda-950 spectrophotometer (Perkin Elmer, Waltham, MA, USA) in a 1-
cm quartz cuvette over the wavelength range of 200 - 800 nm in the presence of Milli-Q as 
background correction (Helms et al., 2008). The samples containing absorbance ≥ 0.2 at 
240 nm wavelength were diluted accordingly, before fluorescence measurements. 
Fluorescence measurements were made using a Varian Eclipse fluorescence 
spectrophotometer. An excitation-emission matrix was obtained by combining a series of 
emission scans made from 240 - 600 nm while exciting at wavelengths ranging between 
240 and 450 nm (every 5 nm). The excitation and emission bandwidths were 5 nm. Before 
further analysis, excitation wavelengths below 240 nm and emission wavelengths below 
300 nm were removed from the data set because of a deteriorating signal/noise ratio in this 




the scans. The peaks were normalized to Quinine sulphate units (QSU) (1QSU = 1ppb 
quinine sulphate in 0.05 M H2SO4, excitation 320 nm, emission 420 nm) (Hayase et al., 
1988). 
To track the sources and quality of DOM within Mersey River estuary and 
Liverpool Bay, fluorescence indices were calculated for all surface and subsurface samples 
using a Horiba (Jobin Yvon) Spectrofluorimeter FluoroMax-4 with a 1 cm path-length 
quartz cuvette. The samples were scanned by combining a series of emission scans made 
from 240 - 600 nm while exciting at wavelengths ranging between 240 and 450 nm (every 
5 nm). The MQ blank was subtracted. Three fluorescence indices were determined: the 
fluorescence index (FI) (Johnson et al., 2011; McKnight et al., 2001), the humidification 
index (HIX) (Zsolnay et al., 1999) and the index for freshly produced autochthonous DOM 
or biological index (BIX) (Huguet et al., 2009). 
FI Indices were calculated using the following relationships: 
FI =
Icorrected (370 ∶ 450)
Icorrected (370 ∶ 500)
 
Where FI is the ratio of corrected fluorescence intensities at 370:450 and 370:500 
(excitation:emission wavelengths in nm). The FI index serves as a proxy for the relative 
amount of DOM derived from ex-situ as well in-situ sources (McKnight et al., 2001). 
Values of 1.4 or less are typical for isolated HS or samples with dominantly terrestrial 
origin, with greater DOM aromaticity, while values of 1.9 or higher are demonstrative of 
microbial sources and lower aromatic carbon content (Johnson et al., 2011; McKnight et 
al., 2001). 
The emission-based biological index (BIX) was determined at an excitation 
wavelength of 310 nm. This index is used to assess the relative contribution of microbially-




produced DOM of biological or microbial origin, whereas values of 0.6 and lower will 
contain little biological material (Huguet et al., 2009; Jaffé et al., 2004).  
BIX =
Icorrected (310 ∶ 380)
Icorrected (310 ∶ 430)
 
Where Icorrected is the corrected fluorescence intensity at 310:380 and 310:430 
(excitation:emission wavelengths in nm). 
 Another emission-based index, the humidification index (HIX) was calculated 
from the ratio of two integrated sections of an emission scan at an excitation wavelength of 
255 nm: 
HIX =  
Sum of Intensities (430 − 480)
Sum of Intensities (300 − 340)
 
Humification of DOM alters the structure of the molecules of organic matter, which 
leads to an increase in the DOM aromaticity thus reducing its availability for microbial 
utilization. Low HIX values (< 10) correspond to relatively non-humified DOM derived 
from biomass (Banaitis et al., 2006; Ohno et al., 2007). HS isolated from soils, surface 
waters and coal show ranges of HIX values of 10 - 30, 20 - 50 and > 50, respectively 
(Birdwell and Engel, 2010). HIX has direct correlation with DOM aromaticity and inverse 
correlation with carbohydrate content (Kalbitz et al., 2003). Literature values with FI range 
(1.2 - 1.6) along with HIX range (5 - 20) and BIX (0.58 - 1.22) are typical for organic matter 
released from sediment (Birdwell and Engel, 2010). Low values of HIX and high values of 
BIX and FI in water represent fluorescence from water soluble, extracellular substances 
excreted by microorganisms, detritus resulting from cell death, and aquatic organic matter 
less humified than surface water organics, possibly due to a lack of exposure to solar 




2.7.2.2 Specific Ultraviolet Absorbance (SUVA) 
SUVA was calculated to determine the extent of dissolved aromatic carbon content 
in aquatic system. SUVA is defined as the UV absorbance of a water sample collected at 
254 nm wavelength and normalized for DOC concentration present in that sample 
(Weishaar et al., 2003). 
2.7.3 DOM Characterization-a molecular approach 
2.7.3.1 Introduction 
ESI FT-ICR MS is an analytical technique that has opened a new analytical window 
and yielded extensive molecular information on the otherwise uncharacterisable fraction of 
organic matter. The technique has ability to resolves thousands of individual molecules and 
provides molecular formulas for most of these molecules in complex organic mixtures such 
as crude oils (Fernandez-Lima et al., 2009; Hur et al., 2010) terrestrial humic substances 
(Kujawinski, 2002; Stenson et al., 2003) aerosols (Wozniak et al., 2008), marine organic 
matter (Hertkorn et al., 2012; Koch et al., 2005) and groundwater (Longnecker and 
Kujawinski, 2011). 
2.7.3.2 How ionization technique works 
ESI is a low fragmentation ionization technique that preferentially ionizes polar 
functional groups prior to mass spectrometric analysis. This technique allows the 
characterization of intact polar macromolecules that are inaccessible to standard 
chromatographic techniques. ICR MS is an ultrahigh resolution and mass accuracy MS 
technique based on the detection of ion cyclotron motion within a magnetic field. ESI 
begins by the application of high difference in voltage applied between the needle and 
capillary causes the sample to rupture into many smaller charged droplets. This difference 
in voltage determines whether positive or negative ions are formed, i.e. the sign of the 
voltage difference would be opposite of the sign of the ions formed. The solvent evaporates 




to repel each other due to charge-to-charge interactions. Once the droplet reaches the 
Rayleigh limit, the point where Coulombic repulsions overcome the solvent surface 
tension, a charge transfer to polar functional groups within the droplet occurs. In this state, 
each ion exists within a minimum of solvent and is attracted into the capillary of the 
instrument. Heat or gas will evaporate the rest of the solvent completely, leaving only the 
analyte molecule in the gas phase, with a charge distributed among the polar functional 
groups due to relative acidity or basicity of functional groups (Cho et al., 2015; Gaskell, 
1997; Kujawinski, 2002). 
2.7.3.3 Instrumentation and sample preparation 
 A 15 Tesla Bruker Solarix ESI FT-ICR-MS (Figure 2.2) located at the University 
of Oldenburg (Germany) was used for the present study. A solid phase extraction (SPE) 
method was employed for the extraction of DOM from the sample solution (SPE procedure 
given below). The SPE method not only extracts DOM but also removes salt present in the 
sample.  
 
Figure 2.2: 15T Bruker Solarix electrospray ionization Fourier-transform ion 




After extraction, the extracted DOM (SPE-DOM) was directly infused into the mass 
spectrometer in methanol and water to 1:1 methanol/water (v/v) having 20 mg DOC /L. 
Samples were analysed in negative mode of analysis. The ions were produced with custom-
built electron spray ionization (ESI) source. A flow rate of 120 µl /h for sample infusion 
was selected. Electrospray conditions were as follows: ion accumulation time 0.2 sec, and 
capillary voltage +4000 V and end plate offset voltage -500 V. Replicate analyses (n = 4) 
for each sample were obtained and measured on different days to account for any 
instrumental drift. 
2.7.3.4 Solid phase extraction (SPE) of DOM 
 For ESI FT-ICR MS analysis, concentrated and salt free samples are a prerequisite, 
as electrospray ionization technique is sensitive to the water contents and salt concentration 
of the solvent system. Non-volatile salts such as NaCl adversely affect ESI by interfering 
with spray formation, consequently, salt precipitation can block the needle which can block 
the sample delivery altogether. A well-established solid phase extraction procedure using 
Varian PPL cartridges was opted for the extraction of DOM. Based on the results from 
NMR, C/N and δ13C measurements, it was found that PPL cartridges packed with styrene 
divinyl benzene polymer type sorbent could extract up to 62% DOC as salt free extracts. 
The complete extraction procedure is given in Dittmar et al. (2008). A brief description is 
given below. 
2.7.3.4.1 Activation of cartridges before extraction 
Acidified (pH 2) samples for DOM extraction were stored filtered at 4 °C in dark. 
BOND Elute PPL cartridges were purchased from Agilent technologies. HPLC grade 
methanol and HCl (p.a. Grade) was purchased from Merck, Germany. Prior to initiate the 
extraction process, the entire extraction setup was cleaned with Milli-Q at pH 2 and all the 




concentration and this information was used to choose the right PPL cartridges size e.g., 
100 mg, 500 mg, 1 g and 5 g sorbents, in order to avoid over loading the sorbent. In our 
case, we selected the 1 g PPL cartridges size. The cartridges were activated with one 
column volume (CV) methanol a day before extraction according to supplier’s instructions. 
Upon conditioning, the colour of the PPL changed from ochre to a dark brown tone. 
Acidified Milli-Q was used to rinse the methanol residues. This procedure was repeated 
once more and after rinsing the cartridges again with Milli-Q at pH 2, they were left 
overnight soaked in Milli-Q.  
2.7.3.4.2 Elution from cartridges 
To extract the DOM, water samples were passed through the cartridges at a flow 
rate of 40 ml /min by gravity. Before DOM elution from cartridges, the cartridges were 
washed with 2 CV of acidified milli-Q water to remove the salt and ions. After washing, 
cartridges were air dried by passing an inert gas (Argon) through them. Drying changed the 
colour of PPL from brown back to ocher. Finally DOM was eluted using 1 CV of methanol 
at a flow rate of 2 ml /min into muffled brown glass amber vials having acid rinsed Teflon 
liners. The collected extract was stored in dark at -18 °C until analysis.  
2.7.3.4.3 Determination of extraction efficiency 
To calculate the extraction efficiency, exact weight of sample passed through the 
PPL cartridges was calculated by weighting the sample with bottle before extraction and 
weighting the empty bottle containing sample after extraction. The difference in both gave 
the exact weight of sample passed through the cartridges. Glass amber vials used to collect 
the extract was weighed along with caps without the extract and with extract, to get the 
exact weight of extract collected. DOC concentrations were measured in the original 




The DOC of the extract was determined by taking an appropriate volume 
(depending on DOC concentration of sample) from extract into the muffled DOC vial using 
Hamilton-Glass-syringe, which was pre-cleaned with methanol. To evaporate the 
methanol, DOC vials with aluminium cover on them were kept in a drying oven for 
overnight at 50 °C. Foil was lifted a bit from a side to give way to methanol for evaporation. 
After dryness, 10 ml acidified milli-Q at pH 2 was added to the vial to re-dissolve the 
residues and vial was screwed with cap. Muffled Aluminium foil was used as a liner. Before 
analysis, the DOC vial was put into ultrasonic bath for 10 min. 
Extraction efficiency was calculated using the following expression: 
                  𝒀 =
𝒛
 𝑽 𝑬𝒙
×  𝑽𝑴𝑸                                                            (2)                      






× 𝟏𝟎𝟎)                                 (3)        
Where X is DOC in original sample, Y is DOC in extract, z is DOC measured from 
extract, VEx is the total volume of extract, VMQ total volume of milli-Q used to re-dissolve 
the DOC residues and Vsample is the total weight of sample passed through the cartridges. 
The ratio between extracted and total DOC is considered the extraction efficiency. 
2.7.3.5 Data acquisition with FT-ICR MS and data treatments 
Five hundred individual scans were accumulated in broad-band mode for each 
sample to enhance the precision. Procedural blanks contain only few detectable impurities 
which were excluded from the mass spectrum during data reduction phase. Masses were 
recorded between m/z = 150 to m/z = 2000. An in-house mass reference list was used for 
internal calibration of the spectra. Due to a mass error of < 20 ppb for each detected mass, 
molecular formulae were calculated for each peak. The program used for the data analysis 




analysis’ uses the ‘smart formula’ function which is based on an algorithm that tries to find 
mathematically possible elemental combinations for the measured m/z values. The 
molecular formula assignment utilized C1-130H1-200O1-50N0-4S0-2P0-1 with a tolerance limit of 
0.5 ppm. The resolving power was > 400 000 at m/z 400 and is defined as m/∆m50% where 
∆m50% is the width at half-height of peak. It is a critical parameter to access the relative 
resolving capability of a mass spectrometer. A smaller resolving power of 10,000 – 15,000 
translates to a mass accuracy of 10 ppm (Kujawinski, 2002). The molecular indices were 
calculated as follow: 
Double bond equivalence (DBE) was calculated for each molecular formula using 
(Koch and Dittmar, 2006) for unsaturation assessment. 
𝑫𝑩𝑬 = 𝟏 + 𝟏/𝟐(𝟐𝑪 − 𝑯 + 𝑵 + 𝑷)                                                (4)  
Where C = carbon; H = hydrogen; N = nitrogen; P = phosphorus and S = sulphur. 
A DBE value of zero explains a formula as fully saturated compound. To measure the 
presence of aromatic structure, the Aromaticity Index (Al) was calculated by  
𝑨𝒍 = (𝟏 + 𝑪 − 𝑶 − 𝑺 − 𝟏/𝟐𝑯)/𝑪 − 𝑺 − 𝑵 − 𝑷)                      (5) 
 whereas to assess the extent of aromatic structures, Modified Aromaticity Index 
(AImod ) was calculated (Koch and Dittmar, 2006). 
𝑨𝒍𝒎𝒐𝒅 = (𝟏 + 𝑪 − 𝟏/𝟐𝑶 − 𝑺 − 𝟏/𝟐𝑯) / (𝑪 −
𝟏
𝟐
𝑶 − 𝑺 − 𝑵 − 𝑷)))        (6) 
Visual assessment about compound classes was obtained using van Krevelen (VK) 
plots (Kim et al., 2003). The VK plots help to distinguish the compound classes in samples 
alongwith highlighting the possible reaction pathways by clustering the molecules 
according to their functional group compositions (Abdulla et al., 2013).  
2.7.3.6 Statistical data analysis  
All the statistical calculations were performed using PERMANOVA+ for PRIMER 




analysis (CA) and principal coordinate analysis (PCoA) was applied to compare and 
contrast the quality of DOM to/from each station (Chapter 4). Distance-based linear models 
(DISTLM), followed by distance-based redundancy analysis (dbRDA) was performed to 
explore the relationship of molecular characteristics with environmental parameters 
(Chapter 4). PCoA is a method to explore and to visualize similarities or dissimilarities of 
data. Traditionally, It is performed on a square similarity matrix or dissimilarity matrix 
(such as Euclidean resemblance matrix), to visualize individual and/or group differences. 
Individual differences can be used to show outliers. It is a dimension-reduction tool that 
can be used to reduce a large set of variables to a small set that still contains most of the 
information in the large set. It is a mathematical procedure that transforms a number of 
(possibly) correlated variables into a (smaller) number of uncorrelated variables called 
principal coordinates. The first principal coordinate accounts for as much of the variability 
in the data as possible, and each succeeding component accounts for as much of the 
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Here we use cathodic stripping voltammetry with competitive ligand exchange 
(CLE-CSV) to determine the speciation of Fe in samples from the Mersey River estuary 
and Liverpool Bay in the presence of salicylaldoxime (SA). Multiple analytical windows 
(MAWs) were obtained by varying the concentration of SA. Data fittings from individual 
titrations were compared to simultaneous analysis of all windows using KINETEQL 
multiwindow Solver (KMS) giving good agreement. Individual and MAW titrations agreed 
and demonstrated the presence of only one ligand dominating in all samples. The ligand 
concentration behaved non-conservatively with increasing salinity, and was in excess of 
the iron concentration throughout the salinity range tested. The ligand concentration co-
varied with that of iron-binding humic substances (HS). Measurement of the composition 
of dissolved organic carbon (DOC) using 2-dimensional fluorescence scans indicated the 
presence of terrestrial as well as microbial sources of organic matter in the estuary. The 
fraction of HS in the DOC amounted to between 21 and 46 %. 
Key words 
Iron speciation, estuarine, coastal waters, voltammetry, CLE-AdCSV, multiple 
analytical windows (MAWs), humic substances (HS), dissolved organic carbon (DOC), 






Fe is an essential micronutrient for marine phytoplankton as it controls primary 
productivity in large regions of the open ocean; consequently it has a major influence on 
the global carbon cycle and climate (Boyd et al., 2010). The availability of this trace metal 
to biota is dependent on its speciation (Brand et al., 1983). The inorganic complexation of 
iron in natural waters is well known (Hudson et al., 1992). It is well established that iron is 
99 % bound to organic ligands in the ocean (Rue and Bruland, 1995; van den Berg, 1995) 
however the composition and source of these ligands remain largely unknown (ligand soup) 
(Hunter and Boyd, 2007). Possible Fe-binding ligands are siderophores and exopolymer 
saccharides, heme and porphyrins (Gledhill and Buck, 2012; Hassler et al., 2011; Hunter 
and Boyd, 2007; Ibisanmi et al., 2011). Other possibilities include degradation products 
released during the decomposition of organic matter, bacterial degradation of sinking 
particles, photolysis ligand products of some high-affinity marine siderophores and 
bioremineralization products like HS, which have been suggested as weaker ligands 
(Hunter and Boyd, 2007; Wells et al., 2013).  
CLE-AdCSV is commonly used for metal complexation study. CLE-AdCSV 
measures the presence of natural metal complexing ligands because of the suppression of 
the response of the metal with an added competing ligand (AL). Several competing ligands 
with known stability constants for Fe such as 1-nitroso-2-naphthol (1N2N) (Gledhill and 
van den Berg, 1994; van den Berg, 1995), salicylaldoxime (SA) (Abualhaija and van den 
Berg, 2014; Rue and Bruland, 1995), 2-(2-thiazolylazo)-p-cresol (TAC) (Croot and 
Johansson, 2000) and 2,3-dihydroxynaphthalene (DHN) (van den Berg, 2006) have been 
used to determine the dFe-speciation.  
In CLE-AdCSV the selection of the analytical window affects the detection of 




the window is determined by the complex stability of the competing ligand and the limit of 
detection. It has been suggested that the metal speciation can be improved by varying the 
detection window (Pižeta et al., 2015). It is estimated that natural organic complexes are 
measured if the -coefficient of the unknown complex (ML) is within a decade of either 
side of the -coefficient of the competing ligand (MAL) (Ibisanmi et al., 2011; Van den 
Berg et al., 1990). The effect of varying the detection window has been extensively studied 
for copper speciation in coastal (Van den Berg et al., 1990; van den Berg and Donat, 1992) 
and estuarine waters (Buck and Bruland, 2007; Sander et al., 2015a) and for iron in seawater 
(Bundy et al., 2014; Ibisanmi et al., 2011) and estuarine-influenced shelf region (Bundy et 
al., 2015). Studies have used TAC (Ibisanmi et al., 2011) and SA (Bundy et al., 2015; 
Bundy et al., 2014) as competing ligand for Fe speciation analysis. 
Other than the detection window, data analysis also has key importance in 
speciation results. Traditionally, the methods used for the determination of total ligand 
concentration and stability constants involve the fitting of titration data using linearization 
(Ružić, 1982; Van Den Berg, 1982) which is easily implemented in spread-sheet software, 
and non-linear data fitting can also be used (Gerringa et al., 1995) which may have the 
advantage to fit more than one ligand to the data. New approaches have also been suggested 
for simultaneous data-fitting of several detection windows (Hudson et al., 2003; Sander et 
al., 2011) and have been used for copper (Sander et al., 2015a; Wells et al., 2013) and iron 
(Bundy et al., 2015). In a recent intercomparison of CLE-CSV data analysis methods using 
simulated data, the simultaneous multiwindow analysis based on speciation was shown to 
produce the most accurate and precise parameters (Pižeta et al., 2015). 
CLE-AdCSV is an electrochemical technique that is useful only in estimating the 
metal-binding ligand parameters but the technique does not provide any information about 




such as fluorescence spectroscopy is complementary for the source identification of those 
ambient ligands. Early work on Fe (Boyle et al., 1974; Boyle et al., 1977; Sholkovitz, 1976; 
Sholkovitz et al., 1978b) across salinity gradients in estuarine systems described the 
scavenging of Fe (as iron oxyhydroxides) and HS due to co-precipitation at the mixing end 
of freshwaters and brackish waters, removing more than 90% of the Fe and lowering its 
concentration from 0.5 – 10 μmol/L in freshwaters (Nagai et al., 2007) to 1 – 20 nmol /L 
range in coastal water (Laglera and van den Berg, 2009). The solubility of inorganic iron 
in seawater is extremely low (0.01 nmol /L) due to the formation of Fe(OH)3 (Liu and 
Millero, 2002) which is about ~100 fold less than the concentration of Fe (0.1 – 0.8 nmol 
/L in seawater (Johnson et al., 1997; Kuma et al., 1996; Laglera and van den Berg, 2009).  
In the present chapter, the titrations for dFe-complexing ligands in estuarine and 
coastal water were carried out over MAWs by varying the concentration of the added 
competing ligand (SA). The speciation data was evaluated using conventional data fitting 
after linearization of individual titrations (Ružić, 1982; Van Den Berg, 1982), compared 
this to curve fitting (Omanović et al., 2015), and used a new version of KINETEQL 
multiwindow Solver (KMS) (Hudson, 2014), to fit the speciation parameters to the MAW 
complexometric titrations as a unified dataset for one or more ligands simultaneously. 
Recently optimised procedures and stability constants for dFe-speciation with SA in 
estuarine waters (Abualhaija and van den Berg, 2014; Abualhaija et al., 2015) were utilized. 
The results are compared with earlier single window results (Abualhaija et al., 2015). 






3.2.1 Sampling site and sample collection 
The Mersey estuary is located in the northwest of England and extends from 
Warrington, where it receives freshwater from the River Mersey, to Liverpool Bay (47 km 
to the west) (Figure 3.1). The majority of the freshwater entering the estuary is from the 
Rivers Mersey and Weaver, which drain a catchment area of approximately 4600 km2. The 
estuary has a tidal range of up to 10 m, and the volume of water at high tide (35×107 m3) is 
50 times than that at low tide (0.7×107 m3), which means that the estuary is well flushed 
(Wilson et al., 2005). 
Six samples (station 1 – station 6) were collected from the Mersey estuary and one 
from Liverpool Bay (Figure 3.1) during two cruises with the Liverpool University research 
vessel, RV Marisa, in May 2013 (estuary) and April 2014 (Liverpool Bay). The 
hydrographic data for the samples is given in Table 3.1. Samples were collected from near 
Pierhead at salinity 18.81 towards the mouth of the estuary with salinity 30.88. The 
seawater end-member sample was collected from Liverpool Bay at outgoing tide and had 
a salinity of 32.2. The average water temperature was 10.7 ± 0.23 °C.  
The complete description of trace metal cleaning for lab ware is given in 
methodology section (2.2). The samples for speciation analysis at MAWs were collected 
by peristaltic pumping into the 5 L HDPE carboys, which had been rinsed 3 times with the 
same water before filling. Suspended matter was allowed to settle overnight in the 
laboratory and the supernatant water was filtered through a 0.2 µm filter (Sartobran 
cartridge, Whatman) using a vacuum pump and stored in LDPE bottles in the dark at 4 °C 
until analysis (Batchelli et al., 2010). Separate samples from surface and subsurface (100 
mL) were collected for fluorescence analysis, DOC and total dissolved nitrogen (TDN) 
measurements. For fluorescence analysis, the samples were filtered through pre-combusted 




samples for DOC and TDN were vacuum filtered using 0.2 µm polycarbonate membrane 
filters. The filtrates were wrapped in aluminium foil, stored in the dark at 4 °C and were 
analysed within 5 days of samples collection. Sub-samples were used to measure 
competition between copper and iron for humic ligands using single window iron 
speciation (5 µM SA) (Abualhaija et al., 2015). 
 
Figure 3.1: Map of sample locations. The wider area of the Irish Sea (left) and 




Table 3.1: Sampling station information and hydrographical data for all the samples collected from Mersey estuary and Liverpool bay, 
The stations 1-6 were the locations for sample collected from Mersey estuary, which were sampled in May 2013, and the Liverpool Bay 
station was sampled in April 2014. 
Stations Salinity at 25°C Time (GMT) LAT (N) LON (W) Depth (m) Temp. (°C) 
Station 1 18.8 08:50 53° 21.527 2° 55.909 2.6 10.4 
Station 2 20.0 09:20 53° 21.889 2° 56.673 3.5 10.5 
Station 3 22.2 09:49 53° 22.171 2° 57.402 6.5 10.6 
Station 4 26.3 10:20 53° 23.821 2° 59.847 8.0 10.9 
Station 5 28.8 10:53 53° 25.211 3° 01.136 13.8 11.0 
Station 6 30.9 11:27 53° 26.792 3° 02.102 18.2 10.9 






All sample manipulation was done in a Class 100 laminar airflow bench at room 
temperature. Milli-Q (Millipore U.K) of 18.2 MΩ·cm resistivity was used to prepare 
reagents and dilutions. Details of the reagents used in this chapter are given in methodology 
section 2.3.2. 
3.2.3 Voltammetric equipment 
The complete description about voltammetric apparatus is given in methodology 
section 2.2. The apparatus was pressurised using compressed air at 1 bar; the mercury was 
filtered approximately every 2 months to remove Hg-oxides. Voltammetric measurements 
were made using the differential-pulse mode. A linear baseline was applied using the peak 
search function in GPES 4.9 (Metrohm Autolab, NL).  
3.2.4 Determination of total dissolved iron 
Total dFe concentrations were determined using voltammetry. Samples were 
acidified and UV-digested to remove interfering surfactants and complexing ligands and 
procedure to determine FeSA complexes has been described in methodology section 2.3.3 
and somewhere else (Mahmood et al., 2015).  
3.2.5 Dissolved iron speciation analysis 
Fe-speciation was done by CLE-AdCSV in the presence of SA as a competing 
ligand (Buck et al., 2007; Rue and Bruland, 1995) using the re-calibrated method in the 
presence of air and overnight equilibration (Abualhaija and van den Berg, 2014). The 
sample preparation procedure for dFe-speciation analysis has been given in methodology 
chapter under section 2.3.4. The detection window was varied in separate titrations by using 
[SA] of 5, 10, 15, 25 and 50 µM (W1 - W5). The vials were conditioned 3 times to the 
range of Fe concentrations used and sample salinity. The vials were used consistently in 
the same sequence and were not rinsed between repeated titrations for the same sample. Fe 




rinsed between samples. Reproducibility of repeated titrations, and regular increases in the 
response (i.e., smooth titrations), indicated that conditioning was complete. Rather than 
diluting the samples which could possibly change the speciation, a shorter deposition time 
(30 to 60 sec.) was used to stay within the linear range for low salinity samples (from 
stations 1 - 4), as those stations had high concentration of dFe. All titrations for a particular 
sample were measured at the same deposition time, except for one titration (sample from 
station 6, 5 µM SA), which was measured at a lower deposition time. In order to use the 
data for simultaneous analysis of all analytical windows, the titration data (station 6, 5 µM 
SA) was corrected using the ratio obtained from the modelled data (model is discussed in 
result and discussion section). The detection limit of the voltammeter was taken as 0.01 
nA. 
3.2.6 Calculation of Fe´SA at varying concentrations of 
SA 
The conditional stability constants for complexation of Fe´ with SA vary as follows 
as a function of the salinity (Sal) (Abualhaija et al., 2015): 
K Fe ́SA= (-2.98±0.18) × 10
4 × Sal + (4.60±0.04) × 106 (7)  
Logβ ́Fe ́SA2= (-1.41±0.06) × Log Sal + (12.85±0.07) (8)  
The constants were used to calculate values for Fe´SA the salinity of each sample 
from: 
Fe´SA = K´Fe´SA × [SA] + β´Fe´SA2 × [SA]
2 (9) 
Values for logFe, the inorganic -coefficient of Fe in seawater, were between 10.3, 








3.2.7 Data processing of the ligand titrations 
 
(i) Data processing of individual titrations 
The sensitivity (S) (nA /nM of Fe) of each complexing ligand titration was 
estimated from the slope of the CSV response at the highest three Fe additions. The data 
fitting for individual titration was initially performed using linearization (Ružić, 1982; Van 
Den Berg, 1982). To verify for the presence of more than one ligands; the data was also 
fitted using linear and curve-fitting procedures in the MCC software (Omanović et al., 
2015). 
(ii) Simultaneous analysis of MAW data 
 The S of each individual complexing ligand titration was determined by internal 
calibration. As for each sample, titrations were performed by applying five different 
analytical windows i.e., 5, 10, 15, 25, 50 µM SA (W1 - W5), thus, five different sensitivities 
were obtained from applied analytical windows to a sample (Table 3.2). The analytical 
window yielding the highest sensitivity (Smax) was used to set the RAL (Hudson et al., 2003) 
(RAL = ratio of sensitivity at a given analytical window to the highest sensitivity (Smax)). 
For windows with lower sensitivities, the sensitivities were normalized (RAL) to the 
maximum sensitivity using experimentally determined values for each sensitivity. For 
example, for the sample collected from station 1, the obtained sensitivities for five different 
analytical windows were 1.29, 1.16, 1.14, 1.12 and 0.51 nA /nM (Table 3.2). The highest 
sensitivity (Smax = 1.29 nA /nM) obtained from the 5 µM SA window was used to set the 
RAL for this window as 1 and the RAL values (RAL = S /Smax) for the other analytical windows 
were calculated as 0.9, 0.88, 0.87 and 0.4. 
Using the calibrated values for RAL, KMS (Hudson, 2014) was used for the 
simultaneous fitting of the parameters (values for (K´FeL, [LT] and Sfitted) using all the data 




data sets. The first step was to run the model by given inputs which include the observed 
current (Ip), total [dFe], added [SA], conditional stability constant of dFe with SA (K´FeSA, 
K´FeSA2), αFe´, Smax as an initial sensitivity and the RAL values calculated for all the windows. 
Besides that, initial guesses were also given for the parameters to be determined (K´FeLi, 
[LiT] and Sfitted). After running the first step, in a second step, the values of the fitted 
parameters (K´FeLi, [LiT] and Sfitted) were optimised by repeatedly running the data-fitting 
program. The optimisation was iterated with different initial guess values to minimise the 
root-mean-square of relative error (RMS-RE) between the observed current (Ip) and the 
calculated current (Ipcalc) using the Solver function.  
3.2.8 Determination of HS and organic matter 
The concentration of Fe-binding HS was determined by CSV (Laglera et al., 2007) 
at pHNBS 8.15 in the presence of bromate, and calibrated on the mg /L scale using Suwannee 
River HA. Fe was added (50 nM) to saturate free HS to maximise the sensitivity. 
The data for fluorescence indices was collected using Horiba (Jobin Yvon) 
Spectrofluorimeter FluoroMax-4 with a 1 cm path-length quartz cuvette and three 
fluorescence indices were calculated including fluorescence index (FI), humidification 
index (HIX) and the biological index (BIX). The complete description of procedure has 
been given in methodology section 2.7.2.1 and somewhere else (Mahmood et al., 2015). 
To measure DOC and TDN, aliquots of 0.2 μm filtered samples were acidified to 
pH 2 and concentrations were measured according to procedure described in methodology 
under section 2.6).  
3.2.9 Statistical analysis 
All routine statistical analysis was performed in Microsoft Excel. Using the raw 
data, Pearson correlation matrix was created for hydrographical and all measured 




published study (Abualhaija et al., 2015). The PCoA was applied to Pearson correlation 
matrix to explore the association of physical and chemical parameters. PCoA is an 
unconstrained ordination method, which assumes a linear relationship to reduce the 
multidimensional sample space into fewer dimensions. The first dimension (PCoA1) 
explains the most variance among the data set whereas the second dimension (PCoA2), 




3.3 Results and discussions 
3.3.1 The modelled effect of increasing the detection 
window on iron complex ligand titrations 
We have modelled the effect of increasing the detection window on titrations with 
Fe of a ligand in seawater to clarify its effect. The ligand concentration in the water was set 
to [LT] = 50 nM and logK´Fe’L to 11.6, both values realistic for estuarine waters assuming 
that only the 1:1 Fe-SA complex is electroactive (Abualhaija and van den Berg, 2014). The 
data modelling shows (Fig. 3.2a) that the detection window at 5 µM SA has the greatest 
sensitivity, whereas this is lowest in the 50 µM SA window. It also shows that despite the 
greater sensitivity at 5 µM SA, the relative peaks at low iron concentrations (< [LT]) are 
greater at 50 µM SA (Fig. 3.2b) than at 5 µM SA. This difference is due to FeL dissociation 
at high [SA]. The model demonstrates that titrations at 5 µM SA show the inflection point 
at ligand saturation more clearly than at higher [SA], which should improve the 
quantification of [LT]. 
3.3.2 Complexing ligand determination in estuarine 
water at various detection windows 
The complexing ligand concentration in each sample was determined by titrations 
at 5 detection windows defined by setting the concentration of the competing ligand [SA] 
at 5, 10, 15, 25 and 50 µM. The complete dataset for each sample consisted of five titration 
curves, except the Liverpool bay sample, which was titrated at only two detection windows 
(5 and 15 µM SA). The -coefficient for Fe complexation with SA at each concentration 
of SA and salinity are summarised in Table 3.2. The -coefficient varied by a factor of ~21 
at a salinity of 18.8 (from Fe´SA = 23 to 487), and a factor of ~16 at a salinity of 31 (from 





The titrations from two samples (station 2, salinity 20; station 6, salinity 31) are 
shown in Fig. 3.3. For the sample from station 2, the expected order of the curves (which 
is also the expected order of sensitivities) was not achieved as the greater sensitivity (S) 
was observed for 15 µM SA rather than at 5 µM SA (Fig. 3.2a and Table 3.2): S (15 µM 
SA) > S (5 µM SA) > S (10 µM SA) > S (25 µ M SA) whereas the expected order of curves 
was attained for the sample from station 6: S (5 µM SA) > S (10 µM SA) > S (15 µM SA) 
> S (25 µM SA > S (50 µM SA) (Fig. 3.3b). The obtained irregular variation in S was 
ascribed to interference by surfactant effects such as from HS and other organic matter in 
the water, which apparently had a different influence at different concentrations of SA. For 
all the samples, the difference between the sensitivities at 5, 10 and 15 µM SA was small 
at stations 1, 2, 3, 5 and 7 (Liverpool Bay) whereas the expected decrease from [SA] > 5 













Figure 3.2: Modelled titrations at varying detection windows. a) The -coefficient for 
Fe-SA was varied by increasing [SA] from 5 to 50 µM SA. Highest sensitivity is 
obtained at highest [SA] (50 µM SA) when Fe < L whereas at Fe ≥ L, the highest 
sensitivity was obtained at lowest window (5 µM SA); b) the zoomed portion of 




A complicating factor in titrations using SA is that the sensitivity decreases with 
increasing SA concentration due to competition by FeSA2 which is non-electroactive 
(Abualhaija and van den Berg, 2014). This is counter to intuition as the -coefficient for 
complexation of Fe with SA increases with increasing [SA] whilst at the same time the 
sensitivity decreases when [SA] > 5 µM (at salinity ~35). Also, it differs from the change 
in the CSV-sensitivity for Cu which always increases with increasing [SA] (Lucia et al., 
1994). The decreasing sensitivity at higher [SA] offsets the increased peak height expected. 
3.3.3 Data fitting of individual titrations 
Ligand concentrations and stability constants were fitted to individual titrations by 
linear and non-linear data fitting at each detection window using MCC software (Omanović 
et al., 2015) which compares three different procedures and also corrects S for under-
saturation of L. The results for the individual titrations at each detection window are 
summarized in Table 3.2. Each titration consisted of 12 data points which is sufficient for 
fitting up to two ligands (Gerringa et al., 2014) depending on the data quality. It was 
attempted to fit titrations data to one and two ligands. To fit the data for one ligand model, 
van den Berg linearization approach was chosen. Concentrations of labile Fe were 
calculated from the peak-height and the sensitivity (S) which is equivalent to [Fe-SA] (or 
[Femeas.]), the sum of [FeSA] and [FeSA2], and free Fe ([Fe´]). The plots of [Femeas.]/[FeL] 
versus [Femeas.] (Ružić, 1982; Van Den Berg, 1982) were linear for all titrations of 
individual samples, indicating that a single ligand was dominating the speciation of Fe over 
the tested detection window in each sample. To verify whether nevertheless two ligands 
could be resolved, titrations were also analysed by non-linear data fitting. Data fitting was 
not improved by fitting more than one ligand to the titrations: in each case the standard 
deviation increased, and the concentration of one of the ligands was inconsistent between 




or high (and therewith indifferent to L1), respectively. This suggested that in each sample 
a single ligand was clearly dominating the complexation with Fe, with any other ligands 
being undetectable by our method and having an insignificant effect on the dFe speciation 
even if present. If more than one ligand is present in the water, and if these are not resolved 
by individual titrations, then a trend would be expected when the detection window is 
varied (van den Berg and Donat, 1992): a higher detection window would be expected to 
find a shift in the value of the complex stability or in the ligand concentration, or both.  
The -coefficient for complexation of various metals has been shown to increase 
with the detection window and titrations at different detection windows appeared to show 
this for copper (van den Berg and Donat, 1992). Our present work did not show such a 
trend: comparison of the values for [LT], K´Fe’L and [Fe´] (Table 3.2) from individual 
titrations at increasing detection window showed experimental variability but no systematic 
trends, suggesting that dFe speciation is here dominated by just one ligand. Further, the 
ligand concentration in each sample was calculated by averaging the result of the five 
titrations, and was found to have a standard deviation of typically 15 % or less (Table 3.2, 
Fig. 3.4), except for the Liverpool bay station which had a standard deviation of 35 % at a 
much lower ligand concentration. The consistency of the ligand concentrations also 
suggests that the same ligand was found at each detection window, and that any other ligand 
(which could be expected to be present) was not detected either because it has a much lower 
concentration than the main ligand, or binds the metal much weaker so that competition is 
negligible, or both. 
A different data fitting method (Hudson, 2014) was used to simultaneously fit all 
titrations carried out at different concentrations of SA to verify whether more than one 




Table 3.2: dFe-speciation parameters obtained from individual analytical window 
applied to each station using van den Berg (vdB) linearization (ProMCC program).  
 
Analytical 
αFe’SA logK´Fe´L [LT] Slope [Fe´] 
window 
Station 1* 5 µM SA 23 11.75±0.2 113±7 1.29 5.16E-21 
 10 µM SA 52 12.02±0.2 119±9 1.16 2.23E-21 
 15 µM SA 86 12.46±0.2 99±3 1.14 1.79E-21 
 25 µM SA 173 12.50±0.1 115±5 1.12 8.40E-22 
 50 µM SA 487 11.60±0.2 138±15 0.51 4.07E-21 
 average  12.10±0.2 117±8   
Station 2* 5 µM SA 23 11.52±0.1 84±4 0.97 6.08E-22 
 10 µM SA 50 11.57±0.1 95±6 0.82 3.79E-21 
 15 µM SA 83 11.90±0.4 82±6 1.02 2.66E-21 
 25 µM SA 165 11.87±0.2 66±3 0.60 7.69E-21 
 50 µM SA 461 10.30±0.2 77±6 0.23 1.37E-19 
 average  11.43±0.2 81±5   
Station 3* 5 µM SA 22 10.30±0.1 63±3 1.02 7.79E-20 
 10 µM SA 49 10.70±0.1 68±1 1.00 8.88E-20 
 15 µM SA 80 10.90±0.1 63±1 1.26 2.41E-20 
 25 µM SA 155 10.60±0.1 68±3 0.82 1.41E-20 
 50 µM SA 422 11.06±0.1 90±3 0.71 7.95E-21 
 average  10.70±0.1 70±2   
Station 4** 5 µM SA 21 12.61±0.4 48±4 1.45 4.79E-22 
 10 µM SA 45 11.73±0.1 54±2 1.65 2.96E-21 
 15 µM SA 73 13.30±0.2 51±1 2.45 1.02E-22 
 25 µM SA 139 12.04±0.1 62±3 2.72 1.24E-21 
 50 µM SA 367 12.62±0.2 51±5 1.01 4.37E-22 
 average  12.50±0.2 53±3   
Station 5*** 5 µM SA 20 11.70±0.4 38±4 0.93 4.28E-21 
 10 µM SA 43 11.76±0.1 41±1 1.44 3.79E-21 
 15 µM SA 70 12.40±0.2 43±3 1.34 7.44E-22 
 25 µM SA 131 12.20±0.2 42±1 1.90 1.66E-21 
 50 µM SA 340 12.07±0.1 44±1 0.77 1.49E-21 
 average  12.03±0.2 42±2   
Station 
6**** 
5 µM SA 20 12.23±0.3 31±3 3.42 1.62E-22 
 10 µM SA 43 11.90±0.2 36±3 3.32 2.02E-22 
 15 µM SA 68 12.85±0.4 31±4 3.28 3.78E-23 
 25 µM SA 128 12.63±0.3 32±3 2.71 5.16E-23 
 50 µM SA 326 12.59±0.3 41±3 1.87 3.02E-23 
 average  12.44±0.3 34±3   
Liverpool 
Bay***** 
5 µM SA 19 11.48±0.3 5.1±0.3 10.02 5.94E-20 
 15 µM SA 66 11.64±0.1 8.4±0.3 8.65 3.07E-21 
 average  11.56±0.2 6.8±0.3   













Figure 3.3: Titrations of complexing ligands from two different stations of the Mersey estuary; a) station 2 ligand titration performed at 
4 detection windows (5 - 25 µM SA, the 50 µM SA window was not used for simultaneous analysis of data), the maximum sensitivity 




3.3.4 Data fitting using KMS model 
The KMS program fits values for the parameters (L and K for one or more ligands) 
by minimization of the residual error of the modelled and real data using Solver (Hudson, 
2014). An advantage of this program is that it uses all the data points obtained at various 
concentrations of the competing ligand (SA), simultaneously and therefore has up to ~60 
data pairs (on average 12 data pair per titration) to calculate the complexing ligand 
parameters for i discrete ligand classes (For example, for simultaneous fitting, the total data 
points used for different stations were as follow: sample from station 1, 60 data pairs; 64 
data pairs for station 3 and 4 each whereas 47 data pairs were used for station 2 & 5 (only 
(W1 - W4) were used, W5 was excluded for simultaneous fitting); 55 data pairs for station 
6 and for Liverpool Bay 21 data pairs from two windows). A drawback is that the program 
does not produce a standard deviation and instead we used the residual error to verify 
whether data-fits for more than one ligand improved the data fitting (Sander et al., 2011). 
The initial data-guess was varied to check its effect on the values found and the effect on 
the calculated ligand concentration was very small (the spread is shown in Table 3.3 and 
Fig. 3.4), much less than the standard deviations of the individual data-fits. Attempts were 
also made to fit the data for four parameters (logK´FeL1, logK´FeL2, [L1] and Sfitted) excluding 
the estimations for [L2], but no improvement was observed in RMS-RE value. The resulting 
values for logK´FeL2 were very small (data not shown). Furthermore, the data from each 
sample was attempted to fit for five parameters (logK´FeL1 logK´FeL2, [L1], [L2] and Sfitted), 
but this caused the residual error to increase. Other than that, forcing a data-fit to two 
ligands was found to produce large variability in the concentrations found for L2 with 
repeated calculations. This unstable behaviour was found to be an indication of a non-
robust model (Sander et al., 2011). The two-ligand data fittings were therefore considered 
to be unrealistic and confirmed the individual titration fitting that a single ligand dominated 




either due to much lower concentration of that ligand than the main ligand or due to much 
weaker binding strength of that ligand for Fe, or both. 
For each sample, other than simultaneous analysis of all the titrations as a unified 
dataset, the KMS model was also run for 5 µM SA (W1) window only from each station. 
The RAL was taken as 1 for individual window analysis and the obtained results were 
compared with KMS (W1 – W5) and results obtained from van den Berg linearization 










Figure 3.4: Comparison of dFe-complexing ligand parameters ([LT] and LogK’Fe’L) 
as a function of salinity changing through the estuary; Results calculated from 
MAWs using the average of individual titrations fitted by van den Berg linearization 
(MCC), using the simultaneous fitting of MAWs (W1 – W5) by KMS, and using the 
single window (W1) fitted in KMS. Earlier published results on same samples by 




Table 3.3: Comparison of dFe-speciation parameters obtained for each station; 1) Single window results reported by earlier published 
study on same samples (Abualhaija et al., 2015a); 2) averaged parameters obtained from individual analytical window from vdB 
linearization (MCC software); 3) parameters obtained by analysing 5 µM SA (W1) analytical window for one ligand model in KMS; 4) 
simultaneous analysis of all (meaningful) analytical windows using a one ligand model in KMS. None of the stations showed a 
significantly better fit for two ligand model and results are thus not considered reliable and are not reported. All [dFe] and [LT] are 
reported in nmol/L, S is reported in nA/nM. 
  1) vdB linearization 
(MCC) 
2) KMS (W1) 3) KMS (W1-W5) 
4) Abualhaija  
vdB 
Linearization 
Stations [dFe] [LT] logK'L  [LT] SFitted S RMS-RE [LT] logK'L SFitted Smax RMS-RE [LT] logK'L 
Station 1 83.5±3.8 117±8 12.10±0.2  105 1.08 1.29 0.10 118±1 12.10±0.1 1.08 1.29 0.4 105 11.10 
Station 2* 51.0±1.2 81±5 11.43±0.2  67 1.07 0.97 0.06 94.6±0.1 11.57±0.1 1.07 1.02 0.3 67 11.10 
Station 3 40.3±0.5 70±2 10.70±0.1  53 1.07 1.02 0.04 57.22±0.1 10.80±0.1 1.25 1.26 0.3 53 11.30 
Station 4 35.0±1.1 53±3 12.50±0.2  43 1.07 1.43 0.13 52.6±0.1 12.30±0.1 1.80 2.75 0.3 43 11.30 
Station 5* 20.1±2.8 42±2 12.03±0.3  33 0.93 1.07 0.15 36.23±0.1 12.20±0.1 1.70 1.93 0.3 33 11.40 
Station 6 22.5±1.3 34±3 12.44±0.3  28 2.10 3.32 0.12 35.33±0.1 12.60±0.1 3.63 3.42 0.4 28 11.30 
Liverpool Bay 4.80±0.5 6.8±0.3 11.56±0.2  6 9.75 10.02 0.02 7.49±0.1 11.70±0.1 9.75 10.02 0.2 6 11.30 





Comparison of the ligand concentrations obtained using KMS (W1–W5), KMS 
(W1) and the averaged results obtained from individual titrations showed good agreement 
(Fig. 3.4, Table 3.3). Further, the results were also compared with results reported by 
Abualhaija et al. (2015) (Fig. 3.4, Table 3.3). The difference between the ligand 
concentrations of the different data fitting methods was <15 % but it was systematic: The 
results obtained from simultaneous fitting of all the windows, and by averaging the 
individual window results obtained by van den Berg linearization (using MCC) were both 
very similar, but on average typically 10 % higher than the values obtained from single 
window (W1) as well as those reported by Abualhaija et al. (2015) for stations 1 - 6, and ≈ 
25 % higher for Liverpool Bay sample. The range in the values obtained by varying the 
initial guess-values using KMS was narrow (range <1 %), compared to an experimental 
standard deviation of 10 – 30 % in the ligand concentrations in the individual titrations 
(Table 3.3). The value obtained using KMS was often within the experimental standard 
deviation. It is tempting to suggest that the MAW titrations may have led to better 
optimization of the sensitivity but the comparative titrations at various detection windows 
(Table 3.2) showed no systematic increase when the detection window was increased. The 
KMS values obtained from simultaneous analysis of all the windows as a unified dataset as 
well as KMS (W1) results are used here for further interpretation of the data. 
3.3.5 Variations in log K 
The complex stability of Fe-L complexes found in the present study was (logK´Fe´L 
values) between 10.8 - 12.6 for KMS (W1-W5) and in the range from 10.3 - 12.07 for KMS 
(W1), and was without a systematic salinity trend (Table 3.3 and Fig. 3.4). Averaging of 
the logK´Fe´L values gave a value of 11.9 ± 0.6 for KMS (W1-W5) and 11.5 ± 0.6 for KMS 
(W1). This complex stability is similar to that (between 11.1 and 11.6) for terrestrial humic 




that (11.3) for terrestrial HS in estuarine, black-river, waters (Batchelli et al., 2010) and 
also similar to that (11.5 ± 0.6) reported for Fe-complexing ligands originated from 
sediments pore waters (Jones et al., 2011). Similar complex stability (between 11 and 12) 
has been found elsewhere for ligands in coastal waters (Bundy et al., 2015), estuarine 
waters (Croot and Johansson, 2000; Gerringa et al., 2007; Gledhill et al., 2015) and oceanic 
waters (Ibisanmi et al., 2011; Sander et al., 2015b; Velasquez et al., 2011). The ligands 
from estuarine origin therefore are similar to terrestrial HS. Nevertheless, ligands with 
values for log K’Fe’L >12 have been found in estuarine-influenced shelf waters (Bundy et 
al., 2015). Therefore, the reported variability for complex stability is high and appears to 
depend strongly on the catchment and source of organic material. 
The spread of reported complex stabilities for ocean waters is even larger than in 
estuarine water; 9 - 11 (Gledhill and van den Berg, 1994), 13 (Rue and Bruland, 1995), 12 
(Boye et al., 2001), 11.5 (Ibisanmi et al., 2011), 11 - 14 (Witter et al., 2000), and 10.3 to 
11.4 (Buck and Bruland, 2007). But the more recent papers from oceanic waters (Buck and 
Bruland, 2007; Ibisanmi et al., 2011; Sander et al., 2015b) reported complex stability in 
between 11 to 12, rather than earlier published papers which reported complex stability in 
a range of 9 to 14 (Gledhill and van den Berg, 1994; Rue and Bruland, 1995; van den Berg, 
1995; Witter et al., 2000), thus recent studies reporting complex stability for ligands similar 
to that found for terrestrial HS (Buck and Bruland, 2007; Ibisanmi et al., 2011; Sander et 
al., 2015b). However, it may be too early to generalise complex stability as the complex 
stability of SA has been calibrated only very recently in seawater (Abualhaija and van den 
Berg, 2014) and extended to estuarine water (Abualhaija et al., 2015). 
3.3.6 Comparison of dFe with ligands 
The MAW speciation experiments showed that these estuarine waters are 




diluted by seawater. Abualhaija et al. (2015) have shown that Fe and the ligand 
concentration co-vary in the Mersey waters, their concentration decreasing in a non-linear 
fashion with increasing salinity at a constant ratio of 0.79, which means that ~21 % of the 
ligand is free. We have compared our KMS (W1 – W5) and KMS (W1) results with earlier 
reported results of Abualhaija et al. (2015) who used an Excel based van den Berg 
linearization (Fig. 3.5a). The results obtained from KMS (W1) (y = 0.75 x) were in close 
agreement with earlier reported results of Abualhaija et al. (2015) whereas (≈ 35 %) free 
ligands (y = 0.65 x) were detected when all the windows were analysed simultaneously in 
KMS. Reasons for a systematic lower ligand concentration as found by Abualhaija et al. 
(2015) compared to our results may be explained by a slightly different SA concentration 
or a small but consistent Fe-contamination introduced during titrations, e.g. from buffer 
solution or SA. Though, the differences are not large and may just be caused by the data 
structure and using different evaluation programs. However the exact reason cannot be 
retraced anymore. 
Previous studies have shown that 1 mg HS was equivalent to 30.6 ± 1 nM of Fe-
binding ligands (Fe-HS) (Abualhaija and van den Berg, 2014). This value was used to 
convert voltametrically measured Fe-HS (explained in following paragraph) into nM. A 
diagram of [Fe-HS] as function of [LT] (see Fig. 3.5c) obtained from KMS (W1) shows a 
linear relationship with a slope of near unity (y = 0.95 x) with an intercept that is < 1 nM 
ligands giving an indication that nearly the entire ligand concentration for Fe consists of 
HS. The slope value found from [Fe-HS] plot with [LT] obtained from KMS (W1–W5) was 
slightly lower (y = 0.84 x) (Fig. 3.5c), probably due to excess ligand concentrations 
detected by simultaneous analysis of all the dataset. A plot of [Fe-HS] as function of [dFe] 
(Fig. 3.5b) shows a linear relationship with a slope of (y = 0.78 x) which is similar to the 




a confirmation that the major portion of ligand that control Fe in Mersey estuary is HS. Our 
results are in agreement with earlier published results (Abualhaija et al., 2015). 
Within the Mersey River estuary, the dFe speciation is highly controlled by a large 
excess of [LT]. The concentration of both dFe and [LT] was highest at lowest salinity (18.8), 
then the concentration declined dramatically from station 1 to station 2 almost 39 % 
decrease in the concentration of dFe and around 21 % in [LT] was seen. The relevant work 
conducted for such kind of environment has revealed that the loss of dFe is most obvious 
for lower salinities likely due of flocculation of dFe at lower salinities (Boyle et al., 1974; 
Boyle et al., 1977; Sholkovitz, 1976; Sholkovitz et al., 1978b). 
The mixing pattern of [LT] with salinity suggests that organic ligands were 
conservative at station 1 but the increase in salinity above a threshold is changing this 
conservative into non-conservative mixing behavior. From station 2 to onward, a small 
gradual decrease in [LT] along with [dFe] within the estuary was noticed. Since the 
concentrations of both dFe and LT are highly correlated it is anticipated that LT could also 
be lost due to flocculation at lower salinity and later on due to dilution. From the correlation 
(Fig. 3.5a, r2 = ̴ 0.97; Fig. 3.5b, r2 = ̴ 0.98), it is further evident that LT were fully saturated 
with dFe thus supporting the earlier work which suggested that DOM especially humic acid 
plays an important role in the flocculation of Fe during river–ocean mixing through 
estuaries (Boyle et al., 1977; Buck et al., 2007; Sholkovitz, 1976; Sholkovitz et al., 1978b). 
The number of studies that examined iron binding ligands in estuaries and rivers 
(Buck et al., 2007; Bundy et al., 2015; Jones et al., 2011; Powell and Wilson-Finelli, 2003) 
are small but the published studies reported strong association of dFe with Fe-complexing 
ligands. Jones et al. (2011) from Satilla River estuary and Powell and Wilson-Finelli (2003) 
from Mississippi River plume reported the presence of only one ligand class in both rivers. 




Fe-complexing ligands in the Satilla River estuary and a strong correlation between Fe-
binding complexes and dFe was observed, which they hypothesized was accounted for by 
a portion of the dFe pool bound to strong ligands. Powell and Wilson-Finelli (2003) also 
found a strong correlation of Fe-complexing ligands with [dFe] and speculated that the 
photochemical processes causing the degradation of stronger ligands originated either from 
terrestrial or planktonic sources into weaker ligands. Those weaker ligands, in turn, were 
replenished by stronger ligands produced in-situ by the bacterial and planktonic 
communities. Buck et al. (2007) reported the presence of two ligands in the Columbia River 
estuary and San Francisco Bay plume and found that [L1] was highly correlated to [dFe] 
and attributed this to a strong ligand pool “capping” [dFe] in the Columbia River estuary 
and San Francisco Bay, despite high concentration of leachable particulate Fe, which could 
otherwise contribute to the dFe inventory. The author suggested coastal sources of stronger 
Fe ligand pool due to the decline of L1 offshore (Buck et al., 2007). Bundy et al. (2014) 
also discussed the coastal sources of L1 that have an offshore sink. The author reported 
degradation processes as a major cause of the disappearance of L1 due to advection of 
coastal water offshore. Bundy et al. (2015) stated that the [dFe] was tightly bound to the 
strong Fe-complexing ligands originating from low salinity water. The author found the 
weaker ligands only at low salinities < 7 which were subject to removal at higher salinities 
















Figure 3.5: Plot showing the correlations a) [dFe] with [LT] obtained from simultaneous MAW (W1–W5) fitting by KMS, single window 
(W1) fitted by KMS, and [LT] published by Abualhaija et al. (2015); b) [dFe] as a function of [Fe-HS] including a comparison with earlier 
published results by Abualhaija et al. (2015); c) [Fe-HS] as a function of [LT] obtained from simultaneous fitting of MAWs (W1–W5) by 




3.3.7 Composition and sources of DOM in Mersey 
estuary and Liverpool Bay  
A measurement of DOC was used to elucidate the composition of dissolved organic 
matter (DOM) and was compared to the detected iron binding ligands. The Fe-binding HS 
had been determined after saturation with Fe, which should be equal to the total HS (Laglera 
et al., 2007) and has in the past been shown to give comparable HS concentrations as found 
using UV absorbance. DOC was determined after sample acidification to remove inorganic 
carbon and to stabilise the organic matter.  
Plotting voltammetrically measured Fe-binding HS as a function of [dFe] shows a 
linear relationship (Fig. 3.5d) compared to a non-linear relationship observed between 
[DOC] mg C /L and [dFe] (Fig. 6b). Further, the voltammetrically detected Fe-HS was 
calibrated on the mg /L scale of SRHA and was converted to the mg C scale using a ratio 
of 1 mg of SRHA = 0.52 mg C/L (http://www.humicsubstances.org/elements.html). A plot 
of HS (mg C/L) as a function of the concentration of DOC (mg C /L) (Fig 6a) was straight 
with a slope of 0.56 but with a significant intercept on the DOC axis: [HS] = 0.56 x DOC 
– 0.68 (DOC and HS as mg C/L). Extrapolation to low concentrations of DOC, in the 
seawater end-member, would give a residual concentration of 1.21 mg C /L DOC when HS 













Figure 3.6: a) Voltammetrically measured Fe-binding [HS] as a function of [DOC]; b) 
[DOC] as a function of [dFe]. 
 
The fraction of HS in DOC (as mg C/L) decreased from 46 % at the low salinity 
end (Sal 18.8) to 21 % at Sal 30.9, and to 5 % of DOC in the Liverpool bay sample (Sal 
32.2; Table 3.4). The data suggests a non-conservative mixing behaviour of the HS 
compared to DOC in these estuarine waters (Fig. 6a). The DOC was found to decrease in a 
linear manner with the salinity to a low of 1.2 mg C /L at the high salinity end, which is a 
little higher than that (~ 0.8 mg C /L of DOC) in open Atlantic waters (Lomas et al., 2013). 
This can be explained with the proximity to the shelf. The DOC therefore shows a simple 
dilution of high-DOC estuarine with low-DOC seawater. The decrease in the proportion of 
DOC occurring as HS during this dilution stage indicates that the HS is subject to a removal 
process compared to a conservative DOC.  
To track the sources of organic ligands that control the distribution of Fe in the 
Mersey estuary, fluorescence indices FI, HIX and BIX were calculated for the entire surface 
and some subsurface waters samples (Table 3.4). All the surface water samples have FI 
~1.6 which means that the sources were consistent with mixed sources from allochthonous 
(terrestrial) as well as autochthonous (microbial) origin throughout the estuary. Notably, 




respectively, which is representative of microbial sources of DOM and indicates different 
sources, or states of DOM in surface and subsurface, although the DOC concentrations in 
the surface, and subsurface water samples were similar for all the stations. HIX values 
range from 11.06 to 11.74 for all surface and subsurface water samples, except for two 
subsurface samples at station 4 and 6, which had lower values of 9.6 and 6.7. The lower 
HIX values suggest that the DOM could be microbially-derived with lower aromaticity and 
higher N contents (Birdwell and Engel, 2010). The similar HIX values in the surface water 
indicate that these have terrestrial humic substances. The BIX value calculated for the entire 
surface and subsurface waters samples was ~ 0.75 suggesting that there was a significant 
contribution of sedimentary organic matter to the water, too. 
Accumulation of sediments takes place in rivers during time of either low flow or 
change in flow. When the flow changes, the accumulated sediment is weathered and carried 
along with the associated porewaters into the coastal zone (Powell and Wilson-Finelli, 
2003). Reducing sediments release Fe and Fe-complexing ligands to water column in 
upwelling system (Jones et al., 2011; Taillefert et al., 2000). Due to the shallow nature of 
Liverpool Bay and strong tidal and wind mixing in the estuary, Mersey estuary and 
Liverpool Bay are subjected to short-lived or intermittent periods of stratification. As a 
result, a complete drawdown of nutrients takes place throughout the entire water column 
(Greenwood et al., 2011). The results from FT-ICR-MS and fluorescence indices confirmed 
the presence of DOM from terrestrial sources as well as DOM from sediment resuspension. 
Thus, we anticipate that a fraction of dFe and dFe-complexing ligands in Mersey River 




Table 3.4: Fluorescence Indices calculated for all the surface and subsurface water 
samples along with TDN values collected from Mersey River estuary and Liverpool 
Bay. 
Stations BIX HIX FI TDN mg N/L 
Station 1 surface 0,76 11,07 1,60 4,30 
Station 2 deep 0,75 11,10 1,92 3,77 
Station 2 Surface 0,76 11,06 1,59 3,80 
Station 3 Surface ND ND ND 3,50 
Station 4 deep 0,75 9,56 1,89 2,30 
Station 4 Surface 0,75 11,74 1,59 2,30 
Station 5 deep 0,75 11,14 1,58 1,42 
Station 5 surface 0,75 11,20 1,58 1,10 
Station 6 deep 0,76 6,75 1,59 0,60 
Station 6 Surface 0,75 11,26 1,58 0,60 
Liverpool Bay 0,75 11,06 1,68 0,42 
 
 Bacteria in both marine and freshwater systems are known to produce 
siderophores (Haygood et al., 1993; Macrellis et al., 2001) with log K´Fe´L = 11.5 − 11.9. 
Many of the siderophores that have been identified in aquatic systems appear to originate 
from freshwater cyanobacteria (Bundy et al., 2015; Ito et al., 2004) and heterotrophic 
bacteria (Gledhill et al., 2004; Mawji et al., 2011). Bundy et al. (2015) reported more than 
two ligand classes in estuarine-influenced shelf waters and suggested that bacteria could be 
largely responsible for the production of siderophores in San Francisco Bay, contributing 
to a strong dFe-complexing ligand pool in low salinity waters, whereas HS would only 
account for a small fraction of ligands from the total ligand pool. Unlike previous studies 
which reported the in situ production of stronger Ligands (Rue and Bruland, 1995), recent 
studies suggested the terrestrial or in situ microbial sources of stronger Fe-binding ligands 
(Bundy et al., 2014). Marine siderophores, like their terrestrial counterparts, have been 
shown to play a dissolutive role in obtaining Fe from iron bearing minerals, aerosol dust 
and marine particles (Borer et al., 2005; Sreelatha and Thalayappil, 2015), a process which 
get enhanced in the presence of light and likely due to the photoreactivity of some marine 




DOM in our samples from microbial sources could either be produced in situ or at low 
salinity waters and persist downstream into Liverpool Bay. 
3.3.8 Dissolved iron, Fe-binding HS, DOC, TDN and LT as 
a function of salinity 
The concentrations of humics determined as Fe-HS by voltammetry (mg/L was 
converted to mg C/L using a ratio of 0.52 mg C/L for each mg of HA), DOC (mg C/L), 
[LT] nM and [dFe] nM and [TDN] mg N/L was plotted as a function of salinity (Fig. 3.7). 
In all cases, the concentration decreased with increasing salinity. While DOC and TDN are 
behaving quite conservative with increasing salinity, the other parameters are less 
conservative. The dFe and HS are known to co-precipitate across salinity gradients in 
estuarine systems and show a similar pattern than [LT], indicating that LT may be related to 
HS (Fig. 3.7). The dFe co-varied with the DOC but in a non-linear fashion (Fig. 3.6b), in 
agreement with the different behaviour of DOC and HS (Fig. 3.6a). 
Figure 3.7: Concentrations of humics determined as Fe-binding HS by voltammetry 
([HS]), dissolved organic matter ([DOC]), total natural ligand concentration ([LT]) 
obtained from KMS (W1–W5), dissolved iron concentration ([dFe]), and total 




Table 3.5: [DOC], [HS] retained in HS, [TDN], K'FeSA and B'FeSA2 values for all the samples collected from Mersey estuary and Liverpool 
Bay samples: 











Station 1 16.61 21.05 3.60 3.20±0.2 1.70 40.72 4.30 
Station 2 16.60 21.02 3.50 2.20±0.3 1.20 30.75 3.80 
Station 3 16.60 20.95 3.40 2.00±0.3 1.02 23.52 3.50 
Station 4 16.58 20.85 2.60 1.40±0.2 0.70 23.82 2.30 
Station 5 16.57 20.79 2.10 1.20±0.2 0.60 23.07 1.10 
Station 6 16.57 20.75 1.70 0.80±0.2 0.40 24.08 0.60 





To enhance the validation of these results, PCoA analysis was performed using all 
of the measured environmental (Table 3.5) and hydrographical data (Table 3.1), and 
complexation parameters obtained from different data analysis approaches (Table 3.3). The 
purpose of including the complexometric parameters obtained from different analytical 
approaches into PCoA analysis was, first to find a correlation of complexometric 
parameters with other physical and chemical parameters, and secondly to visualise any 
agreement in ligand parameters obtained from different data analysis approaches. Table 3.6 
includes all 23 variables used for PCoA analysis along with their PCoA loadings 
(eigenvectors) for the first three PCoAs. The PCoAs are the linear combination of variables 
that explain the greatest variance in the dataset, with the first PCoA explaining most of the 
variance. Due to relatively small size of the data set, the first PCoA1 explained 97 % of the 
variance whereas the first three PCoAs explained 100 % of cumulative variance in our 
dataset. From the eigenvectors, it is evident that the first PCoA was fully dominated by the 
loading from salinity, latitude, longitude, depth, temperature, dFe, HS (mg /L), HS (mg C 
/L), TDN, DOC, LogK´FeSA, Logβ´FeSA2, % of HS in DOC concentration and [LT] obtained 
from different approaches. Besides that, the complex stability values (LogK´Fe´L), obtained 
from different data analysis approaches also contributed to the first PCoA, except logK´FeL 
obtained from KMS (W1) which has almost equal contribution to PCoA1 and PCoA2. 
It can be seen from the eigenvectors as well as from the PCoA plot (Fig. 3.8a), on 
the first and second principal coordinates axes (Fig. 3.8b) that the ligand concentration data 
was more positively correlated with dFe and Fe-HS, whereas DOC showed greater 
correlation with TDN, and HS was in the middle equally correlating to both groups. This 
also suggested that DOC has a slightly different mixing pattern compared to [LT] and [dFe]. 
Unsurprisingly salinity was positively correlated to latitude, longitude, depth and 




and complexometric parameters. On first and third principal coordinates axes (Fig. 3.8b) 
DOC correlated more with HS than TDN.  
The PCoA plot indicates an agreement been [LT] obtained from different data 
analysis approaches whereas a larger spread/variability has been observed for LogK´Fe´L 
values derived from different data analysis approaches, a phenomenon that has also been 




3.3.9 Summary and Conclusion 
The comparable conditional stability constants obtained for the strongly dominating 
ligand class present in the Mersey estuary (11.9  0.6,) and Liverpool Bay (11.45 ± 0.6) 
was in the range reported for terrestrial humic acid, terrestrial HS, ligands release from pore 
water of sediments and siderophores produced by bacteria in freshwater and the marine 
environment. The fluorescence data confirmed that DOM in these waters has its origin from 
terrestrial and microbial sources and is largely of constant composition throughout the 
estuary. This endorses our finding of a constant source, or mix of sources, of the dominating 
iron binding ligand class found throughout the estuary, at each detection window. We also 
strongly suggests that, since the ligands found have similar binding strength for Fe than HS 
and because there is a strong correlation between the ligand binding parameters and HS, 
which could be dominating Fe-speciation in this estuary. The results from FT-ICR-MS 
(chapter 4) and fluorescence indices confirmed the presence DOM from sediments; thus a 
small fraction of dFe and LT in the Mersey estuary and Liverpool Bay could be contributed 
from the sediment re-suspension.  
The concentration of LT (Table 3.3) decreased from 118 nM at Sal 18.8 to 35 nM at 
Sal 30.9, with a further, steeper, decrease to 7.5 nM for the Liverpool Bay sample. 
Although, we did not take samples at salinities below 18.8 it is quite possible that the 
complexation of dFe by the dominant LT found in our study would occur already at lower 
salinities and that dFe would remain strongly complexed to those ligands throughout the 
estuary, unless removed due to flocculation/co-precipitation along with HS. The lower 
concentration of HS, LT and dFe in the Liverpool Bay sample can be explained by the fact 
that it was taken about 15 miles away from the mouth of the estuary in an area with much 
less tidal flow. Thus, suspended particulate matter would therefore largely be removed by 











Figure 3.8: The results of the principal coordinate analysis (PCoA). A) PCoA loadings for the 23 variables used in the PCoA analysis 
shown in the PCoA space along the first principal coordinate (x-axis) and the second principal coordinate (y-axis). Variables labels are 
LAT (latitude), LON (longitude), Sal (salinity), T (temperature), Dep. (depth), 1[LT] & 1LogK’(complexation parameters obtained from 
vdB linearization (MCC), 2[LT] & 2LogK’ (complexation parameters obtained from 5 µM SA (W1) window analysed using KMS, 3[LT] & 
3LogK’ (complexation parameters obtained by simultaneous analysis of all the analytical windows (W1-W5) in KMS, 4[LT] & 4LogK’ 
(complexation parameters reported by Abualhaija et al. (2015) for the same samples, DOC (dissolved organic carbon), Fe (dissolved 
Fe), TDN (total dissolved nitrogen) LogK’ & LogB’ (conditional stability constants for FeSA and FeSA2), HS1 (humic substances in 
mg/L), HS2 (humic substances in mg C/L), % of HS (percentage composition of HS out of total DOC), Fe-HS (equivalence of HS in nM); 




We used here the approach of multiple analytical windows (MAW) in an attempt to 
obtain a better estimate for the sensitivity (S) at the higher concentration of the added ligand 
(here SA). This approach goes back to the suggestion that overload titrations at very high 
added ligand concentrations would outcompete natural ligands and then the peak height 
should increase linearly with the added metal (Kogut and Voelker, 2001). At the time this 
was shown to work for Cu complexation with humic substances, but natural waters contain 
ligands (thiols) that bind Cu much stronger (Laglera and van den Berg, 2003) and which, 
to some extent, invalidate the assumption that the response is going to be linear at high 
concentration of SA. Therefore the response still has to be corrected for un-saturation of L 
also at high SA. At least with Cu and SA, the sensitivity increases with the concentration 
of SA, so the measurements have a high sensitivity.  
Similarly, in the present work we varied the analytical window by changing the 
concentration of SA, but in this case we measured the Fe-SA species. At highest analytical 
window SA should be able to outcompete all ambient natural ligands (LT) to produce a 
linear response as function of the Fe concentration and thus facilitate the calibration of the 
sensitivity S. However, because in case of Fe-SA the peak current is based on the Fe-SA 
species only, as opposed to both the Fe-SA and FeSA2 species, the response goes down 
with [SA] > 5 µM (Abualhaija and van den Berg, 2014). This decrease seriously hampers 
the MAW approach for Fe with SA as demonstrated in this study. The MAW approach has 
been shown to be useful to facilitate calibration of S when the sensitivity increases with 
[AL] such as for the Cu-SA method (Buck and Bruland, 2005; Lucia et al., 1994; Sander 
et al., 2015a; van den Berg and Donat, 1992; Wells et al., 2013). This work shows that 
MAW method does not provide this advantage for the system of Fe-SA due to the 





Table 3.6: Eigenvectors for the first three principal coordinates (PCoAs) for each of 
the variable used in the principal coordinate analysis. The first three PCoAs 
explained 100% of the cumulative variance whereas only PCoA1 explained 97% 
variance. Larger magnitude numbers indicate a stronger contribution to that PCoA, 
whereas positive and negative numbers contributing positively and negatively to 
that PCoA, respectively. 
  
Variables PCoA1 PCoA2 PCoA3 
Salinity 1.34 -0.01 0.03 
Latitude 1.23 0.29 -0.29 
Longitude 1.20 0.10 -0.08 
Depth 1.29 0.19 -0.09 
Temperature 1.23 0.02 0.12 
LogK'FeSA -0.68 0.26 0.02 
Logβ'FeSA2 -0.69 0.19 -0.17 
DOC -0.70 0.25 0.11 
HS mg C/L -0.62 0.07 0.06 
HS mg /L -0.62 0.07 0.07 
% of HS in DOC -0.49 -0.28 0.25 
TDN -0.70 0.26 -0.06 
dFe -0.58 -0.11 -0.12 
[LT]  KMS (W1-W5) -0.60 -0.11 -0.10 
LogK'Fe'L KMS (W1-W5) 0.59 -0.36 -0.05 
[LT]  vdB (MCC) -0.63 -0.05 0.10 
LogK'Fe'L vdB (MCC) 0.65 -0.35 -0.03 
[LT]  Abualhaija -0.59 -0.09 -0.06 
LogK'Fe'L Abualhaija 0.86 0.14 0.46 
[LT]  KMS (W1) -0.64 -0.06 -0.05 
LogK'Fe'L KMS (W1) 0.37 -0.33 -0.16 
Fe-HS Abualhaija -0.61 -0.10 -0.02 




The titrations at constant concentrations of SA (single analytical window (SAW) 
titrations) gave the same result (same ligand concentration and complex stability) as the 
MAW titrations. This suggests that the ambient ligands in these estuarine and coastal waters 
were dominated by just one ligand.  
The data-fitting using several approaches (data linearization as well as curve fitting 
methods, gave the same result for the experimental data, suggesting that the speciation of 
dFe is quite robust.  
To facilitate the use of a high detection window to obtain a good estimate for the 
sensitivity S, it would be convenient to use a different added ligand that has a higher 
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The Mersey River Estuary receives significant quantities of waters from multiple 
sources such as industrial waste, sewage and run-off from agricultural and contaminated 
land into its tidal and non-tidal reaches, which is driving the quality and reactivity of DOM. 
In the present study, we have molecularly characterized DOM via ESI-FT-ICR-MS and 
observed a relatively high contribution from heteroatomic containing molecular formulae 
(CHON, CHOS, CHOP, etc.). The heteroatomic DOM distribution mirror the distribution 
of oxygen-only heteroatomic (CHO) formulae in a region (H/C; <1.5) of the Van Krevelen 
(VK) diagram, as typical for N, S and P incorporated through abiotic, nonspecific sources. 
The relative abundance of CHOS is suggesting the presence of wastewater effluent and 
conservative mixing with seawater. The dominance of CHON at salinity > 26 advocates 
the presence of recalcitrant material from autochthonous sources. DOM becomes more 
aliphatic and contains less oxygen-rich molecules along the salinity gradient, as observed 
for photo-, or microbial degradations and mixing between river and seawater. Other 
environmental variables (EVs) such as the concentration of dFe, iron-complexing ligands, 
dissolved Cu (dCu), Cu-binding ligands (CuL), Fe-HS, DOC and TDN were correlated 
with CHO-only and CHOS, demonstrating a significant relationship with CHOS. CHONx 
was strongly correlated with salinity. Data on trace metal complexation was statistically 
combined with molecular DOM peaks obtained from ESI FT-ICR-MS, a field of research 
that has not found much attention, yet. This study is contributing to our knowledge about 
the possible sources of copper and iron binding ligands and their transport into the coastal 
marine system.  
Key words: dissolved organic matter (DOM), ESI FT-ICR-MS, heteroatomic 
DOM, molecular signature, iron binding ligands (FeL), Fe-binding humic substances (Fe-




(DISTLM), distance-based redundancy analysis (dbRDA), spatial distribution, dissolved 






DOM is a heterogeneous mixture of compounds of varying quality, which strongly 
influence a number of key ecosystem processes such as, attenuation of solar radiation, 
nutrient availability, contaminant toxicity, material and energy cycling (Yamashita and 
Jaffé, 2008). Hence, it plays an important role in the aquatic food web (Fellman et al., 
2010). There are two distinct sources of origin for DOM in aquatic systems, i.e., internal 
(autochthonous) and external (allochthonous). Autochthonous DOM dominates in systems 
with low terrestrial influence or high nutrient loadings that can stimulate high primary 
productivity, e.g., coastal areas. In comparison, allochthonous DOM is often found in 
oligotrophic systems with moderate nutrient loadings. Allochthonous DOM undergoes an 
alteration along the hydrological path from the terrestrial source to the open ocean via 
processes such as salt-induced flocculation (Sholkovitz, 1976; Sholkovitz et al., 1978b), 
photo- (Moran and Zepp, 1997) and biodegradation (Peter and James, 2000). The partial or 
complete change of DOM composition by incorporation into biomass or selective 
precipitation is decreasing its pool. Conversely, the DOM pool is replenished by 
autochthonous productions in the estuarine environment, for example by exudates from 
phytoplankton and macro-vegetation (Castillo et al., 2010; Wiebe and Smith, 1977). The 
combination of these processes cause the DOM pool to change gradually from terrestrial to 
marine DOM. However, DOM appears to retain some compositional component of its 
original source material despite undergoing these biogeochemical processes (Hedges et al., 
1994).  
Anthropogenic activities are responsible for changes in DOM composition and 
increased of nutrient levels exported to inland surface waters. Anthropogenic DOM is 
enriched in N, S, and P, and can modify the DOM reactivity and sorption processes (Hedges 




and Jones Jr, 2003). Due to the fast growth of the human population, natural land has 
increasingly been converted to agricultural areas. Agricultural activities are connected to 
increased contributions of dissolved organic N (DON) to in-stream DOM. Anthropogenic 
inputs of dissolved organic P (DOP) and S (DOS) have been observed for freshwater 
systems receiving inputs from cropland runoff (Mattsson et al., 2009) and wastewater 
effluent (Gonsior et al., 2011b). Although it is apparent that anthropogenic activities can 
have a significant impact on DOM quality and reactivity, little is currently known about 
the specific molecular characteristics of these heteroatomic DOM contributions (Wagner 
et al., 2015b). 
Ultrahigh-resolution Fourier transform ion cyclotron resonance mass spectrometry 
(FT-ICR-MS) is uniquely suited for the molecular characterization of complex organic 
matter such as DOM. Attempts to characterize the DOM on molecular scale are often 
hindered by the diverse nature of DOM – thousands of molecules in pico- or nano-molar 
level concentrations – and limitations in analytical technologies to resolve this complexity 
(Dittmar and Paeng, 2009). The FT-ICR-MS has opened up a unique possibility to detect 
large numbers of dissolved organic molecules simultaneously; thus becoming one of the 
most powerful techniques for the molecular characterization of complex organic matter 
(Dittmar and Paeng, 2009; Gonsior et al., 2011a; Gonsior et al., 2011b; Pohlabeln and 
Dittmar, 2015; Seidel et al., 2014; Waska et al., 2015; Waska et al., 2016). Through this 
technique, molecular formulae of intact DOM molecules can readily be obtained over a 
wide range (200 < m/z < 1000), thus yielding information about the composition of 
dissolved organic molecules with the possibility to characterize DOM samples from 
different environmental settings such as terrestrial (Koch et al., 2005), microbial 
(Kujawinski et al., 2004), estuarine (Sleighter and Hatcher, 2008; Tremblay et al., 2007), 




et al., 2009; Seidel et al., 2014) and oceanic waters (Dittmar and Paeng, 2009). It has been 
successfully applied to track the molecular changes from fresh water to oceanic water over 
estuaries (Sleighter and Hatcher, 2008). Electrospray-ionization mass spectrometry (ESI-
MS) is currently the only technique with the potential to study a large number of metal 
organic complexes simultaneously at molecular level from known and unknown ligands 
isolated from natural waters, both, quantitatively and qualitatively (Waska et al., 2016). 
These metal organic complexes ubiquitously occur as a component of natural DOM, govern 
the mobility and availability of bioactive trace metals such as iron and copper (Waska et 
al., 2016).  
Despite the ultrahigh mass accuracy of this FT-ICR-MS, multiple ions for the same 
mass can sometimes be obtained, thus resulting in multiple possible structural isomers. To 
tackle this issue, molecular parameters have been established to categorize the formulas 
into different structural classes and visual assessments for the overall DOM compositions 
can be achieved by Van Krevelen (VK) distribution plots (Kim et al., 2003). Aromatic 
characteristic of formulae can be assessed using an aromaticity index (AI) (Koch and 
Dittmar, 2006). These elemental parameters have been used in combination to establish 
cut-offs for different compound classes depending on the degrees of saturation, oxidation 
and aromaticity (Wagner et al., 2015a).  
The Mersey River estuary, in the north-west of England (Figure 4.1) is 
approximately 50 km long from the tidal limit at Howley Weir to Liverpool Bay and 
receives the majority of freshwater from the rivers Mersey and Weaver. It drains a densely 
populated (over 5 million people) and highly industrialised area of approximately 5000 
km2. Compared to its catchments size (2030 km2), the freshwater flow is relatively small. 
The Mersey River estuary can be divided into four main zones (see figure 1). The upper 




Runcorn. Surface sediments possess moderate silt content (20 - 60%) and the rest is 
comprised of very fine sand. The second zone, also known as inner estuary, is a 20 km long 
and 4.8 km wide large shallow basin with extensive intertidal mudflats and saltmarshes. 
These intertidal mudflats and saltmarshes retain evidences of industrial contaminations, 
and studies reported the mobilisation of consolidated sediments from this zone of the 
estuary to Liverpool Bay (M. Fox et al., 1999). All salt marshes drain at low tide. The third 
zone or “the narrows” is a straight narrow channel, approximately 1 km wide, 10 km long 
and up to 30 m deep. Strong tidal currents (3 m /sec) inhibit sediment deposits in this zone 
(M. Fox et al., 1999). The fourth zone, or the outer estuary, begins at New Brighton and 
extends into Liverpool Bay and consists of large areas of intertidal sand and mud banks 
(Figure 1). The normal residence time is 32 days but can extend up to 50 days at low flow 
(Martino et al., 2002). The Mersey river estuary is serving as an interface between the 
heavily industrialized areas around Liverpool and the Irish Sea. The estuary is subject to 
substantial contaminant inputs over the past 200 years, nominated as one of Europe’s most 
contaminated estuaries (Foden et al., 2011; M. Fox et al., 1999).  Though the contaminant 
loads are reducing and the estuary is showing the signs of recovery, the sediment reservoir 
remains a repository of historical contaminations (Foden et al., 2011). So far, DOM within 
the Mersey River estuary and Liverpool Bay has not been characterized yet at molecular 
level and the effects of anthropogenic inputs onto DOM compositions are relatively 
unknown.  
The aim of the present study was to characterize the DOM present within the 
Mersey River estuary and Liverpool Bay, therewith establishing a baseline for the 
monitoring of changes in DOM composition over time. We have applied advanced 
multivariate statistical analysis to discriminate the spatial distribution and composition of 




EVs such as DOC, TDN, dCu, CuL, dFe, FeL and Fe-HS concentration, with DOM has 






4.2.1 Study site 
The Mersey estuary is a macro-tidal and well-mixed estuary, with a mean neap 
/spring tidal range of 4.6 – 8.2 m. At high tide, 50 times more volume of water (35×107 m3) 
is flowing downstream, compared to at low tide flow of (0.7×107 m3), resulting in a 
pronounced marine influence (Wilson et al., 2005). The total catchment area for the Mersey 
area includes 2030 km2 with 70% of land use being rural, i.e., woodland (11%), 
arable/horticulture (6%), grassland (43%) and mountain bog (9%). The estuary receiving 
17% of its water from urban effluent (Greenwood et al., 2011).  
4.2.2 Sampling location 
Representative samples were collected from three zones of estuary: the inner 
estuary (zone II), the Narrows (zone III) and the outer estuary (zone IV). The exact sample 
locations are shown in Figure 4.1. In total, 6 samples (station 1 – station 6) were collected 
from inner and the narrows estuary and one sample from outer estuary. The same samples 
were used by Abualhaija et al. (2015) to investigate the competition between copper and 
iron for humic ligands in estuarine waters and Mahmood et al. (2015) to investigate the 
organic speciation of dFe in estuarine and coastal waters at multiple analytical windows. 
The Liverpool University research vessel, RV Marisa was used in May 2013 (Mersey 
estuary) and April 2014 (Liverpool bay) for sample collection. The average water 
temperature recorded was 10.7 ± 0.23 °C. The hydrographic data for the samples is given 
in Table 3.1. The detailed sample collection procedure has been described in section 3.2.1 
of this thesis. The cleaning of sampling material has been given in methodology section 
(2.2) as well published elsewhere (Mahmood et al., 2015). The 0.2 µm filtered (Sartobran 
cartridge, Whatman) samples were acidified with qHCl to pH ≤ 2 and stored at 4 °C in dark 




Figure 4.1: Map of sample locations. Wider area of the Irish Sea (left) and specific 
sampling site in the Mersey River estuary and Liverpool Bay (right). 
 
4.2.3 DOM extraction 
All sample manipulation was done in a Class 100 laminar airflow bench at room 
temperature. Aliquots of the acidified filtered samples were taken to measure DOC and 
TDN according to described in methodology section (2.6) and published elsewhere 
(Mahmood et al., 2015). The DOM was solid phase extracted (SPE-DOM) onto divinyl 
benzene polymer cartridges (PPL cartridges). The extraction setup was cleaned with 
acidified MQ at pH ≤ 2 and all the glass wares were muffled at 400°C for 4 hours. The 
complete details of the extraction procedure is given in methodology section 2.7.3.4 and 
somewhere else (Dittmar et al., 2008). The extraction efficiency was calculated by using 
the expressions 1 and 2 given in chapter 2 under section 2.7.3.4 (iii) of this thesis and was 
found as 60% ± 3% which is good representation of the prevalent DOM regardless of DOM 


























4.2.4 FT-ICR MS analysis 
The complete procedure for ESI FT-ICR-MS has been described in chapter 2 under 
section 2.7.3.3 DOM characterization was performed using a 15 Tesla Solarix FT-ICR-MS 
(Bruker Daltonics, USA) equipped with an electrospray ionization source (Bruker Apollo 
II) applied in negative (ESI-) mode with a flow rate of 120 µl h-1. A total of 500 individual 
scans were accumulated in broadband mode for each sample to enhance the precision. 
Before analysing sample sets, the instrument was calibrated with reference material 
obtained from North Equatorial Pacific Intermediate Water (NEqPIW) to account for any 
mass shifts in the instrument. Additionally, blank checks of methanol/water 1:1 (v/v) were 
also measured. Procedural blanks did not contain any detectable impurities. The mass 
window was set to record masses between 150 - 2000 Da. Mass spectra for samples were 
collected by infusing the extracted DOM directly into the mass spectrometer in 1:1 
methanol /water (v /v) retaining approximately 20 mg DOC /L. Each sample was measured 
in 4 replicate analyses on different days not only to account for any instrumental drift but 
also to get a robust basis for statistical analysis.  
4.2.5 Data treatment 
An in-house mass reference list was used for internal calibration of the spectra using 
the Bruker Daltonics Data Analysis software package. The m/z, resolution and intensity 
were then exported and processed using in-house Matlab routines. A signal-to-noise (S /N 
≥4) was chosen as a threshold for peak recognition and molecular formulae were calculated 
for all the peaks on the chosen threshold merit set for peak picking. The molecular formulae 
were calculated by applying the following restrictions: C1-130H1-200O1-50N0-4S0-2P0-1 with a 
tolerance limit of 0.5 ppm in the mass range between 150 – 800 Da as no peaks were 
detected at higher masses. In addition to set threshold limit, a more conservative approach 




minimum of 2 replicates from that sample, thus, rare and uncertain peaks were omitted 
from the analysis.  
DBE was calculated for each molecular formula using the equation 4 given under 
methodology section 2.7.3.5 and published somewhere else (Koch and Dittmar, 2006) for 
unsaturation assessment. The aromaticity index (Al) was calculated using the expression 5 
given in methodology section 2.7.3.5 to measure the aromatic structure whereas to assess 
the extent of aromatic structures, modified aromaticity index (AImod ) was calculated using 
the expression 6 presented in section 2.7.3.5 and published somewhere else (Koch and 
Dittmar, 2006). 
The VK diagrams were constructed from elemental ratios of H/C on Y-axis and 
O/C ratios of molecular formulas on x-axis and were used to visualise the different 
molecular formulas obtained (Kim et al., 2003). The VK plots help to distinguish the 
compound classes in samples along with highlighting the possible reaction pathways by 
clustering the molecules according to their functional group compositions (Abdulla et al., 
2013).  
4.2.6 Statistical analysis 
The schematic diagram for the applied methodology in this chapter is given in Fig. 
4.2). The complete measurement details of EVs (dFe, FeL, DOC, Fe-binding HS (Fe-HS), 
TDN and salinity) has been given in methodology section 2.2. Procedure to measure total 
dissolved Cu and Cu-complexing ligands are given somewhere else (Abualhaija et al., 
2015; Mahmood et al., 2015). All the statistical calculations were performed using 
PERMANOVA+ for PRIMER v.7 (Primer-E), which calculates the P-values under 
permutation, thus avoiding assumptions of normality and homogeneity of variance 
(Anderson, 2001). Prior to applying statistical analysis, the spectral peaks obtained for each 




resemblance matrix was created. To compare and contrast the quality of DOM to/from each 
station, cluster analysis (CA) was applied onto resemblance matrix. Principal coordinate 
analysis (PCoA), an unconstrained ordination method, was used to reduce the 
multidimensionality of sample space into fewer dimensions by assuming a linear 
relationship among samples. The first dimension (PCoA1) explains most of the variance 
among the data set whereas the second dimension (PCoA2), which is orthogonal to PCoA1, 
explains most of the residual variance. Distance-based linear models (DISTLM) followed 
by dbRDA was performed, initially to demonstrate the association of EVs with each other 
and with molecular characteristic and secondly to determine the EV responsible for most 
of the variation in the data cloud. Before applying any model, all measured values of EVs 
were normalized to one scale. Using the model building tools in PERMANOVA+ for 
PRIMER v.7, ‘Best’ selection procedure was opted to get all possible combinations of 
predictor variables by selecting “Akaike’s Information Criteria” (AlCc) as selection 
criteria. Further, the partitioning of the data was achieved through DISTLM while 
ordinations for fitted values were achieved by dbRDA. The statistical significance of the 
models were tested using 10000 permutations (significance level P = ≤0.05). Marginal tests 
were run for all the EVs, subsequently sequential test was run for only those EVs which 




4.3 Results and discussions 
4.3.1 Sources and characteristics of the entire DOM pool  
A total of 6274 resolved unique molecular masses of singly charged compounds 
were detected in the mass spectra of ESI-FT-ICR, covering a mass range of 154 - 681 Da. 
About 90% of all the peaks observed fall within 220 - 600 Da mass range. Multiple ions 
for the same mass, within integer m/z values were observed, hence, illustrating the extreme 
heterogeneity of the samples. The averaged information obtained from all the molecular 
formulae detected has been summarized in Table 4.1. The percentage contribution of CHO-
only and heteroatom containing CHOX (with x being one or more P, N, or S) molecular 
formulae shows that ≈ 41% of the molecular formulae in the Mersey Estuary and Liverpool 
Bay are CHO-only containing molecular formulae (Table 4.1). The remaining molecular 
formulae include CHO-N1 (18%), -N2 (11.2%), -N3 (6.8%), -N4 (0.6%), -S (16.1%), -S2 
(1.2%), NS-containing (3.6%), -P (0.7%), -PN (0.2%) and CHOPS (0.2%) (Table 4.1). 
When the assigned molecular formulae were divided into seven groups of compounds 
(Seidel et al., 2014), highly unsaturated aliphatics (59%) were most abundant followed by 
polyphenols (17%), unsaturated aliphatics (13%), black carbon-like condensed aromatics 
(DBC-like) (8%) and peptides (3%). The sugars and fatty acids comprised < 2% of total 
molecular formulae.  
The averaged values of O/C, H/C, DBE, Almod and m/z calculated for each CHO-
only and heteroatom containing CHO molecular formulae obtained in this study are 
summarized in Table 4.2. 
The VK plot for all the molecular formula observed in mass spectrum is given in 
Fig. 4.3. The individual VK diagrams including average O/C, H/C, and DBE values for the 
CHO-only and the 7 major heteroatom groupings (-N1, -N2, -N3, -N4, -S1, -S2 and 




even distribution of molecular formulae within VK space resulting in similar average O/C, 
H/C, and DBE values. The CHO-only molecular formulae were assembled into lignin-
/tannin-like as well as aliphatic region of the VK space (Fig. 4.4). The CHON1 and CHON2 
were present in the lignin-/tannin-like region and in a region assigned to proteinaceous 
material produced by microbial activity, whereas CHON3 containing heteroatoms were 
restrained only in the lignin-/tannin-like region of the VK diagram (Fig. 4.4). A small group 
of N-bearing molecules with four nitrogen atoms per molecule with a low oxygen content 
(O/C = 0.26) and high DBE (11.86) was observed in the VK region (O/C 0.02 - 0.5; H/C 
0.4 - 1.5; Fig. 4.4). The CHOS1 molecules were present in a broader space of the VK 
diagram i.e. the lignin-/tannin-like, and the aliphatic region (Fig. 4.4). Besides that, a cluster 
of CHOS containing heteroatoms was observed in a region outside to the aliphatic or 
protein-like region along the H/C axis (H/C >1.5; Fig. 4.4). A group of oxygen deficient 
CHOS2 molecules were observed in the VK region of (H/C 0.7-1.6; O/C 0.1-0.7; Fig. 4.4). 
CHOP1 and CHOPS containing heteroatoms were scattered throughout the VK diagram, 
but were most abundant in the DBC-like and aliphatic regions.  
In the present study, the compositional similarity is shown by the even distribution 
of CHO-only and CHON1, -N2, -N3, -P1 and S1-containing molecular formulae in the VK 
plot (Figure 4.4) and supported by the similar average elemental ratios of H/C, O/C, 
molecular mass, aromaticity index and degree of saturation (Fig. 4.4; Table 4.2). This 
suggests a similar or common source of origin for the majority of these compounds. Such 
consistencies have previously been linked to the incorporation of N and/or S into the DOM 





Table 4.1: FT-ICR mass spectrum results for all the samples collected from Mersey 
River estuary and Liverpool Bay analyzed in ESI-FT-ICR MS (all numbers are 
averaged). 
Bulk DOM properties 
Number of peaks 10077 
Number of assigned Molecular Formulae 6274 
% of masses with assigned peaks 62.2 
Average m/z of all peaks 387.84 
Elemental indices 
Average C 18.1 
Average H 21.3 
Average O 8.3 
Average N 0.67 
Average P 0.01 
Average S 0.22 
Average O/C 0.46 
Average H/C 1.17 
Molecular parameters 
DBE  8.85 
Almod  0.33 
DBE-O 0.55 
Proportion of each formula type 
   CHO-only  41.30% 
CHON1  18.00% 
CHON2  11.23% 
CHON3  6.83% 
CHON4  0.61% 
                                    CHOS  16.1% 
                                    CHOS2 1.22% 
 CHONS  3.63% 
                                    CHOP  0.71% 
CHOPS  0.21% 










Figure 4.4: The Van Krevelen (VK) diagrams showing the distribution of CHO-only 
and seven major heteroatomic molecular formulae into VK space obtained in ESI-





Table 4.2: The percentage characteristic distribution of CHO-only and heteroatom containing molecular formulae along with their 




































C19.9H23.3O9.05 2589 6.91 16.2 56.7 19.7 -- 0.5 -- 406.5 1.18 0.46 0.32 9.3 
C17.5H19.3O8.3N1 1129 12.0 20.6 59 -- 0.08 -- 8 375.9 1.09 0.47 0.39 9.38 
C16.8H18.9O7.7N2 705 13.6 22.7 57.7 --- --- --- 6.24 370.8 1.12 0.45 0.42 9.4 
C18.9H21.3O8.4N3 429 6.0 27.7 64 --- --- --- 1.9 423.7 1.13 0.44 0.43 10.72 
C17.1H16.5O4.2N4 38 53.0 36.8 10.5 --- --- --- 2.63 344.2 0.97 0.26 0.76 11.86 




C17.6H22.2O4.2S2 77 1.3 10.4 72.8 14.3 1.3 --- --- 363.1 1.26 0.25 0.26 7.5 
C13.6H16.2O7.2N1S1 228 4.8 10.9 74.2 --- 0.43 0.4 9.21 339.9 1.18 0.53 0.25 6.99 
C16.7H24.5O7.7P1 45 4.4 4.4 31 46.6 8.9 4.4 --- 378.1 1.52 0.47 0.14 5.97 
C22.4H22.3O4.3P1S1 12 50 --- 8.3 8.3 25 8.3 --- 422.8 1.36 0.34 0.39 12.75 





Uniformity among the various heteroatom groupings is unusual and typically not 
observed, especially in DOM derived from degradation of biologically sourced molecules 
or organic molecules produced to serve a specific purpose. Most organisms contributing to 
DOM synthesize heteroatom-containing molecules that have specific biological functions 
and well defined structures, yielding DOM with elemental compositions that plot in specific 
areas of the VK diagram. For example, N-containing molecules characteristic of 
proteinaceous materials align in a region that differs from the region in which lipid-, lignin-
, and tannin-like components align (D’Andrilli et al., 2013). The proposed mechanism for 
N incorporations through abiotic, nonspecific sources includes the introduction of ammonia 
or peptides into DOM via addition or condensation reaction (Seidel et al., 2014; Sleighter 
et al., 2014), via Michael addition to quinone, biological production of strong organic N-
containing nucleophiles, including siderophores, and/or during the abiotic/biological 
breakdown of DOM (Sleighter et al., 2014). The proposed mechanism for S incorporation 
includes the addition reaction of bisulfide and polysulfides with organic sulphur (OS) to 
produce mercapto moieties, nucleophilic substitution reactions at tertiary carbons or 
addition to ester, ketones, and aldehydes as well as sulfur incorporation to quinone via the 
Michael addition (Sleighter et al., 2014). Seidel et al. (2014) reported the bio-refractory 
nature of S- and N-compounds in pore water and suggested secondary abiotic reactions, 
similar to thermogenesis, between DOM and SR-derived sulfide responsible for such 
productions.  
Humic substances often used interchangeably for lignin and tannin-like compounds 
were determined in our samples by UV spectroscopy and voltammetrically (Abualhaija et 
al., 2015). HS were shown to make up between 46% and 5% of the DOC (Mahmood et al., 
2015). Owing to the catchment area and land use (i.e. 43% catchment area grassland, 11% 




heteroatomic in the lignin-/tannin-like region could represent the contribution of 
terrestrially derived organic matter (OM) or the incorporation of N species into HS in soil 
and further leaching of that OM from the surrounding vegetation to the aquatic systems 
(Biers et al., 2007; D’Andrilli et al., 2013; Kim et al., 2003). The terrestrially- (Stenson et 
al., 2003) or microbially-derived (D’Andrilli et al., 2013) fulvic acid (FA) is also known to 
present in this region of VK space. Beside this, the Mersey estuary receives 17% of its 
water from wastewater effluent sources and a reasonable amount from agricultural runoff. 
The septic-impacted groundwater could contribute significantly the high abundance of 
CHONx (Arnold et al., 2014). The coexistence of autochthonous and allochthonous DOM 
substances has also been reported previously (Nebbioso and Piccolo, 2013) and has also 
observed in our study, demonstrated by a fluorescence index (FI) of ̴ 1.6 throughout the 
estuary and Liverpool Bay (Mahmood et al., 2015). Marine DOM has been shown to have 
a high abundance of N-containing compounds (Hertkorn et al., 2013; Schmidt et al., 2009; 
Seidel et al., 2014; Sleighter and Hatcher, 2008) and microbial alteration might likely have 
contributed to that (Kujawinski et al., 2004). The presence of CHOS heteroatomic pool, 
outside of aliphatic region suggesting that this heteroatomic pool of DOM may not 
necessarily reflect the autochthonous inputs from primary productivity, rather than, such 
clustering of CHOS containing heteroatoms in this region was previously observed from 
wastewater effluent samples (Gonsior et al., 2011b) and freshwater rivers sample with 
much anthropogenic impacts (Wagner et al., 2015b). Hence, the presence of this particular 
pool of DOM may therefore serve as an indicator for aquatic systems receiving wastewater 
effluents which is an indicative of health of water receiving the Liverpool Bay and 
subsequently the Irish Sea.  
Dissolved black carbon (DBC-like) compounds and polyphenols span a variety of 




S1, -S2, -PS, -P, and CHONS). The DBC-like compounds are pyrogenically-derived 
molecules of riverine origin, abundant in all soils, sediments, and oceanic waters 
(Hockaday et al., 2006; Jaffé et al., 2013; Riedel et al., 2012; Riedel et al., 2013). These 
compounds were initially considered to be recalcitrant group of molecules. DBC-like 
molecules are highly photoreactive, and can incorporate N, O and S functional groups by 
substitution. Such introduction allows fast oxidation facilitating both microbial attack and 
dissolution (Knicker, 2007), hence, making them capable of migrating through soils 
(Schmidt et al., 2009). Mineralisation, lateral transport and tidal fluxes are the primary 
carrier of DBC-like compounds into water (Riedel et al., 2012). Recent studies also 
suggested the early diagenetic processes that release DOC also mobilize pyrogenic DOM 
(Jaffé et al., 2013), for example, during reductive dissolution of Fe oxide/hydroxides 
(Riedel et al., 2013; Seidel et al., 2014). Charcoal generated by the incomplete combustion 
of grassy biomass has been shown to be enriched in N and can leach greater amount of 
dissolved black nitrogen (DBN). Forested landscapes dominated by vegetation rich in 
biomacromolecules such as lignin and cellulose, generate N-depleted DBC-like molecules 
compared to burning of agricultural biomass which releases charcoal component rich with 
DBN contents to inland waters (Knicker, 2007; Wagner et al., 2015b). The DBC-like 
compounds in the Mersey estuary and Liverpool Bay would likely origin from 
anthropogenic activities such as traffic fumes and a high density of riverside industries, e.g. 
chemical works, power stations, sewage works, docks, boat dismantlers, oil refineries, 
paper works. The grass fires around Runcorn and Widnes are usual events in dry weather 
and will release DBN like molecules to the inland waters. Besides this, the sediments offer 
the prospect of serving as a chemical museum in which the history of industrial activity is 
preserved in a stable profile (M. Fox et al., 1999). The inner estuary or zone II consists of 




2014) along with deposits of previous industrial activities in the area, giving the chemicals 
enough time to react and get mobilised, thus, releasing them from time to time in the nearby 
waters. As recent studies have suggested that the mobilization and release of DBC may 
occur over longer time scales lasting decades to hundreds of years (Knicker, 2007) the same 
could be true for black carbon retained within the salt marshes.     
4.3.2. Spatial distribution of DOM within Mersey River 
estuary and Liverpool Bay 
We performed the statistical cluster analysis (CA) to identify 
similarity/dissimilarity among DOM present at different stations. The CA shows the 
taxonomy between different stations as a function of statistical difference, i.e. the smaller 
the distance of the samples, the more similar they are without any information of the cause 
of the similarity/dissimilarity (Fig. 4.5). With other words, Station 1 and 2 are most similar, 
followed by station 3. Interestingly, these three stations (1 - 3) are more similar to station 5 
and 6, than they are to station 4. Unsurprisingly, DOM at Liverpool Bay station is most 
different to that of all other stations. This order of similarity was also confirmed by principle 
component analysis (PCoA) as shown in Fig 4.6a and Fig. 4.6b. PCoA further demonstrates 
that the spatial distribution of DOM within Mersey River estuary and Liverpool Bay can 
explain 99% (PCoA1 (67%), PCoA2 (21%) and PCoA3 (11%)) of total variance for the 
DOM dataset. The PCoA plot of the first vs the second principal component is shown in 
Figure 4.6a. It clearly shows that both individual stations, station 4 and Liverpool Bay are 
different from the other two groups. Another layer of information is added when looking 
at the individual molecular formulae as shown in Fig 4.6c in form of a vector plot overlaid 
on top of the PCoA plot. Two clusters of molecular formulae can be observed, which were 
named as formula cluster 1 and formula cluster 2. The molecular formulae present under 
formula cluster 1 (Table A1 (appendix)) are highly positively correlated (ρ = 0.97) with 




has a positive correlation (R2 = 0.74) with salinity compared to PCoA2 and PCoA3 which 
have an insignificant (R2= <0.2) correlation. The molecular formula present under cluster 
2 (Table A2) were highly positively correlated (ρ = 0.97) with each other and with station 
6 and Liverpool Bay and with station 5 - 6 (on PCoA1 and PCoA2 axis; Figure 4.6c). The 
eigenvalues obtained for PCoA analysis are presented in Table A3.  
 
Figure 4.5: Cluster analysis (CA) showing the resemblance between DOM present 
at different stations (The distance shows the similarity among sample stations, 
smaller the distance, more similar is the DOM composition among sampling 
stations. 
The interesting aspect of PCoA clustering was the discrimination of molecular 
formulae based on the distribution of heteroatom containing compounds within Mersey 
River estuary and Liverpool Bay. The percentage distribution of CHO-only and 
heteroatomic containing molecular formulae present under these two clusters of PCoA plot 




containing molecular formulae (CHON, CHON2, CHON3, CHON4, CHOS, CHONS, 
CHOP and CHOPS) throughout the estuary and Liverpool Bay. Visual inspection revealed 
the dominance of CHO-only (19.3%), CHON1 (19%), CHON3 (5.4%), CHOS (32.4%) and 
CHONS (19%) under formulae cluster 1, whereas the abundance of CHO-only, CHON1, 
CHON2, and CHON3 under formulae cluster 2 was (13.8%, 32%, 33% and 15%, 
respectively) (Table 4.4). The PCoA analysis also shows that the relative abundance of 
highly condensed aromatics compounds, polyphenols, unsaturated aliphatics, along with 
aromaticity and averaged molecular masses decreased going from formulae cluster 1 to 
formulae cluster 2, whereas highly unsaturated compounds containing less DBE and 
peptides increased (Table 4.4). A decrease in aromaticity and molecular masses could be 
attributed to the occurrence of remineralization of organic matter by microbial activity 
which is also causing an increase in relative abundance of the nitrogen content in DOM 
from formula cluster 1 to formula cluster 2 (Koch et al., 2005; Kujawinski et al., 2004; 
Kujawinski et al., 2009). A recent study suggested that polyvalent cations such as Fe can 
be responsible for the removal of aromatic, oxidized and hydrogen poor DOM by 
coagulation in freshwaters (Riedel et al., 2012). In this study, the relative abundance of 
CHOS1, CHONS and CHOP heteroatomic molecular masses decreased with an increase in 
CHON heteroatomic molecular masses along the estuary towards the Liverpool Bay (Table 
4.4). An opposite trend was observed in coastal marine areas from subtropical convergence 
off the South Island of New Zealand where an increase in S- and N-containing heteroatoms 
was observed away (Gonsior et al., 2011a) and only an increase in N-containing molecular 
















Figure 4.6: The principal component analysis (PCoA) plots for normalized peak 
intensities of all the molecular formulae obtained in ESI-FT-ICR mass spectrum for 
DOM samples. a) The PCoA plot showing the first principal coordinate (PCoA1) on 
x-axis and the second principal coordinate (PCoA1) on y-axis. The coloured circles 
onto PCoA plots show the resemblance of DOM among samples based on distance, 
smaller the distance, the more similar is the DOM; b) The PCoA plot showing the 
first principal coordinate (PCoA1) on x-axis and the third principal coordinate 
(PCoA3) on y-axis; c) Vector overly onto PCoA plot showing the clustering of 
molecular formulae into two areas on first principal coordinate and the second 
principal coordinate; d) Vector overly onto PCoA plot showing the clustering of 
molecular formulae into two areas on first principal coordinate and the third 
principal coordinate; e) The VK diagram for the molecular formulae present under 
area 2 of PCoA plots (4.6c and 4.6d); f) The VK diagram for the molecular formulae 




Table 4.3: The percentage characteristic distribution of CHO-only and heteroatom 
containing molecular formulae along with their averaged elemental ratios of H/C and 
O/C, molecular mass, aromaticity Index (Al-mod) and degree of saturation under two 
formula clusters of PCoA plots and for molecular formula highly correlated with 
environmental variables. 
 Spatial distribution of DOM 
within estuary (PCoA plots) 
Association of environmental variables 













No. of Formulas 304 592 262 107 81 82 
Avg. H/C 1.05 1.26 1.15 1.2 1.1 1.4 
Avg. O/C 0.43 0.43 0.38 0.6 0.4 0.3 
Avg. mass 345.4 319.9 344.3 404.7 327.3 374.8 
Al-mod 0.4 0.3 0.3 0.3 0.4 0.3 
DBE 9.4 7.3 8.3 8.7 8.5 6.6 
N 0.6 1.5 0.08 1.8 0.0 0.2 
S 0.51 0.05 0.63 0.0 0.6 0.4 
P 0.02 0.03 0.01 0.0 0.0 0.1 
CHO-only % 21.1 13.2 33.6 14.0 40.0 58.5 
CHON1 % 17.8 30.9 1.15 16.8 --- 6.1 
CHON2 % 3.3 33.2 <1 40.2 --- --- 
CHON3 % 5.6 15.0 <1 26.0 --- 1.2 
CHON4 % <1 <1 1.15 --- --- --- 
CHOS % 34.9 1.7 61.1 --- 60.0 14.6 
CHONS % 16.1 2.9 <1 3.0 --- 3.7 
CHOP % <1 2.7 <1 --- --- --- 
CHOPS % --- <1 --- --- --- 1.2 
CHOPN % 1 --- <1 --- --- 3.7 
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<1 0.0 0.0 1.2 
Sugars <1 --- <1 1.0 0.0 0.0 






The VK plot constructed for molecular formulae present under formula cluster 2 
showed the alignment of molecular formulae into lignin-/tannin-like region in the VK space 
(Fig. 4.6e) whereas the molecular formulae in formula cluster 1 were aligned in lignin-
/tannin-like and aliphatic region of VK plot (Fig. 4.6f). Under both clusters, the presence 
of CHO-only and N-containing heteroatoms in lignin-/tannin-like region suggest that most 
of these compounds could be recalcitrant/refractory (Gonsior et al., 2011a). 
4.3.3 Correlation of environmental variables with DOM  
The distance-based redundancy analysis (dbRDA) is a powerful tool to show the 
relationship of environmental variables (EVs) with DOM, as presented in Figure 4.7. The 
first dimension (dbRDA1) on the x-axis explains 91% and second dimension dbRDA2 on 
the y-axis 5%, thus cumulatively, >96% of the total variation. All EVs included in this 
study had a  statistically significant positive correlation with each other: DOC (ρ = 0.91, n 
= 7, p = 0.0004), TDN (ρ = 0.91, n = 7, p = 0.0003), FeL (ρ = 0.90, n = 7, p = 0.0002), HS 
(ρ = 0.93, n = 7, p = 0.0003), dFe (ρ = 0.90, n = 7, p = 0.0007), dCu (ρ = 0.93, n = 7, p = 
0.001), CuL (ρ = 0.96, n = 7, p = 0.0003) except salinity, which had a significant negative 
correlation (ρ = 0.94, n = 7, p = 0.0001). The lowest AICc value was obtained for salinity, 
confirming that salinity is the main driving and most influential factor in Mersey River 
estuary and Liverpool Bay, responsible for most of the variation among the dataset (Table 
4.4). After salinity, the second lowest value from AICc was attained for dFe, suggesting 
dFe as an important factor in the molecular distribution of DOM in the Mersey River 
estuary and Liverpool Bay. In a previous study, an overall reduction in molecular diversity 
upon introduction of metals (Ca, Al, Fe) into peat leachate DOM solutions was observed, 
where particularly Fe removed oxidized DBC-like compounds (O/C ratio > 0.4) in 
freshwater (Riedel et al., 2012). However, this may not be true for the present study; 




the estuarine and coastal waters, i.e., a change in the surface charge of molecules and ionic 
strength allows molecules to flocculate/precipitate. Additionally, removal of oxidized 
DBC-like compounds by Fe, if any, could be less evident in the present study due to the 
presence of dFe concentrations in nM range whereas removal effects were observed at 
much higher (µM range) Fe concentrations (Riedel et al., 2012).   
Molecular formulae having a positive correlation with salinity (Table A4) aligned 
in the lignin-/tannin-like region (O/C, 0.3 – 0.85; H/C, 0.95 – 1.7; Fig. 4.7c) whereas 
molecular formulae (Table A7) correlated with other EVs (DOC, TDN, Fe-HS) clustered 
in the lignin-/tannin-like (O/C, 0.15 – 0.9; H/C, 0.5 – 1.5) and protein-like region (O/C, 
>0.2; H/C, >1.5; Fig. 4.7b) in the VK plot. Highly unsaturated N-containing heteroatomic 
molecules were abundant in molecular formulae correlated positively with salinity (Table 
4.3), whereas the more aromatic, highly unsaturated S-containing heteroatoms were in 
abundant amongst molecular formulae associated with other EVs (Table 4.3; Fig. 4.7b). 
Only a small fraction of oxygenated CHO-only molecular formulae were correlated with 
salinity present in the lignin-like region (Fig. 4.7c), suggesting that a considerable fraction 
of terrestrially-derived lignin-like compounds are escaping from the estuary to the ocean, 
support of an earlier study that observed 0.7 – 2.6 % of lignin present in the ocean being 
terrestrially-derived (Opsahl and Benner, 1997).     
In our present study, the Cu and Cu-binding ligands were highly correlated (ρ = 
0.99) with only organic acids (CHO-only) and CHOS heteroatoms (Table A5) which 
clustered into the lignin-and tannin-like region of VK plot (Fig. 4.7d; Table 4.3). CHO-
only organic acids could be HS originated from terrestrial sources. These results are in-line 
with the findings obtained from voltammetry for the same samples (Abualhaija et al., 
2015). The study suggested that the presence of HS-like ligands (70%) and an unknown 




would be responsible for Cu-speciation within the estuary. It was speculated that these 
unknown ligands were thiols. Cu-binding thiols have been identified emanating from 
reducing marine sediments through sulfurization reactions of DOM (Brüchert, 1998; 
Brüchert and Pratt, 1996; Luther et al., 1992; Schmidt et al., 2009), salt marshes (Luther III 
et al., 1986) and by marine phytoplankton (Dupont et al., 2006) in response to Cu stress 
and has been occurring in estuarine and ocean waters (Chapman et al., 2009; Whitby and 
van den Berg, 2015) In fact DOM originating from sediment pore waters was confirmed to 
be present using 2D fluorescence spectroscopy (Mahmood et al., 2015) and thiols were 
detected voltammetrically in samples taken during the same sampling event (Whitby and 
van den Berg, 2015). Other than, origin from pore waters, the thiols could originate from 
the extending salt marshes and be transported by upwelling of sediments into the surface 
water. In the present study, statistical analysis have shown a very strong correlation (ρ = 
0.99) of CHOS containing molecular formulae for dCu and CuL. These results are in line 
with earlier work which demonstrated the presence and release of Cu and CuL from the 
estuarine sediments and pore waters (Skrabal et al., 1997; Skrabal et al., 2000).  
Taillefert et al. (2000) speculated that the reducing sediments not only release Cu 
and Cu complexing ligands, perhaps even Fe and Fe complexing ligands into the surface 
waters. The proposed mechanism for formation of such ligands are given somewhere else 
in detail (Beckler et al., 2015). However, the correlation coefficient (ρ = 0.75) for the 
molecular formula correlated with Fe and FeL (Table A6) was considerably lower than that 
found for Cu and CuL, which are dominated by their affinity for thiols, unlike Fe. The 
molecular formulae, other than CHOS, showing correlation with Fe and FeL include CHO-
only, CHOS2, CHON and CHONS containing heteroatoms (Fig. 4.7e) and rather than 
clustering at one point in VK plot, were scattered throughout the VK space. A likely 




interface of peat bogs sediments (Riedel et al., 2012; Riedel et al., 2013; Seidel et al., 2014) 
where freshly precipitated Fe oxide/hydroxide traps terrestrially-derived DOM and tends 
to coagulate (Riedel et al., 2013). However, the process is not limited to the sediments 
surface, Seidel et al. (2014) suggested such entrapping of DOM within anoxic pore waters, 
too. Besides that, the diagenetically modified lignin products (CHO-only compounds), 
owing to functional groups being capable of reacting with Fe(II) and/or Fe(III) have ability 
to bind the Fe in the soil and transport this up into seawater (Guillon et al., 2001; van Schaik 
et al., 2008). The results from voltammetric and 2-dimentional fluorescence analysis of 
organic iron speciation in these exact samples have already been disseminated (Mahmood 
et al., 2015). In essence, only one class of Fe-binding organic ligands was found throughout 
the estuary and the ligand concentration behaved non-conservatively over the range of 
salinity tested. The ligand concentration co-varied with the iron-binding humic substance 
concentration and showed a 1:1 binding of dFe with HS (Abualhaija et al., 2015; Mahmood 
et al., 2015), so the organic acids releasing from terrestrial sources could be a potential 
carrier of dFe and dFe-binding ligands throughout the estuary. With conditional stability 
constants comparable to Fe-HS (LogK 11.6) and siderophores (LogK ≥12) produced by 
freshwater or marine waters bacteria, fungi and grasses (Gledhill and Buck, 2012) could be 
another potential candidate responsible for Fe-speciation in Mersey estuary and Liverpool 
Bay. So, at this point, based on our dataset and limited prevailing literature information 
available, we can only speculate that rather than coming from a single source, the Fe-
binding ligands could have contribution from different sources such as sediments, as 
siderophores and/or terrestrially derived HS or any other unidentifiable sources 
contributing ligands of conditional stability comparable to these sources. Further work 


























Figure 4.7: a) Statistical distance-based linear models (DISTLM) followed by 
distance-based redundancy analysis (dbRDA) analysis applied to ESI-FT-ICR mass 
spectrum of DOM and environmental variables. The coloured circles shows the 
resemblance of DOM among samples based on distance (CA analysis); b). The VK 
diagrams for the molecular formula correlated with DOC, TDN and HS; c) The VK 
diagrams for the molecular formula correlated with salinity only; d) The VK diagrams 
for the molecular formula correlated with dissolved Cu and Cu-binding ligands 
(CuL); e) The VK diagrams for the molecular formula correlated with dissolved Fe 




Table 4.4: Results of sequential test 
Variables AICc SS(trace) Pseudo-F P 
Salinity 9.1 44.6 23.6 0.0003 
dFe 10.2 5.4 5.3 0.0314 
FeL 23.0 0.7 0.6 0.5853 























4.3.4 Summary and Conclusion 
In the present study, the DOM present within Mersey River estuary and Liverpool 
was molecularly characterized and spatial distribution of DOM within the estuary and Bay 
was traced. The molecular characteristics showed a significant contribution of heteroatomic 
containing molecular formulae (CHOx, x being one or more than one atom of N or P or S 
or present in combination within the molecular formulae) suggested a significant 
anthropogenic influence into DOM composition. Furthermore, the distribution of these 
molecular formulae mimics the distribution of CHO-only containing molecular formulae 
in VK plots. Such distributions have been linked previously to the incorporation of 
heteroatoms into DOM through abiotic, nonspecific sources (such as nutrients). 
Undoubtedly, the Mersey River estuary and Liverpool Bay have elevated levels of nutrients 
resulting in several algal blooms throughout the year and those nutrients could be a 
potential instigator of this heterogeneity. The relative abundance of S-containing DOM 
decreased towards the Liverpool Bay, probably due to terrestrial origin of these 
heteroatoms and decreased offshore probably due to dilution by mixing of seawater within 
estuarine waters. The N-containing heteroatoms have positive association with salinity with 
a relative abundance increased towards off-shore probably due to contribution of DOM 
from marine influence. The correlation between DOM compositions and trace metals (dFe 
and dCu) was explored. It suggests that dCu-speciation was highly controlled by S-
containing heteroatoms, probably thiols which originate from sediment pore waters and 
transported to surface water by sediments upwelling. Dissolved Fe-speciation were highly 
correlated with S- and/or –N-containing heteroatomic molecular formulae.  
Both, dFe and dCu have the status of essential trace elements to biota. Both of these 
metals are present in organically complexed form with organic matter of unknown origin 




the characterization of bulk metal-binding capacity of natural DOM. However, the high 
complexity of DOM is not sufficiently represented in CLE-AdCSV measurement, even 
though metal binding ligands within DOM are treated as a composite of multiple analytical 
windows (i.e., the added amount of artificial ligands used to compete with natural ligands). 
Moreover, the technique measure the natural metal binding ligands based on the response 
of the added artificial ligand, rather than by direct observation of metal-DOM behaviour. 
Hence, FT-ICR MS in conjunction with CLE-AdCSV holds a great potential to extend this 
field of research; A priori characterization of bulk DOM should be achieved by CLE-
AdCSV and SPE-DOM characterization at molecular level by FT-ICR MS. By statistically 
combining the wealth of knowledge obtained from each technique, the output information 
can provide novel insights into large, yet unknown pool of small organic ligands present 
within DOM which could be helpful to better predict the biogeochemistry of trace metals.     
Although, using the state of the art ESI FT-ICR MS, the overall molecular 
characterisation within an aquatic environment can be achieved. However, the DOM 
originating from diverse environmental settings and the identification of metal-DOM 
complexes therein is still challenging for researchers and the data interpretation has been 
restricted to the aid of strong statistical tools (such as PCoA, dbRDA etc.). To target very 
specific metal-DOM molecules, selective enrichment of compound (such as by HPLC-HR-
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Fe is a limiting micronutrient whereas Zn and Cu both are essential and toxic for 
the living organisms. In general, the toxicity of Zn and Cu decrease with an increase in 
salinity and hardness, however, Cu toxicity increases with pH increase whereas Zn toxicity 
decreases with an increase in pH, hence, the relationship is complex to understand. 
Nonetheless, the levels of DOM found in most freshwaters sufficient to alleviate Cu and 
Zn toxicity. In the present study, we have determined the concentration of the trace 
dissolved metals such as Cu, Zn and Fe along a salinity gradient within Whau River and 
Whau River estuary, Auckland, New Zealand for two months, September 2014 and October 
2014. The highest concentrations of dissolved trace metals were present within Whau River 
and concentrations decreased with an increase in salinity. In addition to this, dFe-speciation 
was determined by CLE-AdCSV along a salinity gradient from the freshwater endmember 
of the Whau River (salinity < 1) to the mouth of the Whau River estuary (salinity > 26) 
using MAW analysis in the presence of SA, as an added ligand. In essence, only one class 
of Fe-binding ligand was found both in Whau River and Whau River estuary. The 
conditional stability constant for the ligands 𝑙𝑜𝑔𝑘𝐹𝑒𝑙,𝐹𝑒′ ≥ 12 remained the same within the 
Whau River for both months, however, it changed within the Whau River estuary, and 
stronger dFe-binding ligands were detected in October compared to September. The Fe-
binding ligand concentration moderately co-varied with that of Fe-HS measured by CSV 
but the correlation was stronger with dissolved Cu and Zn. The EEM scanned indicated the 
presence of five fluorophores within each sample collected from Whau River and Whau 
River estuary. The intensity for the fluorophores decreased from freshwater to estuarine 
waters, indicating the majority of these compounds were having a terrestrial origin. The 
dissolved trace metals along with dFe-complexing ligands were highly correlated with 




2-D fluorescence scans indicated the presence and dominance of terrestrially derived 
organic matter throughout the Whau River and Whau River estuary. The fraction of HS in 
the DOC amounted to ≈ 80% in freshwater and between 4 and 33% within the estuary. A 
high concentration of chlorophyll-α was detected in October suggesting the presence of 
phytoplankton production within the Whau River estuary.  
Key words: Dissolved iron (dFe), dFe-speciation, Multiple analytical windows 
(MAW), dissolved Cu (dCu), dissolved Zn (dZn), Coloured dissolved organic matter 
(CDOM), humic-like fluorescence, dissolved organic carbon (DOC), productivity, 





Primary production in the ocean is important for the operation of the Earth System, 
supporting the functioning of the global carbon cycle, air–sea CO2 exchange and marine 
ecosystems (Hunter and Boyd, 2007). By the early 1980’s, the fundamental role for iron as 
a co-factor was recognized in many cellular enzymes, especially those linked with 
photosynthesis, respiration and nitrogen fixation (Moore et al., 2009). Since then, the 
micronutrient Fe has been established as a key elemental resource which is responsible for 
the extent and dynamics of primary productions in the global ocean (Hunter and Boyd, 
2007; Moore et al., 2009). However, owing to its poor solubility in the oxic ocean, the 
tendency to be ‘scavenged’ from the water column by sinking particles has caused the dFe 
to be a rare commodity for oceanic biota (Ibisanmi et al., 2011). It has been shown that 
~99.9% of the dFe is present in organically-complexed form (Gledhill and van den Berg, 
1994; Rue and Bruland, 1995; van den Berg, 1995). However, phytoplankton may access 
those organically complexed dFe but not all forms of complexed Fe are equally bioavailable 
to different species of phytoplankton (Butler, 1998). Compared to organically complexed 
dFe, inorganic Fe is thought to be the most bioavailable Fe fraction (Su et al., 2016). 
Overall, the speciation, residence time and bioavailability of Fe in the ocean depends on a 
suite of processes that are themselves highly sensitive to the environmental conditions of 
the ocean (Hunter and Boyd, 2007). 
The major sources of iron to coastal areas include river waters (Powell and Wilson-
Finelli, 2003), rainwaters (Kieber et al., 2001) and may include a seasonal input by 
monsoon winds in some coastal areas (Tsunogai and Uematsu, 1978). Rainwater is an 
important source of Fe to surface waters especially through rivers collecting drainage water 
and entering into coastal waters (Kieber et al., 2001). In recent years, as the economies has 




irrigation, and other activities influence more and more the biogeochemical cycling of the 
dFe and dFe-complexing ligands in the coastal areas (Su et al., 2016). Factors that may 
speed-up the depletion of dFe are the algal blooms. Marine phytoplankton cells, when of 
high density take up bioavailable Fe and decrease the dFe concentration (Boye et al., 2001). 
Appearance of anoxia (due to red tides) in bottom waters and sediments may cause the 
reductive release of Fe from sediments into surrounding waters (Su et al., 2016). 
Riverine input of dissolved weathering products is considered as the largest source 
of iron to the ocean, the river-borne Fe input is susceptible to removal due to estuarine 
sedimentation processes (Boyle et al., 1977; Sholkovitz, 1976; Sholkovitz et al., 1978b). It 
is well acknowledged that the major portion of dFe in river waters exist as colloidal 
particles, mainly as hydrous ferric oxides and bound in HS (Boyle et al., 1977). Upon 
mixing of river water with seawater, these colloids aggregate due to major change in ionic 
strength, resulting in massive removals of Fe along with HS in the estuarine mixing zone 
(Boyle et al., 1977; Sholkovitz, 1976; Sholkovitz et al., 1978b). This estuarine removal 
behaviour is not only ionic strength dependent but there are many other critical factors such 
as geographic position, size, types of vegetation cover and land use of a given river basin 
influencing to the transport of riverine Fe from land to the sea (Powell and Wilson-Finelli, 
2003) as well as to the quality of riverine dissolved organic matters. The fraction of Fe that 
survives through flocculation/scavenging remains stabilized in solution via colloidal 
association or through complex formation with DOM (Fe-DOM) of riverine origin (Buck 
et al., 2007; Gledhill and Buck, 2012; Laglera and van den Berg, 2009). Such kind of Fe-
DOM complexation not only enhances its solubility in seawater by 3 – 17 fold but also 
extends its residence time from few hours to several weeks which increases its recycling 
within the water column (Hunter and Boyd, 2007). The Fe-DOM association can occur 




groups such as carboxylic, hydroxamate, or catechol at their binding sites (Gledhill and 
Buck, 2012). The Fe-DOM complex formation is not limited to aquatic systems only and 
has also been reported for the biotic world. To deal with the narrow threshold between 
essentiality and toxicity of trace metals, marine microorganisms have developed an array 
of complexing organic ligands which aid in their sequestration and/or assimilation (Waska 
et al., 2015). These ligands capable of binding to Fe along with DOM compounds are 
present in excess and fully buffer the Fe. The bacterial and phytoplankton uptake of those 
Fe-ligand complexes is likely associated to the ligand's molecular structure, functional 
groups as well as binding capacity (strength) of the metal to the ligand (Phinney and 
Bruland, 1994).  
The electrochemical technique of CLE-AdCSV is the most authentic technique used 
for the determination of organic complexation of dFe in seawater, including organic Fe-
binding ligand concentrations (Li) and their associated conditional stability constants 
(logK’FeLi). Although, the CLE-AdCSV technique provides valuable baseline data, 
indicative of bioavailability or a (bio) geographically restrained “ligand regime” but the 
technique do not provide any information about their elemental composition, nature, 
structure and likely sources of those ligands. Complementary to CLE-AdCSV, fluorescence 
spectroscopy has been successfully employed to track the sources and quality of bulk DOM 
by utilizing fluorescence indices including fluorescence Index (FI), Biological Index (BIX), 
and humification Index (HIX) (Mahmood et al., 2015). EEM spectroscopy is a 3-D 
technique providing a wealth of knowledge about the molecular composition of DOM. This 
technique has been widely used to distinguish between allochthonous and autochthonous 
DOM sources in coastal environments and has been used to distinguish between marine 
humic-like and terrestrial humic-like fluorophores (Coble et al., 2014). The portion of the 




CDOM fluorescence signals can be divided into two categories; humic-type and 
protein/amino acid-type fluorescence (Coble et al., 2014). A significant positive correlation 
(R2 > 0.8) has been found between CDOM (UVC and UVA humic-like) and apparent 
oxygen utilization (AOU) in the top 1000 m of Pacific and Indian Oceans and also, a linear 
relationship (95%) was observed between CDOM and other indices of organic matter 
remineralization (NO3
-, PO4
3-, TCO2) (Heller et al., 2013). These correlations suggest that 
the components that make up fluorescent CDOM are formed by the remineralization of 
settling organic particles and are destroyed or modified by irradiation (Heller et al., 2013). 
Studies suggested that UVA humic-like and UVC humic-like components could be form 
an important component for Fe-complexing in the aquatic environment (Ohno et al., 2007; 
Stedmon and Markager, 2005; Yamashita et al., 2017). Research of the possible association 
of Fe with HS and the role of HS in biogeochemical cycling of Fe has increased since 
evidence has been provided on geochemical control of Fe by HS in seawater and also 
demonstrated the existence and importance of Fe-HS complexes in coastal and ocean 
waters (Laglera et al., 2007; Laglera and van den Berg, 2009), and at low concentrations, 
in the deep oceanic water. They also suggested that Fe-HS concentrations are thought to be 
stabilized by the formation of soluble Fe-HS complexes (Laglera and van den Berg, 2009). 
Further Yang and van den Berg (2009) determined the complex stability of different metals 
with humic acid and fulvic acid against iron and found the conditional stability constants 
log 𝐾𝑀𝑛+𝐻𝑆
ʹ  values in decreasing order of Cu> Zn> Co and Fe> Al. However, all complex 
stabilities were sufficiently high for significant complexation of metals with HS in 
seawater, suggesting HS as an important ligand for these metal in seawater. Terrigenous 
HS due to its complexing properties with metals especially with Cu could be a powerful 




Competition between Cu and Fe for the HS-type ligands has also been reported lately which 
may impact the bioavailability of both metals (Abualhaija et al., 2015).  
Nutrient concentrations alone are not an indicator of algal hyper blooms in a given 
water body. Compared to nutrients, the elevated concentration of Chl-α indicates the 
growth of phytoplankton in an aquatic environment. The ratio of N:P has commonly been 
used to evaluate the nutrient status of a water body when the N:P atomic ratio is greater 
than 14 (revised value) then the waterbody is said to be P deficient, and when it is less than 
14, then it would be a N deficient environment (Anzecc, 2000; Redfield, 1958). The latter 
situation is considered to favour the growth of N2 fixing cyanobacteria (Anzecc, 2000), 
hence resulting in phytoplankton growth. For some coastal areas, the relationship between 
N/P is weaker and high concentrations of N and P may favour the growth of net (large) 
species of phytoplankton. In enriched N and P waters, increased N/Si ratios favour the 
growth of flagellates. Increased micro flagellates abundance has been linked to nutrient 
enrichment in Dutch coastal waters (Gowen et al., 2000). The eventual biological 
consequences of nutrient enrichment depend on a complex interaction between the level of 
enrichment (a function of loading, volume of the receiving water and retention in the coastal 
area) along with a suitable light climate for photosynthesis (influenced by solar radiation, 
attenuation, and optical depth) (Gowen et al., 2000). 
The purpose of this study was to investigate the characteristics of Fe-binding ligands 
in Whau River and Whau River estuary, Auckland, New Zealand. The dFe-binding ligands 
were measured by CLE-AdCSV using the newly re-calibrated method (Abualhaija and van 
den Berg, 2014). The method used for speciation analysis was optimized for a 5 µM SA 
window, but for the estuarine samples having interference from surfactant content such as 
HS, a better sensitivity was obtained previously at 15 µM SA window (Mahmood et al., 




15 µM SA). This will allow the detection of a wider range of dFe-binding ligand classes 
than can be determined using single window. The DOM was characterized using 3D-EEM 
fluorescence spectroscopy and information about the origin of bulk DOM was achieved by 






5.2.1 Sampling site and sample collection 
Whau River and Whau River estuary is located in northwest of Auckland, New 
Zealand. It is a ≈ 5.7 km long, intertidal and mangrove dominant estuary with soft muddy 
bottom. The Whau Estuary begins at the confluence of Avondale stream and the Whau 
stream to its mouth between Te Atatu Peninsula and the long, thin Rosebank Peninsula in 
Avondale. It is 800 m at its widest and 400 m at its mouth. It receives storm-water discharge 
from six Waitakere City Council catchments and several Auckland City Council 
catchments. The total catchment area of estuary is about 3635 ha. The catchment drains a 
mixture of urban residential, commercial and industrial land use. The urban residential land 
is the most dominant form of land use (65.7%) followed by industrial (9.3%) and 
commercial land use. The Whau River estuary is a low energy environment, with fine 
sediments settling out of suspension, hence, facilitating contaminant accumulations. The 
residence time of water within the estuary is varies but usually 1 - 2 weeks and highly 
dependent on catchment flows (Ellwood et al., 2008).  
In the present study, 3 sets of samples were collected from the Whau River and 
Whau River estuary in September 2014 and October 2014. The exact sampling locations 
are shown in Figure 5.1. Each set consists of 4 samples collected; one sample from 
freshwater (Whau River) and three from Whau River estuary. The set 1 was collected on 
3rd of September 2014 at low tide. In addition to 4 samples collected at low tide, one 
additional sample from station 2 and 3 (Sep_HT) was also collected at high tide. The second 
set of sample was collected on 8th of October 2014 (Oct_D1) whereas the last set of sample 
was collected on 13th of October 2014 (Oct_D5). Both sets of samples collected in October 




volume and higher flow rate was observed during both campaigns of samples collected in 
October 2014. The hydrographical data for collected samples has been presented in Table 
5.1.  
Before sampling, all the sampling containers and bottles (LDPE) were trace metal 
cleaned according to the procedure described in methodology section 2.2 and somewhere 
else Mahmood et al. (2015). Samples for DOC, fluorescence and nutrient analysis were 
collected separately in brown glass bottles. The bottles were prepared initially by cleaning 
with acid and/or NaOH and later, by heating in a muffle furnace at 400 ̊C for 6 hours. All 
the samples were collected from surface waters (at 1 - 2 m depth) using peristaltic pumping 
and were filtered using 0.22 µm nominal pore size capsule filter (AquaPrepTM 600 capsule) 
at the time of sample collection. The tubing and capsule was thoroughly cleaned with 0.1 
M HCl in between the sample collections. The LDPE bottles were rinsed 3 times with the 
filtered sample before filling up the bottles with sample for trace dissolved metals and Fe-
speciation analysis. The samples collected for DOC were acidified to pH ≤ 2 using 8 M 
qHCl. A separate 100 ml sample was collected for measurement of humic substances and 
spectroscopic analysis, stored frozen until analysis.  
Nutrient samples were collected in brown glass bottles through the same filter 
system used for trace metal collection and were sent to Hill laboratories (http://www.hill-
laboratories.com) for analysis where they were analysed within 5 days of sample collection. 
From each station, an unfiltered sample volume of 1 L was collected for chlorophyll-α 
analysis into LDPE bottles and was vacuum filtered using 0.2 mm polycarbonate upon 
returning to lab. The samples for dissolved metals and speciation analysis were stored in 














Figure 5.1: Map of sample location (adapted from (Ellwood et al., 2008). 
5.2.2 Reagents 
The preparation of all the chemicals was carried out in a Class 10 laminar flow 
bench within a Class 100 clean laboratory at room temperature. All acids and reagents used 
for sample collection and preparation were of ultra-high purity and prepared using quartz 
and/or Teflon sub-boiling distillation. Water was purified using a Millipore Milli-Q 
Element H2O (> 18.2 MΩ) purification system, used to prepare reagents and for dilutions. 
The reagents used in this study has been enlisted in methodology section 2.3.2. 
5.2.3 Quantification of dissolved trace elements  
To minimize the salt contents, the filtered samples were diluted and acidified to pH 
≤ 2 and the concentrations for the dissolved trace metals were determined using ICP-MS. 
Total dFe collected from freshwater (Stn1) was found within the limit of detection (LoD) 
(0.05 ng /ml at salinity ≤ 1) of the instrument whereas all estuarine samples were found 




mode. The voltammetric apparatus (methodology section 2.3.1) and dFe measurement has 
been given in section 2.3.3 of this thesis.  
5.2.4 Dissolved Fe speciation analysis and data 
processing 
Fe-speciation analysis was done by CLE-AdCSV in the presence of SA as 
competing ligand (Buck et al., 2007; Rue and Bruland, 1995) using the recalibrated method 
in the presence of air and overnight equilibration (Abualhaija and van den Berg, 2014). The 
complete detail of the method is given somewhere else (Abualhaija et al., 2015; Mahmood 
et al., 2015). The current method used for speciation analysis was optimized for 5 µM SA, 
but for the estuarine samples having interference from surfactant content such as humic 
substances or detergents, a better sensitivity was obtained at 15 µM SA (Mahmood et al., 
2015), thus, in this chapter, speciation analysis was performed at two analytical windows 
(5 µM and 15 µM SA). Samples collected from Stn1 were having high concentrations for 
dFe, thus, samples were diluted at least 20 times using artificial seawater solution. Further, 
the shortest possible deposition time (< 15 sec.) was selected during speciation analysis for 
these samples.   
The conditional stability constants for complexation of Fe´ with SA vary with 
salinity, hence, separately calculated for each and every sample using the expression 7 and 
8 given in chapter 3 of this thesis. The constants were used to calculate values for Fe´SA 




Table 5.1: Sampling station information and hydrographical data for all the samples collected from the Whau River and Whau River 
Estuary. 
Sample ID Date LAT (S) LON (E) pH Salinity Temp. 
Stn1 3-Sep-14 36°89'89.1 174°68'37.8 7.4 0.2 14.0 
Stn2 3-Sep-14 36°52'47.2 174°39'49.2 7.7 21.7 13.7 
Stn3 3-Sep-14 36°51'43.0 174°39'25.8 7.9 23.4 13.7 
Stn4 3-Sep-14 36°50'15.2 174°44'34.8 8.3 29.7 13.9 
Stn2_HT 3-Sep-14 36°51'43.0 174°39'25.8 7.8 24.3 13.4 
Stn3_HT 3-Sep-14 36°51'43.0 174°39'25.8 7.9 25.9 13.8 
Stn1_D1 8-Oct-14 36°89'89.1 174°68'37.8 7.1 0.2 14.0 
Stn2_D1 8-Oct-14 36°52'47.2 174°39'49.2 7.4 25.9 14.7 
Stn3_D1 8-Oct-14 36°51'43.0 174°39'25.8 7.5 27.9 15.1 
Stn4_D1 8-Oct-14 36°50'15.2 174°44'34.8 8.0 33.7 14.6 
Stn1_D5 13-Oct-14 36°89'89.1 174°68'37.8 7.3 0.2 16.1 
Stn2_D5 13-Oct-14 36°52'47.2 174°39'49.2 7.4 30.7 17.9 
Stn3_D5 13-Oct-14 36°51'43.0 174°39'25.8 8.0 31.9 17.7 





The data obtained from both titrations conducted (5 µM and 15 µM SA) for each 
sample were fitted simultaneously to one and two ligand versions of the Excel based 
KINETEQL speciation model (Hudson, 2014). The sensitivity of each individual 
complexing ligand titration was determined by internal calibration. The analytical window 
yielding the highest sensitivity (Smax) was used to set the RAL (Hudson et al., 2003). Using 
the calibrated values for RAL, KINETEQL speciation model (KMS) was used for the 
simultaneous fitting of the parameters (values for (K′FeLi, [LiT] and Sfitted) using all the data 
points obtained at both windows. The complete detail of applying the model is given 
somewhere else (Mahmood et al., 2015) and chapter 3 of this thesis. 
5.2.5 SUVA, nutrients and chlorophyll-α 
concentration 
The SUVA was calculated from the absorbance and DOC data (methodology 
section 2.7.2.2). Samples for nutrient analysis were sent to Hill laboratories 
(http://www.hill-laboratories.com/) accredited by International Accreditation New Zealand 
(IANZ) where dissolved reactive phosphorus, nitrate-N+nitrite-N (TOxN), reactive silica, 
sulphates, alkalinity and chlorides were measured using standard operating procedures 
(SOP) for these parameters. The procedure for the determination of chlorophyll-α is 
described in methodology chapter 2 (section 2.5) of this dissertation. The DOC 
concentrations and HS measured accordingly as described in methodology section 2.6 
(chapter 2).  
 5.2.6 UV-Vis and excitation-emission matrix (EEM) 
Spectroscopy  
UV-Vis absorbance spectra were collected using a double-beam Lambda-950 
spectrophotometer (Perkin Elmer, Waltham, MA, USA) in a 1-cm quartz cuvette over the 
wavelength range of 200 - 800 nm in the presence of milliQ as background correction. The 




before making fluorescence measurements. Fluorescence measurements were made using 
a Varian Eclipse fluorescence spectrophotometer. An excitation-emission matrix was 
obtained by combining a series of emission scans made from 240 - 600 nm while exciting 
at wavelengths ranging between 240 and 450 nm (every 5 nm). The excitation and emission 
bandwidths were 5 nm. The intensities were normalized to QSU scale. The fluorophore 
peaks were handpicked. Complete details are given in methodology section (chapter 2; 
section 2.7.2.1). 
Further, the above data was used to calculate three fluorescence indices: the 
fluorescence index (FI), a proxy for in-situ or ex-situ DOM production was calculated at 
fluorescence intensities at 370:450 and 370:500 (excitation: emission wavelengths in nm). 
Values of 1.2 or less are typical for DOM from terrestrial origin, whereas values of 1.9 or 
higher are demonstrative of microbial sources; the biological index (BIX) determined at 
fluorescence intensity of 310:380 and 310:430 (excitation: emission wavelengths in nm), 
was used to assess the relative contribution of microbially-derived DOM in water samples. 
Values > 1 correspond to freshly produced DOM of biological or microbial origin, whereas 
values of 0.6 and lower will contain little biological material; The humidification index 
(HIX) was determined using two integrated sections of 255:430-480 divided by 255:300-
340 (excitation: emission wavelengths in nm). The detailed description of these indices has 
been given in methodology chapter 2 under section 2.7.2.1. 
5.2.7 Statistical analysis 
Significance of each variable was tested using Draftsman correlation matrix. All the 
measured variables were normalized to one scale before applying Draftsman correlation 
matrix. Further, visual assessment for temporal variability of each variable was achieved 
using bi-plots. Normalized values of each variable was used to apply principal component 




parameters. The routine statistical analysis was performed in Microsoft Excel and Origin 
Pro 9.1 whereas advance multivariate statistical analysis was performed using 





5.3.1 Hydrography and distribution of 
environmental parameters 
The hydrographical data has been summarized in Table 5.1 and all other 
environmental parameters measured in this chapter are given in Table 5.2. The freshwater 
samples had approximately the same salinity, pH and temperature for both months whereas 
greater fluctuations of these parameters were observed within the estuary (Table 5.1). For 
both months, the concentration of each variable and variability in the concentrations has 
been presented in whisker biplots (Fig: 5.2 - 5.5). The concentrations for all environmental 
parameters such as DOC, Chl-α, TOxN, silicates, sulphates, pH salinity, temperature, 
alkalinity, chlorides, dZn, dFe, FeL and Fe-HS were higher in October whereas SUVA, 
reactive phosphorus and concentration of dCu were higher in September.  
Our result indicate the presence of only one class of Fe-binding ligands present in 
the Whau River and throughout the Whau River estuary for both months in each given 
sample. However, this one ligand class was not uniform. The dFe-complexing ligands were 
stronger within the Whau River 𝑙𝑜𝑔𝐾𝐹𝑒𝐿,𝐹′
𝑐𝑜𝑛𝑑 = >12 compared to Whau River estuary. Further, 
within the estuary, stronger Fe-binding ligands with conditional stability constant 
(𝑙𝑜𝑔𝐾𝐹𝑒𝐿,𝐹′
𝑐𝑜𝑛𝑑 = ≥ 11) were found in October, compared to weaker ligands with conditional 
stability constants 𝑙𝑜𝑔𝐾𝐹𝑒𝐿,𝐹′
𝑐𝑜𝑛𝑑 = ≤ 11 were detected in September. In addition to that, a range 
of conditional stability constants were observed in October (11.4 - 12.2) and September (10 
– 11.24) within the estuary and mostly, did not follow any systemic trend. The average 
conditional stability constant value found for ligands in September was 10.3 ± 0.52 and in 
October 11.6 ± 0.44. The average conditional stability constant value found for Fe-binding 
ligands in Whau River was 12. ± 0.2. The DOC behaved non-conservatively in September 




remained almost the same from freshwater to endmember estuarine sample (Figure 5.6: 
Table 5.2). Compared to DOC, the concentration of all other environmental parameters 
were higher in freshwater sample (Stn1) and concentrations decreased within the estuary. 
The trace dissolved metals (Fe, Cu and Zn) showed variable mixing pattern i.e., 
conservative and non-conservative within the estuary. The dCu, dZn, dFe and Fe-
complexing ligands showed a non-conservative mixing pattern from freshwater to until 
salinity 28, whereas they mixed highly conservatively beyond that salinity within the 
estuarine environment (Figure 5.7). The concentrations for sulphates, alkalinity and 
chlorides increased within the estuary by increase with salinity and pH (Figure 5.2 - 5.3). 
The highest chlorophyll concentration was observed at Stn2 within the estuary in October. 
Further, the concentration was higher in samples collected on Oct_D5, compared to 
samples collected on Oct_D1 (Figure 5.3 and 5.9; Table 5.3). The concentration of TOxN 
was inverse to chlorophyll-α concentration i.e., a decrease in TOxN concentration was 
observed with an increase in chlorophyll-α concentration and TOxN concentration was 
highest at station having lowest chlorophyll-α concentration (Stn4) within the estuary 
(Figure 5.3 and 5.9; Table 5.3). The concentration of reactive phosphate was lower in 
freshwater sample and concentration increased in estuarine and remained almost the same 
throughout the estuary (Figure 5.9; Table 5.3).  
In the present study, five CDOM fluorophores were identified which were present 
in all the samples. Among them, two peaks (C3 and C4) were protein-like and three peaks 
(C1, C2 and C5) were humic-like. The variability in concentration of these fluorophores 
over both months has been given in the Fig. 5.5 whereas the mixing pattern of these 
fluorophores with salinity in an estuary is presented in Fig. 5.6. The general characteristics 
and location peaks of these CDOM fluorophores has been summarized in Table 5.3. 




(UVA marine humic-like (C5), UVC terrestrial humic-like (C1, C2) and tryptophan (C3) 
of CDOM fluorophores (Fig. 5.8). The UVA humic-like and UVC humic-like fluorophores 
are interchangeably used for humic acid and fulvic acid. Among all metals, Zn has the 
highest affinity for CDOM in an order Zn > Cu > Fe: For Zn (C5 (R2 = 0.83) > C1 (R2 = 
0.78) > C3 (R2 = 0.77) > C2 (R2 = 0.75) Fig. 5.8D), and then Cu in (C1 (R2 = 0.78) ≈ C5 
(R2 = 0.78) > C2 (R2 = 0.73) > C3 (R2 = 0.66) Fig. 5.8C) and finally the order of dFe was 
(C3 (R2 = 0.71) > C5 (R2 = 0.66) > C1 (R2 = 0.63) > C2 (R2 = 0.60) Fig. 5.8B). 
Voltametrically-measured Fe-HS has a low to moderate correlation with dFe and dFe-
complexing ligands (R2= 0.66; Fig. 5.11A), compared to stronger correlation with dCu (R2 
= 0.78; Fig. 5.11B) and dZn (R2 = 0.82). The results obtained from fluorescence indices 
have been summed up in Table 5.4, which shows the dominance and prevalence of 
terrestrially-derived DOM within Whau River and Whau River estuary. FI values were 
found above then 1.2 within the estuary, which shows the contribution of DOM from in-
situ sources too.  
Principal component plots showing the association of physical and chemical 
parameters are presented in Figure 5.10 and loading for eigenvector of each variable onto 
plot are given in Table 5.5. On the PC1 and PC2 axis, a clear grouping of samples was 
observed which shows that the samples collected in September were different from those 
samples collected in October and freshwater samples were different from estuarine samples 
(Figure 5.10). Similarly, on the same axis, a close correlation was observed between 
salinity, alkalinity, sulphates and chlorides. Chlorophyll-α was highly correlated with 
TOxN whereas reactive phosphate concentrations were more associated with pH. The 
traced dissolved metals (Zn, Cu and Fe) along with dFe-speciation were variable with 














LogK1 S RMS 
Stn1 25.8±0.3 346.8±7 1445±30 1516.00 12.40 4.04 0.11 
Stn2 6.5±0.1 30.4±2.5 14.5±1.5 18.30 10.00 2.90 0.06 
Stn3 5.8±0.1 21.6±1.3 27.8±2 32.40 10.20 1.40 0.07 
Stn4 6.8±0.1 13.2±0.8 10.2±1.3 26.64 11.24 1.07 0.25 
Stn2_HT 5.8±0.2 16.8±1 10.8±1.4 21.06 10.00 1.07 0.15 
Stn3_HT 5.6±0.2 11.5±0.5 10.9±2 11.80 10.42 1.07 0.06 
Stn1_D1 18.3±0.4 393.7±3.5 2003±7 2005.00 12.14 3.34 0.2 
Stn2_D1 5.7±0.1 12.9±0.7 10.8±3.4 16.30 11.70 1.30 0.09 
Stn3_D1 5.7±0.3 10.6±0.5 61.8±0.8 68.50 11.08 1.07 0.2 
Stn4_D1 5.8±0.1 4.3±0.1 10.4±1.1 10.60 11.10 1.07 0.2 
Stn1_D5 16.2±0.1 253.8±2 3141±30 3207.00 12.44 4.00 0.2 
Stn2_D5 5.7±0.1 13.1±3 14.9±1.6 15.20 11.40 1.80 0.13 
Stn3_D5 5.5±0.2 8.2±0.1 14.5±1.1 17.10 12.20 6.20 0.2 



































Stn1 5.17±0.05 0.89 0.16 11.29 21.56 208.33 0.04 480.00 885.71 7.80 78.45 179.39 
Stn2 3.37±0.30 2.36 1.64 7.10 6.44 14375.00 0.19 790.00 257142.86 4.58 70.71 105.40 
Stn3 3.05±0.04 2.00 nd 3.23 3.55 18750.00 0.19 890.00 360000.00 2.60 44.28 59.74 
Stn4 2.13±0.01 1.55 nd 0.77 1.95 23958.33 0.17 1040.00 454285.71 1.23 30.08 28.33 
Stn2_HT 2.30±0.03 2.18 nd 2.21 2.89 20625.00 0.17 920.00 397142.86 1.93 43.64 44.40 
Stn3_HT 2.23±0.2 2.02 nd 1.35 2.42 21875.00 0.15 980.00 422857.14 1.93 45.01 44.40 
Stn1_D1 4.73±0.01 1.86 0.16 7.42 21.42 176.04 0.04 460.00 885.71 7.03 77.29 161.71 
Stn2_D1 4.86±0.2 1.06 10.30 0.65 4.47 21875.00 0.15 980.00 400000.00 2.64 28.29 60.82 
Stn3_D1 5.33±0.06 1.07 6.40 0.27 3.42 25000.00 0.13 1030.00 440000.00 1.24 12.10 28.52 
Stn4_D1 4.90±0.2 0.40 0.16 51.61 0.53 31250.00 0.13 1020.00 491428.57 0.35 3.75 8.12 
Stn1_D5 5.83±0.04 1.96 0.23 7.10 24.71 159.38 0.13 470.00 857.14 6.58 58.65 151.24 
Stn2_D5 5.14±0.2 1.11 33.72 0.29 3.94 21875.00 0.15 1040.00 428571.43 2.61 26.43 60.10 
Stn3_D5 4.72±0.2 0.92 2.67 0.08 2.35 23958.33 0.13 1090.00 477142.86 1.85 20.40 42.59 







Figure 5.2: Whisker plot showing the temporal variability of pH, salinity, 










Figure 5.3: Whisker plot showing the temporal variability of DOC, Chlorophyll-α, 











Figure 5.4: Whisker plot showing the temporal variability of dissolved trace metals 
such as Cu, Zn, and Fe along with conditional stability constants for Fe-binding 
ligands (logK), iron-binding ligands as humic substances in nM and Fe-binding 











Figure 5.5: Whisker plot showing the temporal variability of five DOM fluorophores 







Figure 5.6: The distribution and mixing pattern of CDOM and DOC in Whau River 















Figure 5.7: The distribution of trace dissolved metals at freshwater (Whau River) and within Whau river estuary alongwith mixing 

















Figure 5.8: The correlation of dissolved Fe with Fe-binding ligands and all trace dissolved metals with CDOM; A) dFe versus dFe-









Figure 5.9: The distribution of macronutrients (TOxN, chlorophyll-α and reactive phosphate) within Whau River and Whau River estuary: 











Figure 5.10: The results of the principal component (PC) analysis. A) PC loadings for the 26 variables used in the PC analysis shown 
in the PC space along the first principal component (x-axis) and the second principal component (y-axis). Variables labels are LA 
(latitude), L (longitude), Sa (salinity), T (temperature), C1, C2, C3, C4 and C5 (five peaks obtained from EEM spectroscopy), Chl 
(chlorophyll α), TOxN (NO31- + NO21-), Si (silicates), Cl (chlorides), SO4 (sulphates), PO4 (reactive phosphate), Fe-HS (equivalence of 
HS in nM) DOC (dissolved organic carbon), Fe (dissolved Fe), FeL (Fe-complexing ligands) logK (conditional stability constants for Fe-
binding ligands), HS (humic substances in mg/L) Zn (dissolved Zn), Cu (dissolved Cu); B) PCA loadings for the 26 variables used in 


















Figure 5.11: The relationship of voltammetrically- measured humic substances (Fe-HS) with trace metals and salinity; A) Fe-HS (nM) 
versus dissolved Fe and dFe-complexing ligands (1mg HS = 32 nM of ligands); B) HS versus dissolved Cu; C) HS versus dissolved Zn; 




Table 5.4: Eigenvectors for the five principal components (PCs) for each of the 
variable used in the principal component analysis. The five PCA components 
explained 93 % of total variance. Larger magnitude numbers indicate a stronger 
contribution to that PCA, whereas positive and negative numbers contributing 
positively and negatively to that PCA, respectively       
Variable PC1 PC2 PC3 PC4 PC5 
Latitude -0.238 0.072 -0.089 0.029 0.127 
Longitude 0.043 0.253 -0.035 -0.577 -0.122 
pH 0.182 -0.207 -0.216 0.194 0.285 
Salinity 0.242 0.041 0.056 0.08 -0.036 
Temp. 0.026 0.366 0.339 0.288 0.38 
DOC -0.108 0.47 0.047 0.086 -0.014 
SUVA -0.076 -0.452 0.219 -0.222 0.072 
Chl-α 0.037 0.259 0.495 0.154 -0.353 
TOxN 0.014 0.101 -0.418 0.458 -0.246 
Silicate -0.242 0.048 -0.033 -0.01 0.136 
Sulphate 0.243 0.061 -0.027 0.054 -0.046 
Phosphate 0.166 -0.263 0.21 -0.052 0.179 
Alkalinity 0.241 0.071 0.067 0.015 0.045 
Chloride 0.244 0.042 0.029 0.032 0.024 
dCu -0.223 0.068 -0.179 0.033 -0.071 
dZn -0.234 0.049 -0.115 0.016 -0.015 
dFe -0.221 0.065 -0.041 0.035 0.433 
FeL -0.221 0.065 -0.044 0.035 0.431 
logK 0.06 0.348 -0.064 -0.462 0.174 
C1 -0.238 -0.078 0.008 -0.005 -0.124 
C2 -0.236 -0.077 0.043 -0.016 -0.135 
C3 -0.239 0.007 0.13 0.012 -0.069 
C4 -0.131 -0.125 0.478 0.154 0.052 
C5 -0.241 -0.036 0.04 -0.007 -0.125 
HS (mg/L) -0.241 -0.036 0.04 -0.007 -0.125 





Table 5.5: Characterization of five EEM peaks identified within Whau River and Whau 
River estuary 
Components 











humic, widespread, but highest in  
wetlands and forested environment 
Peak Aa  
(UVC humic-like) 
ex. 250,  
em. 450 
T 
High-molecular weight and 
aromatic 
humic, widespread, but highest in  
wetlands and forested environment 
Peak T a 
(Trytophan-like) 
ex. 290,  
em. 350 
T, A, M 
Amino acids, free, bound in 
proteins, or associated with high-
molecular-weight DOM Indicator 
of biologic activity, DOM 
bioavailability, cycling of fast and 
slow pools of DOM, and water 
quality. 
Peak Ba  
(Tyrosine-like) 
ex. 270,  
em. 304 
T, A, M 
Amino acids, free, bound in 
proteins, or associated with high-
molecular-weight DOM. Indicator 
of biologic activity, DOM 
bioavailability, cycling of fast and 
slow pools of DOM, and water 
quality. 




T, A, M 
Low molecular weight, common in 
marine environments, associated 
with biological activity but can be 
found in wastewaters, wetland and 
agricultural environments 




Table 5.6: Biological index (BIX), Fluorescence Index (FI) and Humification index 
(HIX) calculated for all the samples collected from Whau River and Whau river 
estuary 
Sample ID BIX FI HIX 
Stn1 0.85 1.15 8.91 
Stn2 0.78 1.24 18.79 
Stn3 0.84 1.14 16.25 
Stn4 0.61 1.47 11.09 
Stn2_HT 1.00 1.22 14.18 
Stn3_HT 0.75 1.42 13.48 
Stn1_D1 0.91 1.38 17.18 
Stn2_D1 0.93 1.24 12.20 
Stn3_D1 1.28 0.81 5.22 
Stn4_D1 0.65 1.64 5.29 
Stn1_D5 0.82 1.27 13.85 
Stn2_D5 0.83 1.14 4.77 
Stn3_D5 0.81 1.41 5.21 






5.4.1 The sources, distribution and mixing 
behaviour of trace metals within Whau River and 
Whau River estuary  
Dissolved trace metal input loads to the Whau River and Whau River estuary are 
known to be dynamic depending on the volume stream and storm-water runoff (Ellwood et 
al., 2008). The major sources of trace dissolved metals to the Whau River are run-off from 
urban sources and the storm-water. The major contributor of Zn within the storm-water 
include brake pad wear coming from cars and carparks, run-off from urban contaminated 
soil, run-off from Zn based paints, Zn roof surfaces especially older unpainted galvanised 
iron roof or painted roofs where the paint layer had deteriorated marginally (Council, 
2013b; Council, 2004; Council, 2009). Concentrations of Zn have been shown to be 
noticeably elevated in roof run-off from industrial areas suggesting that the specific 
industrial activities have the potential to increase the contaminant loads in roof run-off 
above and beyond the higher loading within industrial areas (Council, 2009). Copper in 
rainfall contributes significantly to the load in stormwater. Cu from brake pad wear has 
been identified as a significant contributor to Cu load. Catchment soils as a minor to 
moderate and roofing treatment provide a direct contribution to stormwater (Council, 
2009). Gardening, pathway cleaning products alongwith roofs have the greatest potential 
to contribute copper to stormwater (Council, 2013b; Council, 2004; Council, 2009). In the 
present study, the dissolved Zn concentration in the Whau River was high in both months 
and exceed the ANZECC guideline trigger value of 8 μg /L for freshwater (Anzecc, 2000). 
Compared to the river, the concentration for dissolved Zn was below the limit of ANZECC 
guideline trigger value within the Whau estuary. Similarly, the copper concentration was 
only above the ANZECC guideline trigger value (1.3 μg /L in freshwater) in September 




μg /L in marine waters) within the Whau River estuary during September and October 
(Anzecc, 2000). 
The dFe mixing behaviour is highly dependent on DOC contents. Usually, dFe 
follows a non-conservative mixing behaviour in estuarine having high DOC contents 
(Boyle et al., 1977) where flocculation processes remove colloidal material at low salinities. 
In most of the cases, a conservative mixing approach of dFe has been observed in a systems 
with low DOC contents (Powell and Wilson-Finelli, 2003). However, a conservative 
mixing behaviour of dFe has also been observed within estuarine mixing zone which 
indicates that the removal behaviour is not solely flocculation dependent but depending on 
the number of other variables such as land cover, vegetation type (Powell and Wilson-
Finelli, 2003). For dFe, the flocculation dependent removal behaviour has been observed 
at salinity < 15, beyond this salinity, the dFe shows much more of a conservative behaviour 
in almost all systems including those with having either high or low DOC contents 
(Figuères et al., 1978; Powell and Wilson-Finelli, 2003). A similar trend for dFe has been 
observed for the Whau River and Whau River estuary. Ellwood et al. (2008) found a 
flocculation dependent dFe removal at salinity < 15 and after that dFe behaved almost 
conservatively throughout the Whau River estuary. Similarly, Ellwood et al. (2008) 
observed a highly conservative mixing behaviour for dCu and dZn from freshwater to until 
the mouth of the estuary within Whau River and Whau River estuary.  
5.4.2 Distribution of dFe-complexing ligands 
within Whau River and Whau River estuary 
In the present study, the dFe-speciation was found highly dependent on total dFe 
concentration as dFe was found fully complexed with dFe-complexing ligands with almost 
1:1 Fe: Fe-binding ligands ratios ((y=1.02); Fig. 5.8A). The results observed in the present 




environments. Although, the total number of studies from rivers and estuarine are small, 
but the reported studies verified a strong association of Fe with Fe-complexing ligands. 
Single class of Fe-complexing ligands were reported from Satilla River estuary (Jones et 
al., 2011), the Mississippi River plume (Powell and Wilson-Finelli, 2003), Mersey River 
estuary and Liverpool Bay (Abualhaija et al., 2015; Mahmood et al., 2015) and Jiaozhou 
Bay (Su et al., 2016), whereas two classes of Fe-binding ligands were reported from 
Columbia River estuary and San Francisco Bay plume (Buck et al., 2007). Recently, more 
than two classes of Fe-binding ligands have also been reported from San Francisco Bay 
estuary and estuarine-influenced shelf regions of coastal California (Bundy et al., 2015) 
where a MAW approach was applied. Despite the small difference in logK’FeLi, the author 
assumed that each detection window gave a different ligand. Similar to the present work, 
the earlier studies also observed a strong association of dFe with dFe-complexing ligands. 
For example, pore-water from the sediment was the prevailing source of dFe-complexing 
ligands which accounted for a portion of dFe pool to strong ligands (Jones et al., 2011). 
Photochemical processes were responsible for the degradation of stronger dFe-complexing 
ligands of either terrestrial or planktonic origin into weaker ligands in Mississippi River 
plume which in turn, were replenished by stronger ligands produced in situ by the bacterial 
and planktonic communities (Powell and Wilson-Finelli, 2003). Within the Columbia River 
estuary and San Francisco Bay plume, [L1] was highly correlated with [dFe] and was 
responsible for buffering [dFe] in the Columbia River estuary and San Francisco Bay, 
despite high concentration of leachable particulate Fe, which could otherwise contribute to 
the dFe inventory (Buck et al., 2007). Bundy et al. (2014) debated the coastal sources of 
L1 which have an offshore sink in Californian current and alleged degradation processes 
as a major cause of the disappearance of L1 due to advection of coastal water offshore. 




San Francisco Bay estuary and estuarine-influenced shelf regions of coastal California and 
speculated that stronger Fe-complexing ligands might have originated at low salinity and 
are capable of capping the dFe throughout the estuary (Bundy et al., 2015). A weaker ligand 
class was only observed at low salinity <7 and were subject to removal at higher salinities 
due to flocculation. Mahmood et al. (2015) and Abualhaija et al. (2015) reported one class 
of Fe-binding ligands from Mersey River estuary and Liverpool Bay. The ligands were in 
excess and co-varied with iron-binding HS and suggested a mixed sources of origin for 
dFe-complexing ligands. Recently, Su et al. (2016) reported only one class of dFe-
complexing ligands from Jiaozhou Bay and found a strong correlation between dFe and 
dFe-complexing ligands and speculated that, in addition to chemical releasing from 
industry and agricultural sources, the ligands releasing during the phytoplankton bloom 
would be responsible for capping the dFe within the Jiaozhou Bay.  
Bacteria are known to produce siderophores in both freshwater and marine systems 
with conditional stabilities comparable to the L1 ligand class 𝑙𝑜𝑔𝑘𝐹𝑒𝐿,𝐹𝑒′= >12 (Haygood 
et al., 1993; Macrellis et al., 2001) as observed in the present study from freshwater samples 
(Whau River).  
The Whau River and the Whau River estuary are receiving increased sediment 
runoff from the land caused by anthropogenic processes every year. An Auckland Council 
Regional Plan on sediment control became effective in 2001 to regulate the run-off of 
sediment from new land and road development into nearby estuarine and coastal 
environments, with minimal sediment control from existing uses in rural areas such as 
farming and forestry (Seers and Shears, 2015). The Whau River and the surrounds of Whau 
River estuary is undergoing extensive commercialism. Hence, the ongoing construction 
work around the Whau River estuary is a routine matter and sediment run-off from 




water flow is usually fast within the estuary. The settling of sediments will scavenge parts 
of the dissolved metals and dFe-complexing ligands with them. This could be potentially 
one of the reason for low dFe and dFe-complexing ligands within the estuary. Further, at 
the high salinity end of the Whau River estuary, many small commercial and recreational 
boats are seen. Vegetable oil spillage from a boat and from an ongoing construction site 
was observed only 50 m away from our sampling point of Stn2 in September. During 
voltammetric measurement, high interference from surfactant (could be oil spilled from 
boat) was observed in all the sample collected during the September. The interference from 
surfactant was observed by a reduced sensitivity of the voltammetric peak, which can be 
explained by the competition for space of the FeSA complex by surfactant on the mercury 
drop electrode. As a result, a longer deposition time (> 180 sec.) had to be selected to enable 
the voltammetric analysis. Coinciding with this phenomenon, a lower conditional stability 
constant 𝑙𝑜𝑔𝑘𝐹𝑒𝐿,𝐹𝑒′ and higher values of SUVA observed in September.  
This complex stability observed for all the sample collected in October (11.6 ± 0.44) 
is similar to that (between 11.1 and 11.6) for terrestrial humic acid (Abualhaija and van den 
Berg, 2014; Laglera and van den Berg, 2009) and similar to that (11.3) for terrestrial HS in 
estuarine, black-river waters (Batchelli et al., 2010) and also similar to that (11.5 ± 0.6) 
reported for Fe-complexing ligands originated from sediment pore waters (Jones et al., 
2011). The variability observed in conditional stability was narrow (± 0.44) in the present 
study, which also indicate the presence of single ligand within all samples. Similar complex 
stability (between 11 and 12) has been found elsewhere for ligands in coastal waters (Bundy 
et al., 2015), estuarine waters (Croot and Johansson, 2000; Gerringa et al., 2007; Gledhill 
et al., 2015) and oceanic waters (Ibisanmi et al., 2011; Sander et al., 2015b). The ligands 
from estuarine origin therefore are similar to terrestrial HS. Nevertheless, ligands with 
values for 𝑙𝑜𝑔𝐾𝐹𝑒𝐿,𝐹′




et al., 2015). Therefore, the reported variability for complex stability is high and appears to 
depend strongly on the catchment and source of organic material. 
Tani et al. (2003), Butler (1998) and Powell and Wilson-Finelli (2003) reported the 
higher Fe(III) hydroxide solubility in areas with greater productivity due to the presence of 
stronger affinity of natural organic Fe(III) chelators released by dominant phytoplankton 
and/or bacteria. In the present study, an insignificant correlation (R2 = < 0.2: data not 
shown) was observed between dFe-complexing ligands and chlorophyll-α. Besides that, no 
correlation was observed between excess ligands (eL) (FeL – Fe = eL) and chlorophyll-α. 
In a bottle incubation experiment conducted by Buck et al. (2010) and King et al. (2012), 
an excess L1 were produced when the ratios between the 𝑁𝑂3
1−: 𝑑𝐹𝑒 (µmol/L : nmol/ L) 
were higher (> 10) due to potential Fe stress relative to 𝑁𝑂3
1−. In the present study, all ratios 
between 𝑁𝑂3
1−: 𝑑𝐹𝑒 were <1, hence, no such productions could be expected either in our 
samples. Ellwood et al. (2008) suggested that the affinity of reactive particles for dissolved 
metals is strongly dependent on the concentration from inorganic chelators (e.g. Cl-1, SO-
2) and due to fast desorption processes and particle mixing, the metal complexation to 
strong organic ligands of a biological origin is likely to be small within the Whau River 
and Whau River estuary. 
5.4.3 Dissolved trace metal cycling and CDOM 
fluorophores 
In the present study, dissolved trace metals were only correlated with CDOM 
fluorescence. In an aquatic environments, the HS contribute to the humic-type fluorescence 
intensity of CDOM. This phenomena is supported by many field observations that have 
shown significant correlations between iron solubility and the humic-like fluorescent 
CDOM. Tani et al. (2003) observed significant correlation between Fe(III) solubility and 
marine humic-like fluorescent in intermediate and deep ocean waters of Okhotsk Sea and 




Fe(III) complexation with natural organic ligands such as marine dissolved HS released 
during the oxidative decomposition and transformation of biogenic organic matter in 
intermediate and deep waters (Tani et al., 2003). Kitayama et al. (2009) observed a strong 
linear correlation between dFe and marine humic-like fluorescent in the central region and 
strong linear correlation between Fe(III) solubility and marine humic-like in the western 
and central region of North Pacific Oceans. Further, the author confirmed that marine 
humic-like fluorescent DOM may be responsible for dFe cycling in the deep water column 
as natural organic Fe(III)-complexing ligands (Kitayama et al., 2009). From the same 
region, Takata et al. (2005) reported strong correlation between Fe(III) solubility and 
humic-type fluorescence intensity at intermediate and deep waters. Yamashita et al. (2010) 
found a linear correlation between humic-like fluorophores and Fe (III) solubility in the 
mesopelagic layer. Nakayama et al. (2011) reported the distribution of high dFe and marine 
humic-like fluorescence within the upper halocline layer of Chukchi Sea and Canada Basin 
of western Arctic Ocean. The author also speculated about the complexation of dFe with 
natural organic ligands, such as marine dissolved HS resulting from main processes of the 
brine rejection during sea ice formation and interactions with sediments on the shelves 
(Nakayama et al., 2011). Heller et al. (2013) reported a weak correlation between marine 
humic-like fluorescent and Fe(III) solubility only in iron replete waters from Atlantic 
Ocean. Nishimura et al. (2012) suggested riverine humic-type FDOM is responsible for 
control of dFe in coastal waters, with natural organic ligand complexation of Fe(III) 
apparently playing an important role in iron transport to the northern Bering Sea shelf. 
Similar to Chukchi Sea and Canada Basin of western Arctic Ocean, brine rejection during 
sea ice formation and transport across the sediment-water interface during early diagenesis 
were mainly responsible for maintaining high dFe and fluorescent intensity within Bering 




intensity is low in surface waters due to photochemical degradation and intensity increases 
with depth due to the formation of fluorescent organic matter through the decomposition 
of settling particles in the water column (Saitoh et al., 2008).  
Owing to high carboxyl groups, terrestrial humic matter contains a high density of 
metal complexing ligands spanning a wide range of stability constants (Muller and 
Batchelli, 2013). Within Rivers, more than 90 % of Cu and Hg were found to be present in 
complexed form with humic material in an order Hg > Cu > Zn (Mantoura et al., 1978). 
Pandey et al. (2000) reported the complex formation of terrestrial humic acid with metals 
in an order Cu > Fe > Pb > Ni > Zn and speculated that soil derived humic acid are powerful 
ligands for Cu and the same ligands could also be responsible for complexation of other 
trace metals. Within estuarine and coastal waters, terrestrially-derived organic matter are 
responsible for Cu-speciation for strongest Cu-binding complexes and hence, at least, 
responsible for partial to fully Cu-complexing pool (Abualhaija et al., 2015; Kogut and 
Voelker, 2001; Muller and Batchelli, 2013). Ohno et al. (2007) reported that the 
fluorophore C1 and C2 (UVC humic-like+ UVA-humic-like) of the present study have the 
greatest tendency to form complexes with metals especially with Cu. The author reported 
that these component have more acidic functional groups and are expected to consist of 
important ligands for iron due to its greater quenching tendency with Fe (Ohno et al., 
2007)(Ohno et al., 2007a). Compared to C1 and C2, Ohno et al. (2007) found fluorophore 
C5 have lowest quenching or complexation capacity for iron. However, in the present 
study, C5 is correlating more with dFe compared to C1 and C2 most probably due to 
presence of different dFe binding functional groups present in marine humic-like 




5.4.4 Chlorophyll-α—a surrogate indicator of 
nutrient pollution  
All plants, algae and cyanobacteria contain chlorophyll-α by 1-2 % (dry wt.), hence, 
this parameter is often used as a general indicator for plant biomass and subsequently, used 
to assess a non-specific indicator of the trophic level (level of pollution) (Anzecc, 2000). 
The N/P ratio within the Whau River were found to be 269 in September which decreased 
to 176 in Oct_D1 and further decreased to 56 on Oct_D5 which shows a gradual elevation 
in reactive phosphorus concentration from September to October. Similarly, the N/P ratios 
observed for Stn2 and Stn3 were 37 and 17 respectively in September. All of these ratios 
were above then the predicted Redfield elemental ratios of N/P; 14:1 for a bloom (Redfield, 
1958). Furthermore, the nutrient ratios were highest in September when chlorophyll-α 
concentration was found to be lowest within Whau River and Whau River estuary. 
Conversely, an opposite trend was observed in October i.e., the lowest N/P ratios with 
highest concentrations of chlorophyll-α. Hence, the Whau River and Whau River estuary 
might have been P deficient in September and N deficient in October. At Stn2, the highest 
concentration of chlorophyll-α was found to be 10.2 µg /L on Oct_D1 and 34 µg /L on 
Oct_D5 which is clearly 5 μg /L and 29 µg /L above the high reliability trigger value of 5 
μg /L of chlorophyll-α for any recreational place (Anzecc, 2000), indicating the 
mesotrophic status with some algal turbidity on Oct_D1 and eutrophic level with obvious 
algal turbidity on Oct_D5 within the Whau estuary at Stn2 (Anzecc, 2000). The values for 
chlorophyll-α concentrations reported in the present study are higher than those reported 
(chlorophyll-α ≤ 5 µg /L) in marine water quality reports published annually by Auckland 
city councils (ACC) (Council, 2013a). ACC is collecting one sample each month from the 
mouth of the estuary, so all together 12 samples /year. Only one sample from the mouth of 
the estuary may not be a true representation of the whole estuary, which could be the likely 




samples should be collected throughout the estuary to get a true representation of the wider 
estuary. The second reason for the reported low concentration of chlorophyll-α by the ACC 
could be the presence of high concentrations of dCu and dZn in the Whau River and Whau 
River estuary previously. Earlier, Ellwood et al. (2008) reported the high concentration of 
dissolved Cu and Zn within the Whau River and Whau River estuary, and acknowledged 
that the values were significantly above than the ANZECC guideline for trigger values. The 
author excluded the notion of the significant algal growth within the Whau estuary, and 
subsequently, in situ production of strong organic chelators resulting from estuary-based 
primary production due to toxicological effects of these dissolved trace metals onto biota. 
In the present study, the found concentration of trace dissolved metals (Zn and Cu) was 
significantly below then the limit of ANZECC guideline trigger values within the estuary. 
In the absence of toxicological metal effects and presence of high nutrients, the 
phytoplankton bloom may likely to occur.  
5.4.5 CDOM Fluorophores- a bulk DOM 
characterization 
 
(i) Protein-like fluorophores 
The peaks C3 and C4 correspond to the peak T (tryptophan) and peak B (tyrosine) 
of an earlier study conducted by Coble (1996) and are known to be present in freshwater 
as well as in estuarine environment. Presence of both peaks in freshwater and estuarine 
water indicate that these protein like peaks have autochthonous as well as allochthonous 
source of production. The intensity for tyrosine like peak remained the same from 
freshwater to until the mouth of the estuary (Fig. 5.6; R2 = 0.22). Most of the data points 
were above the mixing line showing that the fluorophore has terrestrial as well as in situ 
source of origin, hence, showed a conservative mixing pattern within the estuary (Fig. 5.6). 




a terrestrial origin for this fluorophore (Fig 5.6). Tryptophan is common in waters subject 
to anthropogenic influence such as bays, estuaries, coastal areas, also areas of high primary 
productivity and pore waters (Coble, 1996) and so is thought to derive directly from 
bacterial activity (Yamashita and Tanoue, 2003). Tyrosine-like fluorescence is present in 
all marine waters at all depths (Yamashita and Tanoue, 2003). Studies found that both of 
these fluorophores are linked with bacterial activity, sewage treatment process efficiency 
and therefore related to organic matter bioavailability but clarification is still need to be 
required about the source of these protein-like material, to determine whether it is a 
naturally occurring bioavailable substrate, a product of microbial activity or a mixture of 
both (Fellman et al., 2010). Yamashita and Tanoue (2003) studied that protein-like 
fluorescence intensities are correlated with concentrations of tyrosine and tryptophan in 
total hydrolyzable amino acids. However, tyrosine and tryptophan do not typically occur 
as pure dissolved amino acids in the environment yielding florescence spectra seldom 
identical to pure reference standards. In the present study, a mild correlation (R2 = 0.4; data 
not shown) was found between tryptophan-like fluorophore with dissolved TOxN and 
dissolved reactive phosphate (R2 = 0.42; data not shown), indicating that both of these 
fluorophores did not represent a pure fluorophore, rather representing a mixture of 
proteinaceous compounds with similar fluorescence characteristics (Fellman et al., 2009). 
Yamashita and Jaffé (2008) speculated that the tyrosine-like fluorophores have been 
considered to be derived from tyrosine residues in low molecular weight DOM, which 
might be highly biodegraded and biorefractory. The tryptophan-like fluorophores may have 
an autochthonous origin and could be biologically labile components, indicating that these 
fluorophores might be remnant of the degradation of autochthonously produced DOM 




(ii) Humic-like fluorophores 
Peak C2 correspond to Peak A (UVC-humic-like), peak C1 to C peak (UVA humic-
like) and C5 to peak M (UVA humic-like) of earlier (Coble) study. 
 (i) Fluorophore A (UVC humic-like) 
UVC humic-like (C2) fluorophores are high molecular weight, aromatic humic of 
widespread origin. This fluorophore is expected to be photodegraded by UVC light (290 
nm or less), but they are resistant to photodegradation due to sparsity of UVC light in 
terrestrial sunlight (≈94 % UV light that reaches the earth surface is UVA light), making 
UVC light poorly distributed in aquatic ecosystem (Stedmon and Markager, 2005). This 
component is abundant in DOM which is dominated by terrestrial precursor material such 
as DOM originated from soil extractions, soil solution, forested streams, wetlands, 
thermokarsts and tree leaves (Ishii and Boyer, 2012). Terrestrial input from run-off after 
rainfall increase its concentration in near-by streams (Fellman et al., 2010; Stedmon and 
Markager, 2005). A very strong negative correlation (R2= 0.89) of this fluorophore was 
observed with salinity in the present study (Fig. 5.6), suggesting a purely terrestrial source 
of origin for this fluorophore within Whau River and Whau River estuary. A strong linear 
relationship indicating the conservative mixing of this fluorophore as aquatic systems 
transition from freshwater to seawater (Balcarczyk et al., 2009; Markager et al., 2011; 
Osburn and Stedmon, 2011; Yamashita and Jaffé, 2008) suggesting it as the most important 
representative of humic acids in the oceanic water (Kowalczuk et al., 2009). Conservative 
mixing behaviour suggests that contributing fluorophores are largely resistant to internal 
processes of degradation and production along the freshwater to seawater continuum. 
Along the mixing zone between the Baltic Sea and North Sea, this fluorophore has the 
strongest positive correlation with dissolved lignin concentrations (Osburn and Stedmon, 




fluorophore was highest at the head and at the surface of the Ise Bay in Japan and decreased 
toward the mouth of Bay (Yamashita and Jaffé, 2008).  
(ii) Fluorophore C (UVA humic-like) 
This fluorophore is high molecular weight, hydrophobic humics, widespread in 
nature but highly abundant in wetlands and forested environment (Wu et al., 2003) having 
a significant association with apparent molecular weight (weight > 1000 Da for DOM) 
(Hunt and Ohno, 2007). The location of excitation peak indicate that this fluorophore is 
expected to absorb light in the UVA region (wavelengths greater than 320 nm). The spectral 
loading of this fluorophore was found similar to that of the model compound 
anthrahydroquinone-2,6-disulfonate (AHDS) (Cory and McKnight, 2005) and was found 
susceptible to UVA induced photodegradation (Diffey, 2002). The fluorophore was 
abundant in DOM from a variety of aquatic systems dominated by terrestrial and microbial 
inputs (Ohno and Bro, 2006; Stedmon and Markager, 2005) as well as DOM extracted from 
dairy and plant wastes (Ohno and Bro, 2006). Like in the present study, a negative 
correlation between this fluorophore and salinity was observed at freshwater-seawater 
interface (Fig. 5.6) (Fellman et al., 2010; Kowalczuk et al., 2009; Markager et al., 2011; 
Stedmon et al., 2007; Yamashita et al., 2010); Yamashita and Jaffé (2008. But the 
relationship between salinity and this fluorophore cannot be explained by conservative 
mixing, due to the presence of some data points above the conservative mixing line, 
indicating that this component may have sources within the estuary other than riverine 
inputs. Yamashita and Tanoue 2003 suggested that this fluorophore can generate through 
biogeochemical processing of terrestrial organic matter during transport across the 
estuaries. On the other hand, several other researcher reported that variation in this 
fluorophore were affected by internal processes of degradation or removal, thus, failing 
below the theoretical conservative mixing line (Fellman et al., 2010; Markager et al., 2011). 




that this fluorophore has terrestrial and/or biological sources or either it is consisting of an 
intermediate product: Decomposition processes decrease the intensity of this fluorophore 
in DOM derived from dairy manure, suggesting this as originated from biological source 
(Ohno and Bro, 2006). Increase in intensity up to a short distance offshore and then again 
decrease to a baseline level in an open ocean suggesting it as an intermediate product rather 
than input from terrestrial source (Murphy et al., 2008). Stedmon et al. (2007) after an 
incubation experiment concluded that this is as an intermediate product that is susceptible 
to photochemical degradation, but can also be produced by photochemical degradation of 
terrestrial DOM. A linear correlation with apparent oxygen utilization (AOU) from surface 
to depth, indicates an in situ production of this fluorophore (Yamashita et al., 2010). These 
components have a strong tendency to adsorb on sediments and become reduced (Banaitis 
et al., 2006). They are also adsorbed onto soil particles instead of traveling with the water 
until the end of the flow path (Simon et al., 2010). 
(iii) Fluorophore M (UVA humic-like) 
Compared to C1 and C2, this fluorophore is less aromatic and of lower molecular 
weight. Initially, the fluorophore was considered as a marker for in situ DOM production 
due to its high intensity in areas of marine planktonic productions, but later, also identified 
in terrestrial and freshwater environments {Balcarczyk, 2009 #327}(Murphy et al., 2008; 
Stedmon and Markager, 2005). Cory and McKnight (2005) characterized them as oxidized 
quinone-like and compared them to the model compound anthraquinone-2,6-disulfonate 
(AQDS). C5 showed a non-conservative distribution within Whau River estuary (Fig. 5.6), 
which is more likely to be the result of microbial derived DOM processing, or it may result 
from direct biological inputs, so clearly autochthonous nature (Coble et al., 1998). 
Phytoplankton communities are not a direct source of humic-like fluorophores but bacteria 
can produce humic-like fluorophores using non-fluorescent organic matter derived from 




environments, the production of humic- like fluorophores during microbial oxidation 
processes has been suggested, based on observed relationships between levels of 
fluorescence intensity and nutrients as well as AOU in the ocean interior (Yamashita and 
Jaffé, 2008). This component is characterized by absorption of UVC and UVB light, most 
of which is tempered prior to distribution in the water column, and UVA light. These 
components are expected to be photodegraded by UVA light, but to a lesser extent than 
other humic-like components. These components consist of compounds that are less 
hydrophobic, smaller in molecular size (Wu et al., 2003). They vary seasonally, and their 
concentration is higher in summer in seawater. Also, fluorophores are similar to those with 





5.4.6 Summary and Conclusion 
In the present study, we determined the concentration of dissolved trace metals (Fe, 
Cu and Zn) alongwith dissolved Fe-complexing ligands from Whau River and Whau River 
estuary for two consecutive months in 2014. A 1:1 complexing ratio was found for 
dissolved Fe and dFe-complexing ligands which shows that dissolved Fe was present in 
highly complexed form with its complexing ligands. The dCu behaved highly 
conservatively within the estuary whereas the mixing curve for dZn was more of a 
sigmoidal shape within the estuary. The high nutrient concentrations detected in October 
resulted in algal blooms (productivity). A strong correlation between CDOM (UVA and 
UVA humic-like) and trace metals was observed. Among all, Zn had the most significant 
correlation (R2= 0.85) with CDOM and dFe has the least correlation (R2 = 0.64). Unlike 
Mersey River estuary, Fe-binding humics were responsible for only a portion of Fe-
complexing ligands within the Whau River and Whau River estuary which suggesting that 
the complexing behaviour of dFe with humic-type ligands is highly dependent on the 
vegetation type and chemical compounds present within the aquatic environment.  
The conditional stability constant for dFe-complexing ligands was found lower in 
September compared to October. The possible explanation for lower stability constants 
could be the presence of surfactant within the estuary. This explanation was further 
supported by high aromaticity values obtained by SUVA. The investigation of nature, 
sources and chemical characteristic of these surfactant or aromatic compounds present 






















Chapter 1 outlines the brief introduction of the research statement. The detailed 
description of methodology applied in this thesis has been given in Chapter 2. 
Chapter 3. In the current study, the dissolved Fe-speciation was performed using 
newly re-calibrated FeSA method (Abualhaija and van den Berg, 2014). In re-calibrated 
method, the maximum sensitivity for was obtained with 5 µM SA added. The effect of 
increasing the FeSA concentration by conducting titrations using different concentrations 
of FeSA was tested by modelling and practical experiments. Modelling data suggested that 
the sensitivity decreases with increase in SA concentration. The samples for practical 
experiment were collected from estuarine (Mersey River estuary) and coastal environments 
(Liverpool Bay). The titrations were conducted using five different concentrations of SA 
(5, 10, 15, 25 and 50 µM SA). The highest sensitivity at 5 µM SA was obtained for coastal 
samples whereas a high interference from surfactant was observed for samples collected 
from estuarine environments and thus, a better sensitivity was obtained at 15 µM SA. The 
data obtained from different analytical windows applied to same sample was analyzed 
simultaneously using KINETEQL multiwindow Solver (KMS) and the results showed the 
presence of one ligand class within the Mersey estuary and Liverpool Bay samples. 
Furthermore, the concentration of these unknown Fe-binding ligands were the same as that 
of Fe-binding humic substances. The concentration of both Fe-binding ligands and Fe-
binding humics was greater than dFe concentration in all the samples indicating the 
presence of excess ligands. The conditional stability constants of Fe-binding ligands 
(𝑙𝑜𝑔𝑘𝐹𝑒𝐿,𝐹𝑒′ = 11.9 ± 0.6) was comparable to Fe-binding humic species. The 
fluorescence indices confirmed the presence of terrestrially- and microbially-derived DOM 




the range (FI; 1.2 - 1.6; HIX 5 – 20 BIX 0.58 - 1.22) which indicate the presence of DOM 
from sediments in surface waters by sediments upwelling.  
Chapter 4. The Mersey River estuary and Liverpool Bay have been subject to 
substantial contaminant inputs over the past 200 years. The effects of this contamination 
on the composition of DOM were unknown. In chapter 4, the DOM present within Mersey 
River estuary and Liverpool was molecularly characterized. Other than that, the pattern of 
spatial distribution of DOM was also traced within the estuary and Liverpool Bay. 
Furthermore, the association of DOM composition with trace metals (dCu and dFe) 
speciation was statistically explored. The quality and reactivity of DOM is usually 
determined by the quality and quantity of water received by a given water body. The 
molecular characterization showed a significant contribution of non-oxygen heteroatomic 
containing molecular formulae (CHOx, x being one or more than one atom of N or P or S 
or present in combination within the molecular formulae) suggesting a significant 
anthropogenic influence into DOM composition. Mersey River estuary and Liverpool Bay 
receive a substantial amount of water from industrial waste, sewage and run-off from 
agricultural and contaminated land into its tidal and non-tidal reaches, the elevated 
concentration of nutrients resulting in many algal blooms in a year. The distribution of 
heteroatomic containing molecular formulae mimics the distribution of CHO-only 
containing heteroatomic molecular formulae in VK plots which suggest the incorporation 
of those heteroatoms into DOM through abiotic, nonspecific sources (such as nutrients). 
The relative abundance of S-containing DOM decreased towards the Liverpool Bay, 
probably due to terrestrial origin of these heteroatoms and decreased offshore probably due 
to dilution by mixing of seawater with estuarine waters. The N-containing heteroatoms 
have positive association with salinity with a relative abundance increased towards off-




aliphatic and contains less oxygen-rich molecules along the salinity gradient, as observed 
for photo-, or microbial degradations. The correlation between DOM compositions and 
trace metals (dFe and dCu) was explored which suggest that dCu-speciation was highly 
controlled by S-containing heteroatoms, probably of thiols nature originated in sediments 
pore waters and transported to surface water by sediments upwelling. Dissolved Fe-
speciation were highly correlated with heteroatomic molecular formulae. S-containing and 
N-containing heteroatoms were abundant among those molecular formulae. 
Chapter 5. The concentration of dissolved trace metals (Cu, Zn and Fe) was 
determined within the Whau River and Whau River estuary alongwith dFe-speciation for 
two months, September 2014 and October 2014. The concentration of trace metals and dFe-
speciation were highly dynamic and strongly dependent on water flow and run-off from 
stormwater. Bulk characterization of DOM was performed using spectroscopy. A strong 
correlation between CDOM (UVA and UVA humic-like) and trace metals was observed. 
Among all, Zn had the most significant correlation (R2= 0.85) with CDOM and dFe has the 
least correlation (R2 = 0.64). The dFe was highly correlated with dFe-complexing ligands 
(1:1 ratios). Furthermore, the detected dFe-complexing ligands were stronger in October 
2014 and were weaker in September 2014. The Phytoplankton productivity was observed 
within the estuary at Stn2 in October. An insignificant correlation was observed between 
chlorophyll-α and dFe-speciation suggesting that the dFe-binding ligands were not 
produced as a results of productivity. The DOM present within the Whau River and Whau 
River estuary was strongly from terrestrial sources and there was a little influence from 
microbial sources as well within the estuary.   




6.2 Future recommendations  
Trace metals such as Fe are essential for marine phytoplankton to perform 
fundamental cellular processes. However, the bioavailability of these metals is governed 
by speciation which may reduce or enhance metal bioavailability, depending on the metal 
and the resulting metal-ligand complexes. To date, a little is known about the composition, 
source and provenance of these metal-ligands complexes, which is hindering further 
advances in the field of trace metal biogeochemistry. Historically, the primary technique 
for characterizing metal-binding ligands within estuaries, coastal waters and seawater has 
been CLE-AdCSV, which provides ligand concentrations and conditional stability 
constants for the ambient metal-ligand complexes. However, the high complexity of DOM 
is not sufficiently represented in CLE-AdCSV measurements, even though metal-binding 
ligands within DOM are treated as a composite of multiple analytical windows (i.e., the 
added amount of artificial ligands (SA in the present study) used to compete with natural 
ligands) (Mahmood et al., 2015). Moreover, the technique measures the natural metal 
binding ligands based on the response of the added artificial ligand, rather than by direct 
observation of metal-DOM behaviour, hence, a meaningful information on the molecular 
characteristics required for the identification of these ligands cannot be extracted. In 
contrast to CLE-AdCSV, ESI FT-ICR MS provides unparalleled resolution towards the 
identification of ionized organic compounds. In order to drive progress towards 
determining sources and composition of metal-binding ligands in the ocean, it is essential 
to combine the knowledge obtained from both of these techniques. FT-ICR MS in 
conjunction with CLE-AdCSV, therefore, holds a great potential to extend this field of 
research; For example, a priori quantitative characterization of bulk metal-DOM complexes 
should be achieved by CLE-AdCSV whereas SPE-DOM can provide a qualitative 




knowledge obtained from each technique, the output information can provide novel insights 
into the large, yet unknown pool of small organic ligands present within the DOM. To 
target very specific metal-DOM molecules, selective enrichment of compounds (such as by 
HPLC-HR-ICP-MS) should be introduced. 
Gaining a better understanding towards assessing metal-binding ligands in the 
ocean would not only improve our knowledge towards trace metal cycling within the ocean 
but would also be helpful to better predict the responses to projected global alteration of 
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Table A1: Molecular formulas present under formula cluster 1 of PCoA plot 
Formula Neutral mass (Da) O/C ratio H/C ratio 
C14H12OS2 260.11 0.07 0.86 
C9H7NO4S 225.03 0.44 0.78 
C9H9NO6S 259.03 0.67 1.00 
C9H11NO7S 277.04 0.78 1.22 
C10H7NO5S 253.02 0.50 0.70 
C10H9NO5S 255.04 0.50 0.90 
C10H7NO6S 269.01 0.60 0.70 
C10H11NO7S 289.04 0.70 1.10 
C11H9NO3S 235.06 0.27 0.82 
C11H11NO4S 253.07 0.36 1.00 
C11H13NO4S 255.09 0.36 1.18 
C11H9NO5S 267.04 0.45 0.82 
C11H11NO6S 285.05 0.55 1.00 
C12H11NO4S 265.07 0.33 0.92 
C12H9NO5S 279.04 0.42 0.75 
C12H13NO5S 283.08 0.42 1.08 
C12H15NO5S 285.10 0.42 1.25 
C12H9NO6S 295.03 0.50 0.75 
C12H11NO7S 313.04 0.58 0.92 
C12H13NO8S 331.05 0.67 1.08 
C13H11NO5S 293.06 0.38 0.85 
C13H13NO5S 295.08 0.38 1.00 
C13H15NO5S 297.10 0.38 1.15 
C13H17NO5S 299.12 0.38 1.31 
C13H11NO6S 309.05 0.46 0.85 
C13H11NO7S 325.04 0.54 0.85 
C13H13NO7S 327.06 0.54 1.00 
C14H13NO5S 307.08 0.36 0.93 
C14H15NO5S 309.10 0.36 1.07 
C14H21NO5S 315.16 0.36 1.50 
C14H13NO6S 323.07 0.43 0.93 
C14H15NO6S 325.09 0.43 1.07 
C14H17NO6S 327.11 0.43 1.21 
C14H11NO7S 337.04 0.50 0.79 
C14H15NO7S 341.08 0.50 1.07 
C15H13NO6S 335.07 0.40 0.87 
C15H13NO7S 351.06 0.47 0.87 
    




Formula Neutral mass (Da) O/C ratio H/C ratio 
C15H13NO9S 383.04 0.60 0.87 
C15H15NO9S 385.06 0.60 1.00 
C16H15NO7S 365.08 0.44 0.94 
C16H17NO7S 367.10 0.44 1.06 
C16H15NO8S 381.07 0.50 0.94 
C16H17NO8S 383.09 0.50 1.06 
C16H17NO9S 399.08 0.56 1.06 
C17H15NO8S 393.07 0.47 0.88 
C17H17NO8S 395.09 0.47 1.00 
C17H19NO8S 397.11 0.47 1.12 
C17H15NO9S 409.06 0.53 0.88 
C7H12O4S 192.08 0.57 1.71 
C9H6O5S 226.01 0.56 0.67 
C9H14O9S 298.05 1.00 1.56 
C10H20O4S 236.16 0.40 2.00 
C10H6O5S 238.01 0.50 0.60 
C10H12O5S 244.07 0.50 1.20 
C10H8O8S 288.00 0.80 0.80 
C11H8O3S 220.05 0.27 0.73 
C11H14O5S 258.09 0.45 1.27 
C11H8O6S 268.02 0.55 0.73 
C11H8O8S 300.00 0.73 0.73 
C11H10O8S 302.02 0.73 0.91 
C11H12O9S 320.03 0.82 1.09 
C11H14O9S 322.05 0.82 1.27 
C12H12O2S 220.10 0.17 1.00 
C12H22O4S 262.18 0.33 1.83 
C12H24O4S 264.20 0.33 2.00 
C12H8O5S 264.03 0.42 0.67 
C12H16O5S 272.11 0.42 1.33 
C12H22O5S 278.17 0.42 1.83 
C12H10O8S 314.02 0.67 0.83 
C12H10O9S 330.01 0.75 0.83 
C12H12O9S 332.03 0.75 1.00 
C12H14O10S 350.04 0.83 1.17 
C13H24O4S 276.20 0.31 1.85 
C13H22O5S 290.17 0.38 1.69 
C13H24O5S 292.19 0.38 1.85 
C13H24O6S 308.18 0.46 1.85 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C13H26O9S 358.17 0.69 2.00 
C13H12O10S 360.02 0.77 0.92 
C13H14O10S 362.04 0.77 1.08 
C14H10O4S 274.06 0.29 0.71 
C14H12O5S 292.07 0.36 0.86 
C14H20O5S 300.15 0.36 1.43 
C14H24O5S 304.19 0.36 1.71 
C14H26O5S 306.21 0.36 1.86 
C14H26O6S 322.20 0.43 1.86 
C14H12O7S 324.05 0.50 0.86 
C14H22O7S 334.15 0.50 1.57 
C14H26O7S 338.19 0.50 1.86 
C14H10O8S 338.02 0.57 0.71 
C14H18O8S 346.10 0.57 1.29 
C14H24O8S 352.16 0.57 1.71 
C14H10O9S 354.01 0.64 0.71 
C14H12O10S 372.02 0.71 0.86 
C14H12O11S 388.01 0.79 0.86 
C15H12O3S 272.09 0.20 0.80 
C15H12O5S 304.07 0.33 0.80 
C15H26O5S 318.21 0.33 1.73 
C15H28O5S 320.23 0.33 1.87 
C15H12O6S 320.06 0.40 0.80 
C15H26O6S 334.20 0.40 1.73 
C15H28O6S 336.22 0.40 1.87 
C15H10O8S 350.02 0.53 0.67 
C15H12O8S 352.04 0.53 0.80 
C15H12O9S 368.03 0.60 0.80 
C15H26O9S 382.17 0.60 1.73 
C15H12O10S 384.02 0.67 0.80 
C15H14O11S 402.03 0.73 0.93 
C16H16OS 256.15 0.06 1.00 
C16H28O5S 332.23 0.31 1.75 
C16H12O6S 332.06 0.38 0.75 
C16H22O6S 342.16 0.38 1.38 
C16H26O6S 346.20 0.38 1.63 
C16H28O6S 348.22 0.38 1.75 
C16H12O7S 348.05 0.44 0.75 
C16H28O7S 364.21 0.44 1.75 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C16H12O9S 380.03 0.56 0.75 
C16H14O9S 382.05 0.56 0.88 
C16H14O10S 398.04 0.63 0.88 
C17H28O6S 360.22 0.35 1.65 
C17H16O7S 364.09 0.41 0.94 
C17H20O7S 368.13 0.41 1.18 
C17H14O9S 394.05 0.53 0.82 
C17H12O10S 408.02 0.59 0.71 
C17H14O10S 410.04 0.59 0.82 
C17H16O10S 412.06 0.59 0.94 
C18H30O6S 374.24 0.33 1.67 
C18H18O7S 378.11 0.39 1.00 
C18H22O7S 382.15 0.39 1.22 
C18H30O7S 390.23 0.39 1.67 
C18H16O8S 392.08 0.44 0.89 
C18H18O8S 394.10 0.44 1.00 
C18H16O9S 408.07 0.50 0.89 
C19H24O6S 380.18 0.32 1.26 
C19H26O6S 382.20 0.32 1.37 
C19H28O6S 384.22 0.32 1.47 
C19H18O7S 390.11 0.37 0.95 
C19H22O7S 394.15 0.37 1.16 
C19H24O7S 396.17 0.37 1.26 
C19H26O7S 398.19 0.37 1.37 
C19H30O7S 402.23 0.37 1.58 
C19H32O7S 404.25 0.37 1.68 
C19H20O8S 408.12 0.42 1.05 
C19H22O8S 410.14 0.42 1.16 
C19H28O8S 416.20 0.42 1.47 
C20H26O6S 394.20 0.30 1.30 
C20H32O6S 400.26 0.30 1.60 
C20H34O6S 402.28 0.30 1.70 
C20H22O7S 406.15 0.35 1.10 
C20H24O7S 408.17 0.35 1.20 
C20H32O7S 416.25 0.35 1.60 
C21H32O6S 412.26 0.29 1.52 
C21H34O6S 414.28 0.29 1.62 
C18H12N4O 300.11 0.06 0.67 
C16H13N3O8 375.05 0.50 0.81 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C17H13N3O7 371.06 0.41 0.76 
C17H13N3O8 387.05 0.47 0.76 
C18H15N3O6 369.09 0.33 0.83 
C18H15N3O7 385.08 0.39 0.83 
C18H15N3O8 401.07 0.44 0.83 
C19H19N3O5 369.14 0.26 1.00 
C19H17N3O6 383.11 0.32 0.89 
C19H19N3O6 385.13 0.32 1.00 
C19H15N3O7 397.08 0.37 0.79 
C19H17N3O7 399.10 0.37 0.89 
C19H15N3O8 413.07 0.42 0.79 
C20H21N3O5 383.16 0.25 1.05 
C20H23N3O5 385.18 0.25 1.15 
C20H25N3O5 387.20 0.25 1.25 
C21H23N3O6 413.17 0.29 1.10 
C16H10N2O5 310.05 0.31 0.63 
C17H24N2O4 320.20 0.24 1.41 
C17H12N2O5 324.07 0.29 0.71 
C18H26N2O5 350.21 0.28 1.44 
C18H14N2O7 370.07 0.39 0.78 
C18H14N2O8 386.06 0.44 0.78 
C19H20N2O5 356.15 0.26 1.05 
C19H16N2O7 384.09 0.37 0.84 
C19H14N2O9 414.05 0.47 0.74 
C20H18N2O8 414.10 0.40 0.90 
C11H23NO2 201.21 0.18 2.09 
C12H7NO8 292.99 0.67 0.58 
C14H14NO3P 275.08 0.21 1.00 
C14H27NO4 273.23 0.29 1.93 
C15H11NO2 237.09 0.13 0.73 
C15H16NO3P 289.10 0.20 1.07 
C15H9NO8 331.01 0.53 0.60 
C15H11NO10 365.01 0.67 0.73 
C16H18NO3P 303.12 0.19 1.13 
C16H9NO7 327.02 0.44 0.56 
C16H9NO8 343.01 0.50 0.56 
C16H11NO10 377.01 0.63 0.69 
C17H11NO4 293.07 0.24 0.65 
C17H9NO6 323.03 0.35 0.53 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C17H11NO9 373.02 0.53 0.65 
C17H11NO10 389.01 0.59 0.65 
C17H11NO11 405.00 0.65 0.65 
C17H13NO11 407.02 0.65 0.76 
C18H13NO4 307.09 0.22 0.72 
C18H15NO4 309.11 0.22 0.83 
C18H19NO4 313.15 0.22 1.06 
C18H15NO5 325.10 0.28 0.83 
C18H11NO6 337.05 0.33 0.61 
C18H11NO7 353.04 0.39 0.61 
C18H11NO9 385.02 0.50 0.61 
C18H11NO10 401.01 0.56 0.61 
C19H15NO5 337.10 0.26 0.79 
C19H19NO5 341.14 0.26 1.00 
C19H21NO5 343.16 0.26 1.11 
C19H13NO6 351.07 0.32 0.68 
C19H15NO7 369.08 0.37 0.79 
C19H11NO9 397.02 0.47 0.58 
C19H13NO9 399.04 0.47 0.68 
C19H11NO10 413.01 0.53 0.58 
C19H13NO10 415.03 0.53 0.68 
C20H21NO5 355.16 0.25 1.05 
C20H23NO5 357.18 0.25 1.15 
C20H15NO6 365.09 0.30 0.75 
C20H17NO6 367.11 0.30 0.85 
C20H19NO6 369.13 0.30 0.95 
C20H21NO6 371.15 0.30 1.05 
C20H13NO7 379.06 0.35 0.65 
C20H15NO7 381.08 0.35 0.75 
C20H13NO8 395.05 0.40 0.65 
C20H15NO8 397.07 0.40 0.75 
C20H13NO9 411.04 0.45 0.65 
C21H21NO6 383.15 0.29 1.00 
C21H25NO6 387.19 0.29 1.19 
C21H17NO7 395.10 0.33 0.81 
C21H19NO7 397.12 0.33 0.90 
C21H15NO8 409.07 0.38 0.71 
C21H17NO8 411.09 0.38 0.81 
C22H21NO7 411.14 0.32 0.95 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C9H18O7 238.11 0.78 2.00 
C9H16O8 252.08 0.89 1.78 
C10H20O6 236.14 0.60 2.00 
C11H22O8 282.14 0.73 2.00 
C11H20O9 296.11 0.82 1.82 
C12H11O2P 218.06 0.17 0.92 
C12H24O7 280.17 0.58 2.00 
C12H22O8 294.14 0.67 1.83 
C12H6O9 293.97 0.75 0.50 
C15H8O9 331.99 0.60 0.53 
C15H28O9 352.19 0.60 1.87 
C15H8O10 347.98 0.67 0.53 
C16H30O9 366.21 0.56 1.88 
C16H8O10 359.98 0.63 0.50 
C16H10O12 393.98 0.75 0.63 
C16H12O12 396.00 0.75 0.75 
C16H12O13 411.99 0.81 0.75 
C17H26O2 262.24 0.12 1.53 
C17H8O5 292.03 0.29 0.47 
C17H8O11 387.97 0.65 0.47 
C17H10O11 389.99 0.65 0.59 
C18H10O4 290.06 0.22 0.56 
C18H8O8 352.00 0.44 0.44 
C18H8O10 383.98 0.56 0.44 
C18H10O10 386.00 0.56 0.56 
C18H10O11 401.99 0.61 0.56 
C18H12O11 404.01 0.61 0.67 
C19H24O2 284.22 0.11 1.26 
C19H16O3 292.13 0.16 0.84 
C19H10O10 398.00 0.53 0.53 
C19H10O11 413.99 0.58 0.53 
C19H12O11 416.01 0.58 0.63 
C20H24O3 312.21 0.15 1.20 
C20H26O3 314.23 0.15 1.30 
C20H28O3 316.25 0.15 1.40 
C20H20O4 324.16 0.20 1.00 
C20H14O5 334.09 0.25 0.70 
C20H12O6 348.06 0.30 0.60 
C20H10O8 378.02 0.40 0.50 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C21H14O6 362.08 0.29 0.67 
C21H16O6 364.10 0.29 0.76 
C21H14O8 394.06 0.38 0.67 
C22H26O4 354.22 0.18 1.18 
C22H30O4 358.26 0.18 1.36 
C22H20O5 364.15 0.23 0.91 
C22H22O5 366.17 0.23 1.00 
C22H24O5 368.19 0.23 1.09 
C22H26O5 370.21 0.23 1.18 
C22H34O5 378.29 0.23 1.55 
C22H18O6 378.12 0.27 0.82 
C22H20O6 380.14 0.27 0.91 
C22H16O7 392.09 0.32 0.73 
C22H36O7 412.29 0.32 1.64 
C23H24O5 380.19 0.22 1.04 
C23H20O6 392.14 0.26 0.87 
C23H22O6 394.16 0.26 0.96 
C23H38O6 410.32 0.26 1.65 
C23H20O7 408.13 0.30 0.87 
C23H22O7 410.15 0.30 0.96 
C24H28O5 396.23 0.21 1.17 
C24H34O5 402.29 0.21 1.42 
C24H36O5 404.31 0.21 1.50 
C24H26O6 410.20 0.25 1.08 
C24H28O6 345.20 0.25 1.17 
 
   
 
   
 
   
 
   
 
   
 
   
 
   
 
   
 
   





Table A2: Molecular Formula enclosed under Formula cluster 2 of PCoA plot 
 
Formula  Neutral mass (Da) O/C ratio H/C ratio 
C6H10O5                162.05 0.83 1.67 
C7H9NO5  187.04 0.71 1.29 
C7H7NO4  169.03 0.57 1.00 
C7H9NO3  155.06 0.43 1.29 
C8H12O7  220.05 0.88 1.50 
C8H7NO6  213.01 0.75 0.88 
C8H14O5  190.09 0.63 1.75 
C8H7NO5  197.02 0.63 0.88 
C8H8N2O4  196.04 0.50 1.00 
C9H11NO7  245.04 0.78 1.22 
C9H11NO6  229.05 0.67 1.22 
C9H13NO6  231.07 0.67 1.44 
C9H7NO5  209.02 0.56 0.78 
C9H15NO5  217.10 0.56 1.67 
C9H10N2O5  226.05 0.56 1.11 
C9H10N2O4  210.06 0.44 1.11 
C9H17NO3  187.14 0.33 1.89 
C9H6O3S  194.03 0.33 0.67 
C9H12N2O3  196.09 0.33 1.33 
C9H11NO2  165.09 0.22 1.22 
C10H13NO7  259.06 0.70 1.30 
C10H15NO6  245.09 0.60 1.50 
C10H10N2O6  254.04 0.60 1.00 
C10H14N2O6  258.08 0.60 1.40 
C10H15NO5  229.10 0.50 1.50 
C10H12N2O5  240.07 0.50 1.20 
C10H14N2O5  242.09 0.50 1.40 
C10H10N2O4  222.06 0.40 1.00 
C10H14N2O4  226.10 0.40 1.40 
C10H15NO3  197.12 0.30 1.50 
C10H12N2O2  192.10 0.20 1.20 
C10H14N2O2  194.12 0.20 1.40 
C11H13NO8  287.05 0.73 1.18 
C11H17NO8  291.09 0.73 1.55 
C11H17NO7  275.10 0.64 1.55 
C11H12N2O7  284.05 0.64 1.09 
C11H14N2O7  286.07 0.64 1.27 
C11H16N2O7  288.09 0.64 1.45 
C11H17NO7S  307.10 0.64 1.55 
C11H15NO6  257.09 0.55 1.36 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C11H12N2O6  268.06 0.55 1.09 
C11H14N2O6  270.08 0.55 1.27 
C11H16N2O6  272.10 0.55 1.45 
C11H16O6S  276.10 0.55 1.45 
C11H15N3O6  285.09 0.55 1.36 
C11H15NO5  241.10 0.45 1.36 
C11H12N2O5  252.07 0.45 1.09 
C11H14N2O5  254.09 0.45 1.27 
C11H16N2O5  256.11 0.45 1.45 
C11H13N3O5  267.08 0.45 1.18 
C11H11NO5S  269.06 0.45 1.00 
C11H15N3O5  269.10 0.45 1.36 
C11H17N3O5  271.12 0.45 1.55 
C11H17NO4  227.13 0.36 1.55 
C11H12N2O4  236.08 0.36 1.09 
C11H14N2O4  238.10 0.36 1.27 
C11H16N2O4  240.12 0.36 1.45 
C11H15N3O4  253.11 0.36 1.36 
C11H15NO3  209.12 0.27 1.36 
C11H14N2O3  222.11 0.27 1.27 
C11H16N2O3  224.13 0.27 1.45 
C11H13N3O3  235.10 0.27 1.18 
C11H13NO2  191.11 0.18 1.18 
C11H17NO2  195.15 0.18 1.55 
C11H14N2O2  206.12 0.18 1.27 
C11H14O  162.13 0.09 1.27 
C12H11NO9  313.02 0.75 0.92 
C12H17NO9  319.08 0.75 1.42 
C12H20O8  292.12 0.67 1.67 
C12H13NO8  299.05 0.67 1.08 
C12H15NO8  301.07 0.67 1.25 
C12H14N2O8  314.06 0.67 1.17 
C12H16N2O8  316.08 0.67 1.33 
C12H15NO7  285.08 0.58 1.25 
C12H17NO7  287.10 0.58 1.42 
C12H19NO7  289.12 0.58 1.58 
C12H12N2O7  296.05 0.58 1.00 
C12H14N2O7  298.07 0.58 1.17 
C12H16N2O7  300.09 0.58 1.33 
C12H18N2O7  302.11 0.58 1.50 
C12H19NO7S  321.12 0.58 1.58 
C12H13NO6  267.07 0.50 1.08 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C12H17NO6  271.11 0.50 1.42 
C12H19NO6  273.13 0.50 1.58 
C12H12N2O6  280.06 0.50 1.00 
C12H14N2O6  282.08 0.50 1.17 
C12H16N2O6  284.10 0.50 1.33 
C12H18N2O6  286.12 0.50 1.50 
C12H13N3O6  295.07 0.50 1.08 
C12H15N3O6  297.09 0.50 1.25 
C12H17N3O6  299.11 0.50 1.42 
C12H19NO6S  305.13 0.50 1.58 
C12H9NO5  247.04 0.42 0.75 
C12H15NO5  253.10 0.42 1.25 
C12H17NO5  255.12 0.42 1.42 
C12H12N2O5  264.07 0.42 1.00 
C12H14N2O5  266.09 0.42 1.17 
C12H16N2O5  268.11 0.42 1.33 
C12H18N2O5  270.13 0.42 1.50 
C12H13N3O5  279.08 0.42 1.08 
C12H15N3O5  281.10 0.42 1.25 
C12H17N3O5  283.12 0.42 1.42 
C12H15NO4  237.11 0.33 1.25 
C12H17NO4  239.13 0.33 1.42 
C12H12N2O4  248.08 0.33 1.00 
C12H14N2O4  250.10 0.33 1.17 
C12H16N2O4  252.12 0.33 1.33 
C12H13N3O4  263.09 0.33 1.08 
C12H15N3O4  265.11 0.33 1.25 
C13H15NO10  345.05 0.77 1.15 
C13H16O9  316.07 0.69 1.23 
C13H20O9  320.11 0.69 1.54 
C13H13NO9  327.04 0.69 1.00 
C13H19NO9  333.10 0.69 1.46 
C13H12N2O9  340.03 0.69 0.92 
C13H18O8  302.10 0.62 1.38 
C13H15NO8  313.07 0.62 1.15 
C13H17NO8  315.09 0.62 1.31 
C13H19NO8  317.11 0.62 1.46 
C13H14N2O8  326.06 0.62 1.08 
C13H16N2O8  328.08 0.62 1.23 
C13H16O8S  332.08 0.62 1.23 
C13H20N2O8  332.12 0.62 1.54 
C13H15N3O8  341.07 0.62 1.15 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C13H15NO7  297.08 0.54 1.15 
C13H17NO7  299.10 0.54 1.31 
C13H19NO7  301.12 0.54 1.46 
C13H21NO7  303.14 0.54 1.62 
C13H14N2O7  310.07 0.54 1.08 
C13H16N2O7  312.09 0.54 1.23 
C13H18N2O7  314.11 0.54 1.38 
C13H16O7S  316.09 0.54 1.23 
C13H13N3O7  323.06 0.54 1.00 
C13H15N3O7  325.08 0.54 1.15 
C13H17N3O7  327.10 0.54 1.31 
C13H15NO6  281.09 0.46 1.15 
C13H17NO6  283.11 0.46 1.31 
C13H19NO6  285.13 0.46 1.46 
C13H21NO6  287.15 0.46 1.62 
C13H12N2O6  292.06 0.46 0.92 
C13H14N2O6  294.08 0.46 1.08 
C13H16N2O6  296.10 0.46 1.23 
C13H18N2O6  298.12 0.46 1.38 
C13H20N2O6  300.14 0.46 1.54 
C13H13N3O6  307.07 0.46 1.00 
C13H15N3O6  309.09 0.46 1.15 
C13H17N3O6  311.11 0.46 1.31 
C13H19N3O6  313.13 0.46 1.46 
C14H17NO11  375.06 0.79 1.21 
C14H21NO10  363.11 0.71 1.50 
C14H16O9  328.07 0.64 1.14 
C14H18O9  330.09 0.64 1.29 
C14H13NO9  339.04 0.64 0.93 
C14H15NO9  341.06 0.64 1.07 
C14H17NO9  343.08 0.64 1.21 
C14H19NO9  345.10 0.64 1.36 
C14H14N2O9  354.05 0.64 1.00 
C14H16N2O9  356.07 0.64 1.14 
C14H17N3O9  371.08 0.64 1.21 
C14H18O8  314.10 0.57 1.29 
C14H20O8  316.12 0.57 1.43 
C14H15NO8  325.07 0.57 1.07 
C14H17NO8  327.09 0.57 1.21 
C14H19NO8  329.11 0.57 1.36 
C14H21NO8  331.13 0.57 1.50 
C14H14N2O8  338.06 0.57 1.00 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C14H18N2O8  342.10 0.57 1.29 
C14H17N3O8  355.09 0.57 1.21 
C14H20O7  300.13 0.50 1.43 
C14H15NO7  309.08 0.50 1.07 
C14H21NO7  315.14 0.50 1.50 
C14H14N2O7  322.07 0.50 1.00 
C14H16N2O7  324.09 0.50 1.14 
C14H18N2O7  326.11 0.50 1.29 
C14H20N2O7  328.13 0.50 1.43 
C14H22N2O7  330.15 0.50 1.57 
C14H17N3O7  339.10 0.50 1.21 
C14H19N3O7  341.12 0.50 1.36 
C14H19NO7S  345.12 0.50 1.36 
C14H21NO7S  347.14 0.50 1.50 
C14H15NO6  293.09 0.43 1.07 
C14H17NO6  295.11 0.43 1.21 
C14H21NO6  299.15 0.43 1.50 
C14H12N2O6  304.06 0.43 0.86 
C14H14N2O6  306.08 0.43 1.00 
C14H16N2O6  308.10 0.43 1.14 
C14H18N2O6  310.12 0.43 1.29 
C14H20N2O6  312.14 0.43 1.43 
C14H22N2O6  314.16 0.43 1.57 
C14H15N3O6  321.09 0.43 1.07 
C14H17N3O6  323.11 0.43 1.21 
C14H19N3O6  325.13 0.43 1.36 
C14H21N3O6  327.15 0.43 1.50 
C14H19NO6S  329.13 0.43 1.36 
C14H27O6SP  354.18 0.43 1.93 
C14H15NO5  277.10 0.36 1.07 
C14H17NO5  279.12 0.36 1.21 
C14H19NO5  281.14 0.36 1.36 
C14H8N2O5  284.03 0.36 0.57 
C14H23NO5  285.18 0.36 1.64 
C14H12N2O5  288.07 0.36 0.86 
C14H14N2O5  290.09 0.36 1.00 
C14H16N2O5  292.11 0.36 1.14 
C14H20N2O5  296.15 0.36 1.43 
C14H22N2O5  298.17 0.36 1.57 
C14H15N3O5  305.10 0.36 1.07 
C14H17N3O5  307.12 0.36 1.21 
C14H19N3O5  309.14 0.36 1.36 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C14H21NO5S  315.16 0.36 1.50 
C14H17NO4  263.13 0.29 1.21 
C14H19NO4  265.15 0.29 1.36 
C14H21NO4  267.17 0.29 1.50 
C14H14N2O4  274.10 0.29 1.00 
C14H16N2O4  276.12 0.29 1.14 
C14H18N2O4  278.14 0.29 1.29 
C14H20N2O4  280.16 0.29 1.43 
C14H15N3O4  289.11 0.29 1.07 
C14H17N3O4  291.13 0.29 1.21 
C14H19N3O4  293.15 0.29 1.36 
C14H17NO3  247.14 0.21 1.21 
C14H19NO3  249.16 0.21 1.36 
C14H14N2O3  258.11 0.21 1.00 
C14H16N2O3  260.13 0.21 1.14 
C14H18N2O3  262.15 0.21 1.29 
C14H20N2O3  264.17 0.21 1.43 
C14H17NO2  231.15 0.14 1.21 
C14H21NO2  235.19 0.14 1.50 
C14H14N2O2  242.12 0.14 1.00 
C14H18N2O2  246.16 0.14 1.29 
C15H24O11S  412.13 0.73 1.60 
C15H19NO11S  421.08 0.73 1.27 
C15H16O10  356.06 0.67 1.07 
C15H23NO10  377.13 0.67 1.53 
C15H24O10S  396.14 0.67 1.60 
C15H16O9  340.07 0.60 1.07 
C15H18O9  342.09 0.60 1.20 
C15H20O9  344.11 0.60 1.33 
C15H15NO9  353.06 0.60 1.00 
C15H17NO9  355.08 0.60 1.13 
C15H19NO9  357.10 0.60 1.27 
C15H21NO9  359.12 0.60 1.40 
C15H20N2O9  372.11 0.60 1.33 
C15H22N2O9  374.13 0.60 1.47 
C15H15N3O9  381.06 0.60 1.00 
C15H21N3O9  387.12 0.60 1.40 
C15H18O8  326.10 0.53 1.20 
C15H20O8  328.12 0.53 1.33 
C15H22O8  330.14 0.53 1.47 
C15H15NO8  337.07 0.53 1.00 
C15H17NO8  339.09 0.53 1.13 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C15H21NO8  343.13 0.53 1.40 
C15H23NO8  345.15 0.53 1.53 
C15H14N2O8  350.06 0.53 0.93 
C15H18N2O8  354.10 0.53 1.20 
C15H20N2O8  356.12 0.53 1.33 
C15H21O8P  360.10 0.53 1.40 
C15H19NO8S  373.11 0.53 1.27 
C15H21NO8S  375.13 0.53 1.40 
C15H20O7  312.13 0.47 1.33 
C15H15NO7  321.08 0.47 1.00 
C15H17NO7  323.10 0.47 1.13 
C15H19NO7  325.12 0.47 1.27 
C15H21NO7  327.14 0.47 1.40 
C15H23NO7  329.16 0.47 1.53 
C15H16N2O7  336.09 0.47 1.07 
C15H18N2O7  338.11 0.47 1.20 
C15H20N2O7  340.13 0.47 1.33 
C15H22N2O7  342.15 0.47 1.47 
C15H15N3O7  349.08 0.47 1.00 
C15H13NO7S  351.06 0.47 0.87 
C15H19N3O7  353.12 0.47 1.27 
C15H21N3O7  355.14 0.47 1.40 
C15H23N3O7  357.16 0.47 1.53 
C15H19NO6  309.13 0.40 1.27 
C15H23NO6  313.17 0.40 1.53 
C15H14N2O6  318.08 0.40 0.93 
C15H16N2O6  320.10 0.40 1.07 
C15H18N2O6  322.12 0.40 1.20 
C15H20N2O6  324.14 0.40 1.33 
C15H22N2O6  326.16 0.40 1.47 
C15H17N3O6  335.11 0.40 1.13 
C15H19N3O6  337.13 0.40 1.27 
C15H17NO6S  339.11 0.40 1.13 
C15H23N3O6  341.17 0.40 1.53 
C15H17NO5  291.12 0.33 1.13 
C15H19NO5  293.14 0.33 1.27 
C15H21NO5  295.16 0.33 1.40 
C15H23NO5  297.18 0.33 1.53 
C15H14N2O5  302.09 0.33 0.93 
C15H16N2O5  304.11 0.33 1.07 
C15H18N2O5  306.13 0.33 1.20 
C15H20N2O5  308.15 0.33 1.33 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C15H17N3O5  319.12 0.33 1.13 
C15H19N3O5  321.14 0.33 1.27 
C15H21N3O5  323.16 0.33 1.40 
C15H19NO4  277.15 0.27 1.27 
C15H21NO4  279.17 0.27 1.40 
C15H14N2O4  286.10 0.27 0.93 
C15H18N2O4  290.14 0.27 1.20 
C15H20N2O4  292.16 0.27 1.33 
C15H22N2O4  294.18 0.27 1.47 
C15H17N3O4  303.13 0.27 1.13 
C15H19N3O4  305.15 0.27 1.27 
C15H14N2O3  270.11 0.20 0.93 
C15H16N2O3  272.13 0.20 1.07 
C15H18N2O3  274.15 0.20 1.20 
C15H20N2O3  276.17 0.20 1.33 
C16H23NO10  389.13 0.63 1.44 
C16H25NO10  391.15 0.63 1.56 
C16H18O9  354.09 0.56 1.13 
C16H20O9  356.11 0.56 1.25 
C16H22O9  358.13 0.56 1.38 
C16H19NO9  369.10 0.56 1.19 
C16H21NO9  371.12 0.56 1.31 
C16H25NO9  375.16 0.56 1.56 
C16H21O9P  388.09 0.56 1.31 
C16H24N2O9  388.15 0.56 1.50 
C16H23O9P  390.11 0.56 1.44 
C16H25O9P  392.13 0.56 1.56 
C16H15N3O9  393.06 0.56 0.94 
C16H19NO9S  401.10 0.56 1.19 
C16H20O8  340.12 0.50 1.25 
C16H22O8  342.14 0.50 1.38 
C16H17NO8  351.09 0.50 1.06 
C16H19NO8  353.11 0.50 1.19 
C16H21NO8  355.13 0.50 1.31 
C16H23NO8  357.15 0.50 1.44 
C16H18N2O8  366.10 0.50 1.13 
C16H20N2O8  368.12 0.50 1.25 
C16H22N2O8  370.14 0.50 1.38 
C16H24N2O8  372.16 0.50 1.50 
C16H23N3O8  385.15 0.50 1.44 
C16H23NO8S  389.15 0.50 1.44 
C16H22O7  326.15 0.44 1.38 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C16H19NO7  337.12 0.44 1.19 
C16H21NO7  339.14 0.44 1.31 
C16H23NO7  341.16 0.44 1.44 
C16H25NO7  343.18 0.44 1.56 
C16H14N2O7  346.07 0.44 0.88 
C16H12O7S  348.05 0.44 0.75 
C16H16N2O7  348.09 0.44 1.00 
C16H20N2O7  352.13 0.44 1.25 
C16H22N2O7  354.15 0.44 1.38 
C16H20O7S  356.13 0.44 1.25 
C16H24N2O7  356.17 0.44 1.50 
C16H17N3O7  363.10 0.44 1.06 
C16H19N3O7  365.12 0.44 1.19 
C16H21N3O7  367.14 0.44 1.31 
C16H23N3O7  369.16 0.44 1.44 
C16H17NO6  319.11 0.38 1.06 
C16H19NO6  321.13 0.38 1.19 
C16H21NO6  323.15 0.38 1.31 
C16H23NO6  325.17 0.38 1.44 
C16H25NO6  327.19 0.38 1.56 
C16H18N2O6  334.12 0.38 1.13 
C16H20N2O6  336.14 0.38 1.25 
C16H22N2O6  338.16 0.38 1.38 
C16H24N2O6  340.18 0.38 1.50 
C16H17N3O6  347.11 0.38 1.06 
C16H19N3O6  349.13 0.38 1.19 
C16H21N3O6  351.15 0.38 1.31 
C16H19NO5  305.14 0.31 1.19 
C16H21NO5  307.16 0.31 1.31 
C16H23NO5  309.18 0.31 1.44 
C16H25NO5  311.20 0.31 1.56 
C16H14N2O5  314.09 0.31 0.88 
C16H16N2O5  316.11 0.31 1.00 
C16H20N2O5  320.15 0.31 1.25 
C16H22N2O5  322.17 0.31 1.38 
C16H24N2O5  324.19 0.31 1.50 
C16H19N3O5  333.14 0.31 1.19 
C16H21N3O5  335.16 0.31 1.31 
C16H23N3O5  337.18 0.31 1.44 
C16H21NO4  291.17 0.25 1.31 
C16H23NO4  293.19 0.25 1.44 
C16H16N2O4  300.12 0.25 1.00 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C16H20N2O4  304.16 0.25 1.25 
C16H22N2O4  306.18 0.25 1.38 
C16H19N3O4  317.15 0.25 1.19 
C16H16OS  256.15 0.06 1.00 
C17H18O9  366.09 0.53 1.06 
C17H20O9  368.11 0.53 1.18 
C17H22O9  370.13 0.53 1.29 
C17H27NO9  389.18 0.53 1.59 
C17H23O9P  402.11 0.53 1.35 
C17H25O9P  404.13 0.53 1.47 
C17H27O9P  406.15 0.53 1.59 
C17H18O8  350.10 0.47 1.06 
C17H20O8  352.12 0.47 1.18 
C17H22O8  354.14 0.47 1.29 
C17H24O8  356.16 0.47 1.41 
C17H17NO8  363.09 0.47 1.00 
C17H19NO8  365.11 0.47 1.12 
C17H21NO8  367.13 0.47 1.24 
C17H23NO8  369.15 0.47 1.35 
C17H25NO8  371.17 0.47 1.47 
C17H27NO8  373.19 0.47 1.59 
C17H20N2O8  380.12 0.47 1.18 
C17H26N2O8  386.18 0.47 1.53 
C17H27O8P  390.16 0.47 1.59 
C17H17N3O8  391.09 0.47 1.00 
C17H25NO8S  403.17 0.47 1.47 
C17H20O7  336.13 0.41 1.18 
C17H22O7  338.15 0.41 1.29 
C17H24O7  340.17 0.41 1.41 
C17H19NO7  349.12 0.41 1.12 
C17H21NO7  351.14 0.41 1.24 
C17H23NO7  353.16 0.41 1.35 
C17H25NO7  355.18 0.41 1.47 
C17H16N2O7  360.09 0.41 0.94 
C17H18N2O7  362.11 0.41 1.06 
C17H16O7S  364.09 0.41 0.94 
C17H20N2O7  364.13 0.41 1.18 
C17H22N2O7  366.15 0.41 1.29 
C17H24N2O7  368.17 0.41 1.41 
C17H19N3O7  377.12 0.41 1.12 
C17H23N3O7  381.16 0.41 1.35 
C17H21NO6  335.15 0.35 1.24 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C17H25NO6  339.19 0.35 1.47 
C17H27NO6  341.21 0.35 1.59 
C17H16N2O6  344.10 0.35 0.94 
C17H20N2O6  348.14 0.35 1.18 
C17H22N2O6  350.16 0.35 1.29 
C17H13N3O6  355.07 0.35 0.76 
C17H19N3O6  361.13 0.35 1.12 
C17H21N3O6  363.15 0.35 1.24 
C17H23NO5  321.18 0.29 1.35 
C17H18N2O5  330.13 0.29 1.06 
C17H21N3O5  347.16 0.29 1.24 
C17H18N2O4  314.14 0.24 1.06 
C17H20N2O4  316.16 0.24 1.18 
C17H22N2O4  318.18 0.24 1.29 
C18H18O10  394.08 0.56 1.00 
C18H20O9  380.11 0.50 1.11 
C18H22O9  382.13 0.50 1.22 
C18H25NO9  399.16 0.50 1.39 
C18H29O9P  420.17 0.50 1.61 
C18H20O8  364.12 0.44 1.11 
C18H22O8  366.14 0.44 1.22 
C18H24O8  368.16 0.44 1.33 
C18H26O8  370.18 0.44 1.44 
C18H19NO8  377.11 0.44 1.06 
C18H21NO8  379.13 0.44 1.17 
C18H23NO8  381.15 0.44 1.28 
C18H27NO8  385.19 0.44 1.50 
C18H25O8P  400.14 0.44 1.39 
C18H27O8P  402.16 0.44 1.50 
C18H29O8P  404.18 0.44 1.61 
C18H22O7  350.15 0.39 1.22 
C18H24O7  352.17 0.39 1.33 
C18H26O7  354.19 0.39 1.44 
C18H19NO7  361.12 0.39 1.06 
C18H21NO7  363.14 0.39 1.17 
C18H23NO7  365.16 0.39 1.28 
C18H18N2O7  374.11 0.39 1.00 
C18H20N2O7  376.13 0.39 1.11 
C18H22N2O7  378.15 0.39 1.22 
C18H26N2O7  382.19 0.39 1.44 
C18H27O7P  386.17 0.39 1.50 
C18H21N3O7  391.14 0.39 1.17 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C18H25N3O7  395.18 0.39 1.39 
C18H24O6  336.18 0.33 1.33 
C18H26O6  338.20 0.33 1.44 
C18H21NO6  347.15 0.33 1.17 
C18H23NO6  349.17 0.33 1.28 
C18H25NO6  351.19 0.33 1.39 
C18H18N2O6  358.12 0.33 1.00 
C18H22N2O6  362.16 0.33 1.22 
C18H24N2O6  364.18 0.33 1.33 
C18H23N3O6  377.17 0.33 1.28 
C18H25N3O6  379.19 0.33 1.39 
C18H23NO5  333.18 0.28 1.28 
C18H25NO5  335.20 0.28 1.39 
C18H20N2O5  344.15 0.28 1.11 
C18H24N2O5  348.19 0.28 1.33 
C18H23N3O5  361.18 0.28 1.28 
C19H20O10  408.10 0.53 1.05 
C19H20O9  392.11 0.47 1.05 
C19H22O9  394.13 0.47 1.16 
C19H22O8  378.14 0.42 1.16 
C19H24O8  380.16 0.42 1.26 
C19H21NO8  391.13 0.42 1.11 
C19H25NO8  395.17 0.42 1.32 
C19H29NO8  399.21 0.42 1.53 
C19H20N2O8  404.12 0.42 1.05 
C19H29O8P  416.18 0.42 1.53 
C19H22O7  362.15 0.37 1.16 
C19H24O7  364.17 0.37 1.26 
C19H26O7  366.19 0.37 1.37 
C19H28O7  368.21 0.37 1.47 
C19H23NO7  377.16 0.37 1.21 
C19H25NO7  379.18 0.37 1.32 
C19H20N2O7  388.13 0.37 1.05 
C19H22N2O7  390.15 0.37 1.16 
C19H24N2O7  392.17 0.37 1.26 
C19H26N2O7  394.19 0.37 1.37 
C19H19N3O7  401.12 0.37 1.00 
C19H31O7P  402.21 0.37 1.63 
C19H23NO6  361.17 0.32 1.21 
C19H25NO6  363.19 0.32 1.32 
C19H20N2O6  372.14 0.32 1.05 
C19H24N2O6  376.18 0.32 1.26 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C19H25N3O6  391.19 0.32 1.32 
C19H20N4O6  400.14 0.32 1.05 
C19H27NO5  349.22 0.26 1.42 
C19H22N2O5  358.17 0.26 1.16 
C19H36N2O5  372.31 0.26 1.89 
C20H22O9  406.13 0.45 1.10 
C20H16O8  384.08 0.40 0.80 
C20H22O8  390.14 0.40 1.10 
C20H24O8  392.16 0.40 1.20 
C20H26O8  394.18 0.40 1.30 
C20H31NO8  413.23 0.40 1.55 
C20H20N2O8  416.12 0.40 1.00 
C20H24O7  376.17 0.35 1.20 
C20H26O7  378.19 0.35 1.30 
C20H28O7  380.21 0.35 1.40 
C20H30O7  382.23 0.35 1.50 
C20H23NO7  389.16 0.35 1.15 
C20H25NO7  391.18 0.35 1.25 
C20H27NO7  393.20 0.35 1.35 
C20H22N2O7  402.15 0.35 1.10 
C20H21N3O7  415.14 0.35 1.05 
C20H29NO6  379.23 0.30 1.45 
C20H20N4O4  380.16 0.20 1.00 
C21H18O10  430.08 0.48 0.86 
C21H26O8  406.18 0.38 1.24 
C21H26O7  390.19 0.33 1.24 
C21H31NO7  409.24 0.33 1.48 
C21H16O6  364.10 0.29 0.76 
C22H24O5  368.19 0.23 1.09 
C23H22O8  426.14 0.35 0.96 
C24H22O8  438.14 0.33 0.92 
C26H18O4  394.14 0.15 0.69 
C26H22O4  398.18 0.15 0.85 
C27H18O4  406.14 0.15 0.67 
C28H20O3  404.17 0.11 0.71 
C12H15NO2  205.13 0.17 1.25 
C12H17NO2  207.15 0.17 1.42 
C12H12N2O2  216.10 0.17 1.00 
C12H14N2O2  218.12 0.17 1.17 
C12H15NO3  221.12 0.25 1.25 
C12H19NO3  225.16 0.25 1.58 
C12H14N2O3  234.11 0.25 1.17 




Formula  Neutral mass (Da) O/C ratio H/C ratio 
C12H18N2O3  238.15 0.25 1.50 
C17H24N2O6  352.18 0.35 1.41 
C16H18N2O3  286.15 0.19 1.13 
C13H14N2O2  230.12 0.15 1.08 
C13H16N2O2  232.14 0.15 1.23 
C13H18N2O2  234.16 0.15 1.38 
C13H17NO3  235.14 0.23 1.31 
C13H14N2O3  246.11 0.23 1.08 
C13H16N2O3  248.13 0.23 1.23 
C13H18N2O3  250.15 0.23 1.38 
C13H20N2O3  252.17 0.23 1.54 
C13H15N3O3  261.12 0.23 1.15 
C13H17N3O3  263.14 0.23 1.31 
C13H17NO4  251.13 0.31 1.31 
C13H19NO4  253.15 0.31 1.46 
C13H12N2O4  260.08 0.31 0.92 
C13H14N2O4  262.10 0.31 1.08 
C13H16N2O4  264.12 0.31 1.23 
C13H18N2O4  266.14 0.31 1.38 
C13H20N2O4  268.16 0.31 1.54 
C13H13N3O4  275.09 0.31 1.00 
C13H15N3O4  277.11 0.31 1.15 
C13H17N3O4  279.13 0.31 1.31 
C13H15NO5  265.10 0.38 1.15 
C13H17NO5  267.12 0.38 1.31 
C13H19NO5  269.14 0.38 1.46 
C13H14N2O5  278.09 0.38 1.08 
C13H16N2O5  280.11 0.38 1.23 
C13H18N2O5  282.13 0.38 1.38 
C13H20N2O5  284.15 0.38 1.54 
C13H13N3O5  291.08 0.38 1.00 
C13H15N3O5  293.10 0.38 1.15 
C13H17N3O5  295.12 0.38 1.31 





Table A3: Eigenvectors for the first five PCoA coordinates. The first three PCoAs explained 99% of the cumulative variance, whereas 
only PCoA1 explained 67% of total variance 
 PCoA1 PCoA2 PCoA3 PCoA4 PCoA5 
     Station1 -7.51E+07 -6.87E+05 -2.51E+07 -1.67E+07 -1.07E+07 
     Station2 -8.16E+07 1.49E+07 -1.85E+07 2.44E+07 -9.46E+06 
     Station3 -1.08E+08 5.88E+07 -1.54E+07 -2.04E+06 1.79E+07 
     Station4 -4.15E+06 -1.30E+08 -1.80E+07 -1.12E+06 5.29E+06 
     Station5 -5.58E+06 3.18E+07 4.25E+07 -1.10E+07 -6.92E+06 
     Station6 5.96E+07 -1.13E+07 7.93E+07 5.97E+06 3.17E+06 





Table A4: Molecular Formulae highly correlated with salinity 
 
Formula Neutral mass (Da) O/C ratio H/C ratio 
C9H14O7 234.07 0.78 1.56 
C9H16O7 236.09 0.78 1.78 
C10H12O9 276.03 0.90 1.20 
C14H20O9 332.11 0.64 1.43 
C14H22O9 334.13 0.64 1.57 
C15H20O10 360.10 0.67 1.33 
C18H22O10 398.12 0.56 1.22 
C16H18O11 386.07 0.69 1.13 
C17H18O11 398.07 0.65 1.06 
C17H20O11 400.09 0.65 1.18 
C18H18O11 410.07 0.61 1.00 
C18H20O11 412.09 0.61 1.11 
C23H36O12 504.24 0.52 1.57 
C17H22O14 450.08 0.82 1.29 
C16H25NO8 359.17 0.50 1.56 
C13H17NO9 331.08 0.69 1.31 
C15H15NO10 369.05 0.67 1.00 
C15H19NO10 373.09 0.67 1.27 
C16H19NO10 385.09 0.63 1.19 
C17H17NO10 395.07 0.59 1.00 
C17H19NO10 397.09 0.59 1.12 
C18H19NO10 409.09 0.56 1.06 
C18H21NO10 411.11 0.56 1.17 
C19H25NO10 427.15 0.53 1.32 
C21H27NO10 453.17 0.48 1.29 
C15H17NO11 387.06 0.73 1.13 
C16H21NO11 403.10 0.69 1.31 
C17H19NO11 413.08 0.65 1.12 
C17H21NO11 415.10 0.65 1.24 
C18H21NO11 427.10 0.61 1.17 
C17H19NO12 429.07 0.71 1.12 
C21H29NO13 503.16 0.62 1.38 
C10H12N2O7 272.05 0.70 1.20 
C20H24N2O7 404.17 0.35 1.20 
C13H18N2O8 330.10 0.62 1.38 
C16H16N2O8 364.08 0.50 1.00 
C17H16N2O8 376.08 0.47 0.94 
C18H18N2O8 390.10 0.44 1.00 
C20H26N2O8 422.18 0.40 1.30 
C13H14N2O9 342.05 0.69 1.08 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C14H20N2O9 360.11 0.64 1.43 
C15H16N2O9 368.07 0.60 1.07 
C16H16N2O9 380.07 0.56 1.00 
C16H18N2O9 382.09 0.56 1.13 
C16H22N2O9 386.13 0.56 1.38 
C17H18N2O9 394.09 0.53 1.06 
C17H20N2O9 396.11 0.53 1.18 
C17H24N2O9 400.15 0.53 1.41 
C18H20N2O9 408.11 0.50 1.11 
C18H24N2O9 412.15 0.50 1.33 
C19H22N2O9 422.13 0.47 1.16 
C19H26N2O9 426.17 0.47 1.37 
C15H16N2O10 384.06 0.67 1.07 
C15H18N2O10 386.08 0.67 1.20 
C15H20N2O10 388.10 0.67 1.33 
C16H16N2O10 396.06 0.63 1.00 
C16H18N2O10 398.08 0.63 1.13 
C16H20N2O10 400.10 0.63 1.25 
C16H22N2O10 402.12 0.63 1.38 
C17H18N2O10 410.08 0.59 1.06 
C17H20N2O10 412.10 0.59 1.18 
C17H22N2O10 414.12 0.59 1.29 
C18H20N2O10 424.10 0.56 1.11 
C18H22N2O10 426.12 0.56 1.22 
C19H20N2O10 436.10 0.53 1.05 
C19H22N2O10 438.12 0.53 1.16 
C20H20N2O10 448.10 0.50 1.00 
C16H16N2O11 412.05 0.69 1.00 
C19H24N2O11 456.13 0.58 1.26 
C19H26N2O11 458.15 0.58 1.37 
C22H30N2O11 498.19 0.50 1.36 
C17H20N2O12 444.08 0.71 1.18 
C25H32N2O12 552.20 0.48 1.28 
C15H17N3O7 351.10 0.47 1.13 
C14H19N3O8 357.11 0.57 1.36 
C15H15N3O8 365.07 0.53 1.00 
C15H21N3O8 371.13 0.53 1.40 
C16H19N3O8 381.11 0.50 1.19 
C17H23N3O8 397.15 0.47 1.35 
C18H19N3O8 405.11 0.44 1.06 
C18H21N3O8 407.13 0.44 1.17 
C18H23N3O8 409.15 0.44 1.28 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C15H17N3O9 383.08 0.60 1.13 
C16H17N3O9 395.08 0.56 1.06 
C17H17N3O9 407.08 0.53 1.00 
C17H19N3O9 409.10 0.53 1.12 
C17H21N3O9 411.12 0.53 1.24 
C18H19N3O9 421.10 0.50 1.06 
C19H21N3O9 435.12 0.47 1.11 
C19H23N3O9 437.14 0.47 1.21 
C20H23N3O9 449.14 0.45 1.15 
C20H27N3O9 453.18 0.45 1.35 
C21H21N3O9 459.12 0.43 1.00 
C22H23N3O9 473.14 0.41 1.05 
C23H29N3O9 491.20 0.39 1.26 
C17H19N3O10 425.09 0.59 1.12 
C18H19N3O10 437.09 0.56 1.06 
C19H19N3O10 449.09 0.53 1.00 
C19H21N3O10 451.11 0.53 1.11 
C24H27N3O13 565.14 0.54 1.13 
C17H26O12S 454.14 0.71 1.53 
C15H19NO10S 405.09 0.67 1.27 
C15H21NO10S 407.11 0.67 1.40 






Table A5: Molecular Formula highly correlated with dissolved copper (dCu) and 
dissolved copper-complexing ligands (CuL) 
 
Formula Neutral mass (Da) O/C ratio H/C ratio 
C25H28O7 440.21 0.28 1.12 
C23H22O8 426.14 0.35 0.96 
C23H24O7 412.17 0.30 1.04 
C23H30O5 386.25 0.22 1.30 
C22H24O6 384.18 0.27 1.09 
C22H16O8 408.08 0.36 0.73 
C22H20O7 396.13 0.32 0.91 
C22H24O7 400.17 0.32 1.09 
C21H14O7 378.07 0.33 0.67 
C21H20O6 368.14 0.29 0.95 
C21H22O5 354.17 0.24 1.05 
C21H20O7 384.13 0.33 0.95 
C21H26O5 358.21 0.24 1.24 
C21H22O6 370.16 0.29 1.05 
C21H18O7 382.11 0.33 0.86 
C20H14O10 414.04 0.50 0.70 
C20H26O7S 410.19 0.35 1.30 
C20H12O9 396.03 0.45 0.60 
C20H16O8 384.08 0.40 0.80 
C20H18O8 386.10 0.40 0.90 
C20H28O5 348.23 0.25 1.40 
C20H24O5 344.19 0.25 1.20 
C20H20O6 356.14 0.30 1.00 
C20H18O7 370.11 0.35 0.90 
C20H26O4 330.22 0.20 1.30 
C19H28O4 320.24 0.21 1.47 
C19H16O9 388.07 0.47 0.84 
C19H20O11S 456.09 0.58 1.05 
C19H20O4 312.16 0.21 1.05 
C18H22O4 302.18 0.22 1.22 
C17H8O8 340.00 0.47 0.47 
C17H12O8 344.04 0.47 0.71 
C17H16O9S 396.07 0.53 0.94 
C17H24O2 260.22 0.12 1.41 
C17H18O8S 382.10 0.47 1.06 
C16H16O8S 368.08 0.50 1.00 
C16H16O7 320.09 0.44 1.00 
C16H18O5S 322.13 0.31 1.13 
C16H20O8S 372.12 0.50 1.25 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C16H20O4S 308.16 0.25 1.25 
C16H18O3S 290.15 0.19 1.13 
C15H20O4S 296.16 0.27 1.33 
C15H16O5S 308.11 0.33 1.07 
C15H18O6S 326.12 0.40 1.20 
C15H14O5S 306.09 0.33 0.93 
C15H14O6S 322.08 0.40 0.93 
C15H16O6S 324.10 0.40 1.07 
C15H16O7S 340.09 0.47 1.07 
C15H18O8S 358.10 0.53 1.20 
C15H16O3S 276.13 0.20 1.07 
C14H16O3S 264.13 0.21 1.14 
C14H14O8S 342.06 0.57 1.00 
C14H18O4S 282.14 0.29 1.29 
C14H18O6S 314.12 0.43 1.29 
C14H14O7S 326.07 0.50 1.00 
C14H16O6S 312.10 0.43 1.14 
C14H16O5S 296.11 0.36 1.14 
C13H14O5S 282.09 0.38 1.08 
C13H12O5S 280.07 0.38 0.92 
C13H18O4S 270.14 0.31 1.38 
C13H16O6S 300.10 0.46 1.23 
C13H12O8S 328.04 0.62 0.92 
C13H14O4S 266.10 0.31 1.08 
C13H12O3S 248.09 0.23 0.92 
C13H14O6S 298.08 0.46 1.08 
C12H18O3S 242.15 0.25 1.50 
C12H16O7S 304.09 0.58 1.33 
C12H16O4S 256.12 0.33 1.33 
C12H16O3S 240.13 0.25 1.33 
C11H12O4S 240.08 0.36 1.09 
C11H10O5S 254.05 0.45 0.91 
C11H16O3S 228.13 0.27 1.45 
C11H14O3S 226.11 0.27 1.27 
C10H16O4S 232.12 0.40 1.60 
C10H10O6S 258.04 0.60 1.00 
C10H12O4S 228.08 0.40 1.20 
C9H10O3S 198.07 0.33 1.11 







Table A6: Molecular Formulae highly correlated with dissolved iron (dFe) and dissolved 
iron-complexing ligands (FeL) 
 
Formula Neutral mass (Da) O/C ratio H/C ratio 
C19H14O2S2 338.12 0.10 0.70 
C13H14O5S2 314.09 0.40 1.10 
C15H22O2S2 298.20 0.10 1.50 
C20H16O2S2 352.14 0.10 0.80 
C24H40O2S2 424.38 0.10 1.70 
C19H18O7S2 422.11 0.40 0.90 
C15H16O10S2 420.06 0.70 1.10 
C20H20O7S2 436.13 0.40 1.00 
C18H18O6S2 394.12 0.30 1.00 
C19H21NO9S 439.12 0.50 1.10 
C11H8O5S 252.03 0.50 0.70 
C15H24O4S 300.20 0.30 1.60 
C18H25NO8S 415.17 0.40 1.40 
C13H8O4S 260.04 0.30 0.60 
C23H36O11S 520.25 0.50 1.60 
C19H22O10S 442.12 0.50 1.20 
C8H6O7S 245.99 0.90 0.80 
C13H10O5S 278.05 0.40 0.80 
C14H8O6S 304.02 0.40 0.60 
C14H10O6S 306.04 0.40 0.70 
C6H6O3S 158.03 0.50 1.00 
C7H6O5S 202.01 0.70 0.90 
C8H9NO2S 183.07 0.30 1.10 
C8H19O3SP 226.14 0.40 2.40 
C20H20O7S 404.13 0.40 1.00 
C23H44O11 496.33 0.50 1.90 
C26H38O6 446.32 0.20 1.50 
C26H34O6 442.28 0.20 1.30 
C19H28O3 304.25 0.20 1.50 
C17H23NO4 305.19 0.20 1.40 
C30H44O8 532.36 0.30 1.50 
C24H38O6 422.32 0.30 1.60 
C17H21NO3 287.18 0.20 1.20 
C12H22O6 262.16 0.50 1.80 
C20H32O5 352.27 0.30 1.60 
C28H42O7 490.35 0.30 1.50 
C19H38O9 410.29 0.50 2.00 
C23H34O6 406.28 0.30 1.50 
C24H30O5 398.25 0.20 1.30 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C17H32O8 364.24 0.50 1.90 
C20H28O5 348.23 0.30 1.40 
C18H28O3 292.25 0.20 1.60 
C20H30O6 366.24 0.30 1.50 
C22H32O6 392.26 0.30 1.50 
C26H32O8 472.24 0.30 1.20 
C19H20O3 296.17 0.20 1.10 
C22H34O6 394.28 0.30 1.50 
C21H41NO11 483.30 0.50 2.00 
C25H32O7 444.25 0.30 1.30 
C23H45NO11 511.34 0.50 2.00 
C29H22O14 594.08 0.50 0.80 
C15H24O 220.23 0.10 1.60 
C20H38O10 438.28 0.50 1.90 
C21H32O5 364.27 0.20 1.50 
C21H30O5 362.25 0.20 1.40 
C17H8O11 387.97 0.60 0.50 
C24H34O5 402.29 0.20 1.40 
C30H58O13 626.45 0.40 1.90 
C19H30O4 322.26 0.20 1.60 
C17H34O4 302.30 0.20 2.00 
C28H40O8 504.32 0.30 1.40 
C23H46NO7P 479.37 0.30 2.00 
C22H30O6 390.24 0.30 1.40 
C21H30O6 378.24 0.30 1.40 
C9H12NO4P 229.06 0.40 1.30 
C21H42NO7P 451.33 0.30 2.00 
C19H28O6 352.22 0.30 1.50 
C21H32O6 380.26 0.30 1.50 
C11H22O3 202.19 0.30 2.00 
C18H34O8 378.26 0.40 1.90 
C27H38O7 474.31 0.30 1.40 
C9H18O3 174.15 0.30 2.00 
C23H46O10 482.36 0.40 2.00 
C26H52O11 540.41 0.40 2.00 
C30H32O12 584.20 0.40 1.10 
C12H11O4P 250.05 0.30 0.90 
C20H28O4 332.24 0.20 1.40 
C21H23N3O6 413.17 0.30 1.10 
C20H32O4 336.28 0.20 1.60 





Table A7: Molecular Formulae highly correlated with environmental variables such 
as DOC, TDN and Fe-HS 
 
Formula Neutral mass (Da) O/C ratio H/C ratio 
C19H12N4O 312.11 0.05 0.63 
C18H10N4O 298.09 0.06 0.56 
C18H18O2S2 330.14 0.11 1.00 
C20H28O3S 348.24 0.15 1.40 
C20H30O3S 350.26 0.15 1.50 
C19H24O3 300.21 0.16 1.26 
C19H22O3S 330.18 0.16 1.16 
C19H24O3S 332.20 0.16 1.26 
C19H26O3S 334.22 0.16 1.37 
C19H28O3S 336.24 0.16 1.47 
C19H30O3S 338.26 0.16 1.58 
C18H20O3S 316.16 0.17 1.11 
C18H22O3S 318.18 0.17 1.22 
C18H24O3S 320.20 0.17 1.33 
C18H26O3S 322.22 0.17 1.44 
C18H28O3S 324.24 0.17 1.56 
C17H22O3S 306.18 0.18 1.29 
C17H24O3S 308.20 0.18 1.41 
C16H18O3S 290.14 0.19 1.13 
C16H22O3S 294.18 0.19 1.38 
C16H16NO3P 301.10 0.19 1.00 
C15H16O3S 276.12 0.20 1.07 
C15H18O3S 278.14 0.20 1.20 
C15H20O3S 280.16 0.20 1.33 
C15H22O3S 282.18 0.20 1.47 
C20H22O4 326.18 0.20 1.10 
C20H26O4 330.22 0.20 1.30 
C20H30O4 334.26 0.20 1.50 
C19H20O4 312.16 0.21 1.05 
C19H28O4 320.24 0.21 1.47 
C19H28O4S 352.23 0.21 1.47 
C14H16O3S 264.12 0.21 1.14 
C14H20O3S 268.16 0.21 1.43 
C23H30O5 386.25 0.22 1.30 
C18H20O4S 332.15 0.22 1.11 
C18H26O4S 338.21 0.22 1.44 
C22H30O5 374.25 0.23 1.36 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C13H18O3S 254.14 0.23 1.38 
C17H18O4S 318.13 0.24 1.06 
C17H24O4S 324.19 0.24 1.41 
C21H22O5 354.17 0.24 1.05 
C21H28O5 360.23 0.24 1.33 
C21H30O5 362.25 0.24 1.43 
C12H12O3S 236.08 0.25 1.00 
C12H14O3S 238.10 0.25 1.17 
C12H16O3S 240.12 0.25 1.33 
C12H18O3S 242.14 0.25 1.50 
C12H26O3S 250.22 0.25 2.17 
C16H14O4S 302.09 0.25 0.88 
C16H20O4S 308.15 0.25 1.25 
C16H22O4S 310.17 0.25 1.38 
C20H30O5 350.25 0.25 1.50 
C24H32O6 416.26 0.25 1.33 
C24H34O6 418.28 0.25 1.42 
C23H26O6 398.20 0.26 1.13 
C23H28O6 400.22 0.26 1.22 
C23H30O6 402.24 0.26 1.30 
C15H20O4S 296.15 0.27 1.33 
C15H24O4S 300.19 0.27 1.60 
C26H36O7 460.29 0.27 1.38 
C11H12O3S 224.08 0.27 1.09 
C11H14O3S 226.10 0.27 1.27 
C11H16O3S 228.12 0.27 1.45 
C22H14O6 374.08 0.27 0.64 
C22H24O6 384.18 0.27 1.09 
C22H26O6 386.20 0.27 1.18 
C22H32O6 392.26 0.27 1.45 
C18H24O5 320.19 0.28 1.33 
C25H28O7 440.21 0.28 1.12 
C14H18O4S 282.13 0.29 1.29 
C14H20O4S 284.15 0.29 1.43 
C21H20O6 368.14 0.29 0.95 
C24H26O7 426.19 0.29 1.08 
C10H10O3S 210.06 0.30 1.00 
C10H12O3S 212.08 0.30 1.20 
C10H14O3S 214.10 0.30 1.40 
C20H14O6 350.08 0.30 0.70 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C20H24O6S 392.17 0.30 1.20 
C23H24O7 412.17 0.30 1.04 
C23H26O7 414.19 0.30 1.13 
C13H10O4S 262.05 0.31 0.77 
C13H14O4S 266.09 0.31 1.08 
C13H16O4S 268.11 0.31 1.23 
C13H18O4S 270.13 0.31 1.38 
C26H24O8 464.16 0.31 0.92 
C26H30O8 470.22 0.31 1.15 
C16H18O5S 322.12 0.31 1.13 
C22H20O7 396.13 0.32 0.91 
C22H22O7 398.15 0.32 1.00 
C22H24O7 400.17 0.32 1.09 
C9H10O3S 198.06 0.33 1.11 
C12H12O4S 252.07 0.33 1.00 
C12H14O4S 254.09 0.33 1.17 
C12H16O4S 256.11 0.33 1.33 
C15H14O5S 306.08 0.33 0.93 
C15H16O5S 308.10 0.33 1.07 
C15H18O5S 310.12 0.33 1.20 
C15H20O5S 312.14 0.33 1.33 
C18H28O6 340.22 0.33 1.56 
C21H18O7 382.11 0.33 0.86 
C21H20O7 384.13 0.33 0.95 
C27H30O9 498.21 0.33 1.11 
C23H22O8 426.14 0.35 0.96 
C23H24O8 428.16 0.35 1.04 
C20H14O7 366.07 0.35 0.70 
C20H18O7 370.11 0.35 0.90 
C20H19NO7 385.12 0.35 0.95 
C20H20O7S 404.12 0.35 1.00 
C20H26O7S 410.18 0.35 1.30 
C20H28O7S 412.20 0.35 1.40 
C17H22O6S 354.15 0.35 1.29 
C17H17N3O6 359.11 0.35 1.00 
C14H14N2O5 290.09 0.36 1.00 
C14H16O5S 296.10 0.36 1.14 
C14H18O5S 298.12 0.36 1.29 
C11H10O4S 238.05 0.36 0.91 
C11H14O4S 242.09 0.36 1.27 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C19H28O7S 400.20 0.37 1.47 
C27H30O10 514.20 0.37 1.11 
C8H8O3S 184.04 0.38 1.00 
C8H10O3S 186.06 0.38 1.25 
C8H8N4O3 208.05 0.38 1.00 
C8H6O3S2 214.01 0.38 0.75 
C21H18O8 398.10 0.38 0.86 
C21H20O8 400.12 0.38 0.95 
C13H12O5S 280.06 0.38 0.92 
C13H14O5S 282.08 0.38 1.08 
C13H16O5S 284.10 0.38 1.23 
C18H24O7S 384.16 0.39 1.33 
C18H26O7S 386.18 0.39 1.44 
C18H28O7S 388.20 0.39 1.56 
C23H18O9 438.09 0.39 0.78 
C23H20O9 440.11 0.39 0.87 
C10H10O4S 226.05 0.40 1.00 
C10H12O4S 228.07 0.40 1.20 
C10H14O4S 230.09 0.40 1.40 
C10H16O4S 232.11 0.40 1.60 
C15H14O6S 322.07 0.40 0.93 
C15H16O6S 324.09 0.40 1.07 
C15H18O6S 326.11 0.40 1.20 
C15H20O6S 328.13 0.40 1.33 
C15H24O6S 332.17 0.40 1.60 
C20H24O8S 424.15 0.40 1.20 
C20H32O8S 432.23 0.40 1.60 
C25H24O10 484.14 0.40 0.96 
C22H18O9 426.09 0.41 0.82 
C22H20O9 428.11 0.41 0.91 
C22H21NO9 443.12 0.41 0.95 
C17H18O7S 366.10 0.41 1.06 
C17H24O7S 372.16 0.41 1.41 
C12H12O5S 268.06 0.42 1.00 
C12H20O5S 276.14 0.42 1.67 
C19H24O8S 412.15 0.42 1.26 
C26H52O11 540.41 0.42 2.00 
C14H12O6S 308.05 0.43 0.86 
C14H16O6S 312.09 0.43 1.14 
C14H18O6S 314.11 0.43 1.29 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C14H24O6S 320.17 0.43 1.71 
C14H14O6S2 342.06 0.43 1.00 
C21H14O9 410.05 0.43 0.67 
C21H16O9 412.07 0.43 0.76 
C21H18O9 414.09 0.43 0.86 
C21H20O9 416.11 0.43 0.95 
C23H18O10 454.08 0.43 0.78 
C23H22O10 458.12 0.43 0.96 
C16H16O7 320.09 0.44 1.00 
C16H16O7S 352.08 0.44 1.00 
C16H18O7S 354.10 0.44 1.13 
C16H20O7S 356.12 0.44 1.25 
C16H22O7S 358.14 0.44 1.38 
C25H22O11 498.11 0.44 0.88 
C25H24O11 500.13 0.44 0.96 
C9H12O4S 216.07 0.44 1.33 
C18H22O8S 398.13 0.44 1.22 
C27H52O12 568.40 0.44 1.93 
C11H8O5S 252.02 0.45 0.73 
C11H10O5S 254.04 0.45 0.91 
C11H12O5S 256.06 0.45 1.09 
C22H16O10 440.06 0.45 0.73 
C22H20O10 444.10 0.45 0.91 
C13H14O6S 298.07 0.46 1.08 
C13H16O6S 300.09 0.46 1.23 
C15H16O7S 340.08 0.47 1.07 
C15H18O7S 342.10 0.47 1.20 
C17H32O8 364.24 0.47 1.88 
C17H16O8S 380.07 0.47 0.94 
C17H18O8S 382.09 0.47 1.06 
C17H20O8S 384.11 0.47 1.18 
C17H22O8S 386.13 0.47 1.29 
C19H12O9 384.03 0.47 0.63 
C19H14O9 386.05 0.47 0.74 
C19H20O9S 424.10 0.47 1.05 
C19H22O9S 426.12 0.47 1.16 
C21H14O10 426.04 0.48 0.67 
C21H16O10 428.06 0.48 0.76 
C21H17NO10 443.07 0.48 0.81 
C23H18O11 470.07 0.48 0.78 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C25H22O12 514.10 0.48 0.88 
C27H26O13 558.13 0.48 0.96 
C10H10O5S 242.04 0.50 1.00 
C12H12O6S 284.05 0.50 1.00 
C12H14O6S 286.07 0.50 1.17 
C12H18O6S 290.11 0.50 1.50 
C12H20O6S 292.13 0.50 1.67 
C12H22O6S 294.15 0.50 1.83 
C14H14O7S 326.06 0.50 1.00 
C14H16O7S 328.08 0.50 1.14 
C14H20O7S 332.12 0.50 1.43 
C14H24O7S 336.16 0.50 1.71 
C16H16O8S 368.07 0.50 1.00 
C16H20O8S 372.11 0.50 1.25 
C18H10O9 370.01 0.50 0.56 
C18H12O9 372.03 0.50 0.67 
C18H20O9S 412.10 0.50 1.11 
C20H18O10 418.08 0.50 0.90 
C22H14O11 454.03 0.50 0.64 
C22H18O11 458.07 0.50 0.82 
C24H18O12 498.06 0.50 0.75 
C23H16O12 484.04 0.52 0.70 
C21H18O11 446.07 0.52 0.86 
C19H14O10 402.04 0.53 0.74 
C19H16O10 404.06 0.53 0.84 
C17H10O9 358.01 0.53 0.59 
C17H16O9S 396.06 0.53 0.94 
C17H18O9S 398.08 0.53 1.06 
C15H14O8S 354.05 0.53 0.93 
C15H16O8S 356.07 0.53 1.07 
C15H18O8S 358.09 0.53 1.20 
C13H12O7S 312.04 0.54 0.92 
C13H14O7S 314.06 0.54 1.08 
C11H10O6S 270.03 0.55 0.91 
C11H12O6S 272.05 0.55 1.09 
C11H14O6S 274.07 0.55 1.27 
C11H20O6S 280.13 0.55 1.82 
C9H8O5S 228.02 0.56 0.89 
C25H18O14 542.04 0.56 0.72 
C14H14O8S 342.05 0.57 1.00 




Formula Neutral mass (Da) O/C ratio H/C ratio 
C19H20O11S 456.08 0.58 1.05 
C12H22O7 278.15 0.58 1.83 
C12H12O7S 300.04 0.58 1.00 
C12H16O7S 304.08 0.58 1.33 
C10H8O6S 256.01 0.60 0.80 
C10H10O6S 258.03 0.60 1.00 
C10H12O6S 260.05 0.60 1.20 
C15H14O9S 370.04 0.60 0.93 
C13H12O8S 328.03 0.62 0.92 
C13H14O8S 330.05 0.62 1.08 
C13H16O8S 332.07 0.62 1.23 
C11H10O7S 286.02 0.64 0.91 
C12H23O8P 326.12 0.67 1.92 
C15H30O10 370.20 0.67 2.00 
C13H12O9S 344.02 0.69 0.92 
C11H12O8S 304.03 0.73 1.09 
C6H5NO5S 202.99 0.83 0.83 
C10H16O9S 312.06 0.90 1.60 
 
 
